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Abstract

Baltic ringed seals (Phoca hispida baltica) and grey seals (Halichoerus grypus) live in one of the most
polluted water basins of the world, namely the Baltic Sea. Since the late 1960s, the seals have been
suffering from a heavy contaminant load consisting mainly of polyhalogenated aromatic hydrocar-
bons (PHAHs) and heavy metals. The elevated levels of PHAHs, especially polychlorinated biphenyls
(PCBs) and metabolites of 1,1,1-trichloro-2,2-bis[p-chlorophenyl]ethane (DDT), have been associ-
ated with a number of pathological changes in the seals. However, the mechanisms linking the ob-
served pathological lesions with the contaminant load are not known. Many PHAHs are persistent,
man-made compounds that biomagnify and bioaccumulate along the food chain. Marine mammals are
especially vulnerable to PHAH exposure, as they are predators at the top of the food chain, and be-
cause their large blubber mass acts as a reservoir for these lipophilic compounds. Biological markers
(biomarkers), that reflect the exposure levels or toxic effects of the contaminant load in wildlife
populations, can be used to assess the impact of the total individual pollution load without having to
perform cumbersome chemical analyses. This study was conducted to test potential biomarkers for
assessing the exposure and toxic effects of the contaminant load in Baltic seals. We investigated
cytochrome P450 (CYP) enzymes, the toxic potency of the internal load of dioxin-like compounds
(measured by chemical-activated luciferase gene expression, CALUX), vitamin A and vitamin E lev-
els, and haematological and blood chemistry parameters as potential biomarkers. Furthermore, the two
species were compared in terms of susceptibility and response to the contaminant load, and of their
metabolising capacity. Samples from ringed and grey seals living in less polluted waters were used as
reference material in terms of the pollution load. Ringed seals were sampled from the European Arctic
Ocean (Svalbard) and grey seals were sampled from the Western Atlantic Ocean (Sable Island, Canada).
Higher levels of CYP1A expression and vitamin E in the Baltic seals than in the reference seals
showed a positive correlation with the individual sum PCB and sum DDT load, suggesting that they
could serve as exposure biomarkers for these types of compounds in both species of Baltic seal. The
results revealed that CALUX apparently reflects the whole PCB and DDT burden in ringed seals in
this particular situation. In grey seals, hepatic and blubber retinyl palmitate (vitamin A) levels may be
potential biomarkers for the depletion of vitamin A stores. However, as the vitamin A and E balance in
animals is clearly affected by the quantity of vitamin available from food sources, information about
the dietary vitamin A and E levels is needed before any conclusions can be drawn. None of the clinical
blood parameters investigated can be proposed as a biomarker for the toxic effects of PHAHs. A
species comparison of the susceptibility and response to the contaminant load showed that grey seals
probably have a greater capacity to react to an increasing PHAH exposure, than ringed seals. Further-
more, the two species respond in different ways to the contaminant load which results in species-
specific toxic effects. The health status and contaminant exposure and effects should, therefore, be
monitored separately in each seal species.

Key words: Baltic Sea, ringed seal, grey seal, CYP, PHAH, biomarker, vitamins, blood, CALUX
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Biomarkörer för exponeringen och för de toxiska effekterna
av polyhalogenerade aromatiska kolväten

i Östersjöns vikare och gråsälar

Abstrakt

Östersjöns vikare (Phoca hispida baltica) och gråsälar (Halichoerus grypus) lever i ett av världens
mest nedsmutsade hav. Alltsedan 1960-talet har sälarana haft en hög giftbörda bestående huvudsakligen
av polyhalogenerade koväten och tungmetaller. De höga koncentrationerna av polyhalogenerade
koväten, speciellt polyklorerade bifenyler (PCB) och 1,1,1-trikloro-2,2-bis[p-klorofenyl]etan (DDT)
och dess metaboliter, korrelerar med en mängd patologiska förändingar som är typiska för
Östersjösälarna. Mekanismerna som sammanlänkar de patologiska förändringarna med den höga
giftbördan är myckket dåligt kända. Flertalet polyhalogenerade koväten är syntetiska klorofenyl-etane
föreningar som bryts ned mycket långsamt i naturen och som anrikas längs med näringskedjan. Marina
däggdjur är speciellt exponerade för dessa ämnen: de är predatorer i övre ändan av näringskedjan och
deras tjocka späcklager fungerar som en upplagringsplats för dessa fettlösliga ämnen. Biologiska
markörer (biomarkörer), som avspeglar exponeringsgraden eller de toxiska effekterna av giftbördan,
kan användas för att uppskatta den totala inverkan av giftbördan i en organism utan tidskrävande och
dyra kemiska analyser. I denna studie sökes potentiella biomarkörer för att uppskatta exponeringen
och de toxiska effekterna av giftbördan i Östersjösälarna. Vi undersökte användningen av cytokrom
P450 (CYP) enzym, av giftpotensen av dioxin-lika ämnen användades kemiskt-aktiverad lusiferas
gen-expression (CALUX), av A och E vitamin samt av hematologiska och kemiska blodparametrar
som potentiella biomarkörer. Gråsälens och vikarens känslighet för och reaktion mot giftbördan
jämfördes. Därtill jämfördes deras kapacitet att bryta ner gifter. Som referensmaterial användes vävnader
tagna från vikare och gråsälar som lever i mindre nedsmutsade områden (Svalbard i Arktis, och Sable
Island i Kanada). En högre CYP1A expression och en högre halt av E vitamin i Östersjösälarna jämfört
med referenssälarna korrelerade positivt med den indivduella PCB- och DDT-halten, vilket antyder att
dessa parametrar kunde användas som exponeringsmarkörer för PCB och DDT i Östersjösälarna.
Resultaten visade att CALUX kunde föreslås som exponeringsmarkör för både PCB och DDT i vikare.
För gråsäl föreslås halten av retinylpalmitat (A vitamin) i späck eller lever som potentiell biomarkör
för uttömningen av A vitaminförråden. Eftersom både A och E vitaminbalansen i däggdjur klart påverkas
av mängden vitaminer i födan krävs mera information om födans A och E vitaminmängd hos sälarna
innan slutsater kan dras om dessa parametrars användning som biomarkörer. Av de undersökta kliniska
blodparametrarna kan ingen föreslås som biomarkör, men dessa kan istället användas för att indikera
det allämnna hälsotillståndet hos sälarna. Jämförelsen mellan de två arterna visade att gråsälar troligen
har en bättre kapacitet att aktivera nedbrytningsprocessen av polyhalogenerade koväten. Därtill reagerar
de två arterna olika på giftbördan, vilket leder till artspecifika toxiska effekter. Hälsotillståndet,
giftexponeringen och de toxiska effekterna bör därför uppföljas separat för gråsäl och vikare i Östersjön.
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Abbreviations

AFOS Alkaline phosphatase
AhR Aryl hydrocarbon receptor
ALAT Alanine aminotransferase
ASAT Aspartate aminotransferase
BNF β-Naphthoflavone
CALUX Chemical-activated luciferase gene expression
CALUX-TEQ TCDD-equivalence of the CALUX response
C-6-OH Chlorzoxazone 6-hydroxylase
COH Coumarin 7-hydroxylase
CYP Cytochrome P450
DOM Dexromethorphan O-demethylase
EROD Ethoxyresorufin O-deethylase
HCB Hexachlorobenzene
HCH Hexachlorocyclohexane
HPLC High performance liquid chromatography
LD Lactate dehydrogenase
3-MC 3-Methylcholanthrene
PAH Polynuclear aromatic hydrocarbon
PB Phenobarbital
PBB Polybrominated biphenyl
PBDE Polybrominated diphenyl ether
PCB Polychlorinated biphenyl
PCDD Polychlorinated dibenzo-p-dioxin
PCDE Polychlorinated diphenyl ether
PCDF Polychlorinated dibenzofuran
PCN Pregnenolone-α-carbonitrile
PHAH Polyhalogenated aromatic hydrocarbon
p,p´-DDD 1,1-dichloro-2,2-bis[p-chlorophenyl]ethane
p,p´-DDT 1,1,1-trichloro-2,2-bis[p-chlorophenyl]ethane
p,p´-DDE 1,1-dichloro-2,2-bis[p-chlorophenyl]ethylene
PROD Pentoxyresorufin O-depentylase
TCDD 2,3,7,8-tetrachlorodibenzo-p-dioxin
TEBH Testosterone 6ß-hydroxylase
TEF TCDD toxic equivalency factor
TEQ TCDD toxic equivalent concentration
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1. Introduction

The Baltic Sea is one of the most polluted bodies
of water in the world. The extremely high levels
of chlorinated organic contaminants that were
found in the Baltic sediment and biota over three
decades ago, have been associated with a number
of pathological changes and reproductive impair-
ments in various wildlife species inhabiting this
region (Helle et al. 1976a, b, Bergman and Olsson
1986, Helander et al. 1982, Bengtson et al. 1999).
Although the contaminant levels have decreased
since their peak in the 1970s, they will remain
high for a long time and levels of some compounds
like polychlorinated biphenyls (PCBs) are even
expected to increase over time (Tanabe 1988,
Jonsson et al. 1996).

The need to detect and assess the effects of
pollutants at an early stage, before irreversible
changes have taken place, has driven the devel-
opment of biomarkers. ‘A biomarker is a xeno-
biotically-induced variation in cellular or bio-
chemical components or processes, structures or
functions that is measurable in a biological sys-
tem or sample’ (NRC 1987). “Exposure biomark-
ers” reflect exposure to chemicals, while “effect
biomarkers” reflect the toxic effects of a chemi-
cal exposure.

This introduction will present an overview of
the characteristics and problems of the Baltic Sea
and of the Baltic ringed seals (Phoca hispida balt-
ica) and grey seals (Halichoerus grypus). This will
be followed by a general discussion on the occur-
rence and toxicity of polyhalogenated aromatic
hydrocarbons (PHAHs) in the aquatic environ-
ment. Furthermore, a set of biomarkers commonly
used in aquatic toxicology will be described in
relation to being potential biomarkers for assess-
ing the exposure and effects of the PHAH load on
the Baltic seals.

1.1. The Baltic Sea

The Baltic Sea is a relatively young and shallow
water basin. Since the last glacial period ended
about 11 000 years ago, the Baltic basin has peri-
odically shifted between a fresh water lake and a
marine sea (Wahlström et al. 1992). The Baltic
Sea as it is today, the world’s largest brackish

water basin (< 1% salinity), was formed around
3000 years ago. Due to its colourful history the
Baltic Sea contains a mixture of marine and fresh
water organisms. There is little species diversifi-
cation and many of the species are living at the
edge of their area of biogeographic distribution
and of their physiological tolerance. Thus, the
Baltic ecosystem is fragile and sensitive to dis-
turbances. The catchment area of the Baltic Sea is
4.3 times larger than the water basin itself, with
more than 250 larger rivers running into it (Wahl-
ström et al. 1992). The enormous amounts of water
draining into the Baltic Sea from industrialised
and rural areas carry both natural and anthropo-
genic matter.

It was first recognised during the 1960s that
the Baltic Sea was contaminated with toxic com-
pounds that affect the ecosystem (Jensen et al.
1969, Jensen 1972). Most of the biota, including
the Baltic seals, were suffering from a heavy con-
taminant load (Jonsson et al 1996, Bignert et al.
1998). Exceptionally high mean total concentra-
tions of PCBs and 1,1,1-trichloro-2,2-bis[p-
chlorophenyl]ethane (DDT) in blubber of over 100
mg/kg (lipid weight) were reported in Baltic seals
in the late 1960s and the 1970s (Jensen et al. 1969,
Helle et al. 1976a, b). Since PCBs and DDT have
been banned in the countries around the Baltic
Sea, DDT levels, especially, have decreased in
the Baltic ecosystem (Bignert et al. 1998). How-
ever, pollutant levels are still high enough to cause
a threat to the aquatic ecosystem, and the con-
taminants in the sediment will remain a substan-
tial source of pollution in the aquatic environment
for a long time (Jonsson et al. 1996). During the
last decade, high levels of PCBs, especially, have
been measured in fish and bird eggs in the Baltic
Sea environment, while levels of DDTs,
hexachlorocyclohexane (HCH), hexachloroben-
zene (HCB), chlorobornanes (Toxaphene) and
chlordanes have decreased to levels similar to
those in other marine environments (Paasivirta et
al. 1993, Vuorinen et al. 1997, Bignert et al. 1998).

Today, eutrophication is receiving more and
more attention as another serious concern for the
Baltic ecosystem (Larsson et al. 1985). The rapid
increase in primary production has resulted in al-
gal blooms and expanding oxygen-depleted ar-
eas. A contributing cause to the lack of oxygen
has been the absence of major incoming pulses of
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oxygen-rich marine water through the Danish
Straits over the last two decades (Matthäus and
Schinke 1994).

1.2. Baltic ringed and grey seals

Ringed seals (Phoca hispida) are widespread and
abundant in the Arctic and Subarctic Oceans. Sev-
eral different subspecies have been described in
addition to the arctic Phoca hispida hispida. Sub-
species of ringed seals occur in the Baltic Sea,
Lake Saimaa (P.h. saimensis), Lake Ladoga (P.h.
ladogensis) and the Sea of Okhotsk (P.h.
ochotensis). Their distribution is mainly depend-
ent on the ice conditions. The Baltic, Saimaa and
Ladoga ringed seals are remnants of the last gla-
ciation (Reeves et al. 1992). For a few thousand
years, they were trapped in their respective water
basins. The Baltic ringed seals occur primarily in
areas with consolidated and ridged ice during
March–May (Bothnian Bay and Eastern Gulf of
Finland), where they breed. Of a roughly estimated
world-wide population of several million ringed
seals, the haulout population in the Baltic Sea is
approximately 5500 (Härkönen et al. 1998). The
haulout population represents only the part of the
population that can be counted on the ice.

The drastic reduction in the population of seals
in the Baltic Sea (estimations of 100 000–200 000
seals at the beginning of the 1900s to a few thou-
sand in the mid 1980s) has been explained by ex-
tensive hunting, and later by the heavy contami-
nant load of the Baltic seals (Hårding and Härkö-
nen 1999, Kokko et al. 1999). The unexpectedly
slow recovery of the population since this period
has been due to pathological changes in the uterus,
leading to life-long sterility (Helle et al. 1976 a, b,
Bergman and Olsson 1986, Bergman et al. 1992).
These deformations have been associated with the
contaminant load although exactly how the con-
taminants cause the deformations is not known.

Ringed seals are solitary animals during win-
ter, inhabiting their ice territories and maintain-
ing their breathing holes (Reeves et al. 1992). In
February and March, the females give birth in
snow-covered lairs and nurse their pups for 5–7
weeks. Mating occurs around the time of wean-

ing. The implantation of the foetus is delayed for
three months, after which the post-implantation
gestation lasts roughly nine months. Baltic females
become sexually mature at 3 years and males a
few years later (Eero Helle pers. comm.). Adult
ringed seals reach a maximum weight of over 100
kg, but the weight varies considerably both geo-
graphically and seasonally (Reeves et al. 1992).
Baltic ringed seals moult in April and May in small
groups or alone on the ice. During this period the
seals greatly reduce their feeding activity and can
loose up to half of their weight.

Grey seals are distributed in the North Atlan-
tic Ocean and in the Baltic Sea. The population
size in the Western Atlantic is estimated to 154
000 animals, with the seals occurring mainly in
the area around Sable Island and in the Gulf of St.
Lawrence; and in the Eastern Atlantic to 130 000–
140 000 seals (http://www.greenchannel.com/tec/
species/species.htm). The Baltic population, which
was thought to be around 100 000 seals at the be-
ginning of the 1900s (Hårding and Härkönen 1999,
Kokko et al. 1999), is estimated to have fallen to
around 2000 in the 1970s (Almkvist 1978). This
drastic decline in population has been followed
by a recent recovery in the number of grey seals,
to at least 7 600 counted seals, as a result of a
more or less normal level of reproductivity (ICBS
1999). An increase in a variety of pathological
changes in the Baltic grey seals and, to a lesser
extent, in ringed seals was first recorded during
the 1960s (Bergman and Olsson 1986, Bergman
et al. 1992, Mortensen et al. 1992, Lind 2000).
The specific disease syndrome, including ulcers,
renal failure, adrenocortical hyperplasia, skull le-
sions, leiomyomas and reproductive impairments,
has been associated with the high levels of PHAHs
found in the tissues of these animals (Bergman
and Olsson 1986). The nature of the disease com-
plex indicates a disturbance of the endocrine sys-
tem caused by the contaminants. PCBs and DDT
and their metabolites have been shown to inter-
fere with the adrenal function in vitro, indicating
that these types of compounds may have been in-
volved in the disease syndrome (Brandt et al. 1992,
Lund 1994, Johansson et al. 1998). Today, the
health status of the grey seals has improved al-
though an increase in ulcers has been reported es-
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pecially in young males (Bergman 1999).
Grey seals are social and gather together dur-

ing breeding, moulting and hauling out. In the
Baltic Sea, they breed between February and April
and moult in April, May and June. The seals live
mainly on their fat reserves during breeding and
moulting because they reduce their feeding activ-
ity during this period. Reproduction is similar to
that of the ringed seals with a delayed implanta-
tion and a post-implantation gestation of roughly
nine months. Pups are born in February and March
and are nursed for about 18 days with milk that is
nutritious and lipid-rich. In the Baltic population,
females reach sexual maturity at 3–5 years and
males at 4–6 years. Grey seals are clearly larger
in size than ringed seals, females commonly
weighing 100 kg and males slightly more.

Both seal species are opportunistic feeders and
prey on a variety of food sources, ranging from
fish to crustaceans and planktonic amphipods
(Tormosov and Rezvov 1978, Lowry et al. 1980,
Gjertz and Lydersen 1986, Smith 1987, Reeves
et al. 1992, Bowen and Harrison 1994, Weslawski
et al. 1994). In the Baltic Sea they feed roughly at
the same trophic level of the food web. The ringed
seals feed mainly on Baltic herring (Clupea
harengus), European smelt (Osmerus eperlanus),
whitefish (Courageous lavaretus) and crustaceans
(Saduria entomon and Mysis relicta) (Söderberg
1974, Tormosov and Rezvov 1978), whereas the
grey seals feed on Baltic herring, European smelt,
eelpout (Zoarces viviparus), cod (Gadus morhua)
and salmon (Salmo salar) (Söderberg 1974). As
the cod has disappeared from the northern parts
of the Baltic Sea due to a reduction in salinity
(Aro 2000), the grey seals have shifted their diet
towards the other prey species (Olavi Stenman
pers. comm.). By comparison, grey seals living
in the Western Atlantic Ocean prey mainly on sand
lance (Amnodytes dubius), Atlantic cod and flat-
fish (Pleuronectiformes) (Bowen and Harrison
1994). The food sources of the ringed seals from
the European Arctic differ from their Baltic rela-
tives, the main prey species being Arctic cod
(Boreogadus saida), redfish (Sebaster sp) and
some crustacean species (Pandalus borealis,
Thysanoessa inermis and Parathemisto libellula)
(Gjertz and Lydersen 1986, Weslawski et al. 1994).

1.2.1. What is causing the reduction in the
health status of the Baltic seals?

Extremely high levels of both persistent organic
pollutants and of heavy metals have been meas-
ured in Baltic seals. Mercury concentrations ex-
ceeding 100 mg/kg fresh liver weight were meas-
ured in Baltic seals in the 1970s (Herva and
Häsänen 1972, Kari and Kauranen 1978, Helle
1981, Perttilä et al. 1986). Since then, no clear
pattern of a decrease in levels of mercury or other
metals in the Baltic fauna has been observed
(Jonsson et al. 1996, Fant et al. 2001). However,
no clearly toxic effects have been connected to
the present metal concentrations in Baltic seals
(Fant et al. 2001). Trace elements occur naturally
and some of them are essential components of
organisms. Metals reach the marine environment
both through natural weathering and through vari-
ous industrial processes. Highly elevated levels
of especially mercury (Hg), cadmium (Cd) and
lead (Pb) have received attention from aquatic
toxicologists because these metals are toxic to
humans and experimental animals (O’Shea 1999).
Furthermore, Hg and Cd tend to biomagnify along
the food chain. Very little data are available on
the toxicity of metals in marine mammals (re-
viewed by O’Shea 1999). It has even been sug-
gested that marine mammals have adapted to high
burdens of the metals that occur naturally (Dietz
et al. 1998). Marine mammals, as well as many
other organisms, can protect themselves from
metal toxicity with metal binding proteins such
as metallothionein (O’Shea 1999).

Several different groups of persistent organic
pollutants have been found in the Baltic ringed and
grey seals, including PCBs, DDTs, HCH, HCB,
polybrominated biphenyls (PBBs), Toxaphene,
chlordanes, polychlorinated dibenzo-p-dioxins
(PCDDs), polychlorinated dibenzofurans (PCDFs),
polychlorinated diphenyl ethers (PCDEs) and poly-
brominated diphenyl ethers (PBDEs) (Andersson
and Wartanian 1992, Bergek et al. 1992, Blomkvist
et al. 1992, Koistinen et al. 1997). When summa-
rising this data, PCBs and DDT together with their
metabolites are the dominating organic pollutants,
and are thought to be the greatest threat to the Bal-
tic seals (Olsson et al. 1992, Jaana Koistinen pers.
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comm.). On the other hand, possible synergistic and
additive effects of the other organohalogen com-
pounds should not be excluded.

In addition to the Baltic seal case, a number of
studies have suggested that organic pollutants have
a detrimental effect on other marine mammals.
Yet very few of them have been able to pinpoint
the exact toxic mechanisms leading to the ob-
served impairments. However, increasing knowl-
edge about the adverse effects of numerous envi-
ronmental compounds on experimental animals
supports the association between a heavy load of
persistent organic pollutants and pathological
changes in marine mammals.

1.3. PHAHs in the aquatic environment

Anthropogenic chemical compounds and trace
elements reach the aquatic systems through run-
off, leakage, dumping and atmospheric transport.
The persistent compounds biomagnify and
bioaccumulate along the food webs reaching their
peaks in organisms at the top of the food chain.
Contaminants tend to accumulate especially in

aquatic carnivorous species, such as seals that feed
at high trophic levels, and can reach very high
levels (Tanabe 1988). Among the antropogenic
products in the aquatic environment, PHAHs have
caused the most concern.

PHAHs are a group of synthetic organic com-
pounds that have been produced for industrial and
agricultural purposes. Many of these compounds
are fat-soluble (lipophilic) and persistent, and ac-
cumulate in the fat layers of organisms. Among
the PHAHs, PCBs, PCDDs, PCDFs and DDTs
have received most attention due to their chemi-
cal stability and persistence in the environment,
and to their toxic effects on several species in-
cluding man.

The PCBs, a group of 209 different organo-
chlorine compounds (congeners), have been used
world-wide in large quantities since the 1930s, in
capacitors, plastics, electrical transformers, paints,
inks and as fire retardants (Tanabe 1988, Safe
1994). They have a general chemical structure of
one biphenyl ring into which varying numbers of
chlorine atoms are incorporated (Figure 1A). The
congeners are identified by their specific IUPAC
number that describes the number and location of
the chlorine atoms (Erickson 1997). The PCB con-
geners can be divided into three groups accord-
ing to their configuration: non-ortho-PCBs with
no chlorine atoms in the ortho positions; mono-
ortho-PCBs with one chlorine atom in the ortho
position; and di-ortho-PCBs with two chlorine
atoms in the ortho positions. Although the use of
PCBs has been banned in Western Europe and
North America since the 1970s they are still re-
leased into the aquatic system by leaking and de-
grading systems and are distributed to remote ar-
eas through atmospheric transport (reviewed by
Tanabe et al. 1994, and by Letcher 1996). In 1988,
one third (31%) of the global production of PCBs
was estimated to have reached the oceans (Tanabe
1988).

The insecticide DDT and its metabolites were
first reported in marine mammals in the 1960s, at
the time when DDT was associated with the egg-
shell thinning that was causing population declines
in raptorial birds (reviewed by O’Shea 1999).
During this time, it was first recognised that syn-
thetic organic compounds can cause a threat to
the environment. The parent compound DDT is
not as persistent as its metabolites 1,1-dichloro-
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2,2-bis[p-chlorophenyl]ethylene (DDE) and 1,1-
dichloro-2,2-bis[p-chlorophenyl]ethane (DDD)
and therefore it often represents only a minor part
of the total DDT load in the organisms. The pp´-
isomers of the DDT derivatives are the most com-
monly occurring forms (Figure 1B). Although the
use of DDT has been restricted in Canada, USA
and Europe since the 1970s, it is still used in Asia,
Africa and South America to control malaria-
spreading mosquitoes (Barrie et al. 1992).

Among the other PHAHs, PCDDs and PCDFs
form a group of compounds that are by-products
of PCBs and other industrial manufacturing, and
incomplete combustion (Safe 1990). Despite at-
tempts to prevent further release of these com-
pounds, they are still entering the environment.
Although some of these compounds are extremely
toxic, their levels are surprisingly low in the Bal-
tic seals compared to the levels found in their main
prey species (Bergek et al. 1992, De Wit et al.
1992). The seals are therefore assumed to be able
to catabolise and rapidly eliminate PCDDs and
PCDFs, so that these compounds are not thought
to cause a threat to seals at present levels.

1.3.1. Accumulation and metabolism of
PHAHs

The level and type of contamination in any or-
ganism is dependent on the availability and de-
gradability of the contaminant. The lower halo-
genated PHAHs are generally more easily de-
graded than the higher halogenated ones. Further-
more, the accumulation pattern varies with spe-
cies, sex, feeding habits and individual metabolic
capacity. Foreign compounds (xenobiotics) are
mostly passively absorbed into the organism ac-
cording to their physico-chemical properties,
whereas their metabolism, detoxification and
elimination is an active process controlled by the
biotransformation enzymes. As most xenobiotics
are relatively new man-made substances, animals
exposed to them have not had time to evolve spe-
cific defence mechanisms. In mammals, the body
reacts to a xenobiotic in one of three ways: (1) the
compound is excreted directly; (2) the compound
is stored in the body in a form that is toxically
inactive; or (3) the compound is metabolised to a
less toxic substance. In marine mammals, li-

pophilic xenobiotics are primarily stored in the
blubber but metabolised in the liver (Tanabe et al.
1981). Although PHAHs are found primarily in
the blubber, they can be rapidly released into the
body when the fat reserves are used. Most marine
mammals undergo extensive seasonal changes in
their fat reserves because they fast during the
breeding, lactation and moulting seasons but gain
weight during the intervening seasons. Therefore,
the contaminant levels and their potential adverse
effects vary with season, age, sex and reproduc-
tive status. In general, immature animals and
reproductively active females have lower contami-
nant levels, while the concentrations increase with
age in adult males and non-reproductive females
(reviewed by O’Shea 1999). Reproductively ac-
tive females transfer the major part of their con-
taminant load to their offspring during pregnancy
and lactation. In some cetacean species, a female
can transfer 60 to 100% of her PCB and DDT
burden to her calf. Studies on the variation in the
contaminant load and pattern between species
have revealed that phocids and, especially, cetace-
ans have a lower capacity to metabolise certain
groups of PHAHs than polar bears or terrestrial
mammals (Tanabe et al. 1988, 1994, Boon et al.
1992). One proposed explanation is the lack of
certain xenobiotic-metabolising enzymes in these
groups of marine mammals as a result of exclu-
sively carnivorous feeding habits. Many of these
enzymes are thought to have evolved in terres-
trial mammals through the “animal–plant war-
fare”, which has provided the animals with a de-
fence against plant toxins (Gonzales and Nebert
1990, Peterle 1991).

1.3.2. Toxic effects of PHAHs

The onset and severity of the toxic effects of en-
vironmental contaminants in wildlife vary accord-
ing to the exposure level, age, species, sex and
general condition, and to the presence of other
contaminants and their metabolites. Wild animals
are exposed to a mixture of contaminants with
synergistic and antagonistic interactions between
the individual components. This fact complicates
the evaluation of the toxic potency and mecha-
nism of individual compounds. Only a few stud-
ies have been performed using environmentally
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relevant chemical mixtures and, in each case, the
presence of several groups of contaminants has
complicated the interpretation of the toxicity of
the individual chemicals.

The toxicity mechanism of only a few PCB
congeners is known (reviewed by Safe 1994, and
by Giesy and Kannan 1998). The non-ortho and
mono-ortho PCBs that acquire a planar configu-
ration express their toxicity through the aryl hy-
drocarbon receptor (AhR) (Figure 2). The activa-
tion of AhR leads to the induction of certain
xenobiotic-metabolising enzymes (especially
CYP1A1/2 and some conjugating enzymes), and
to oxidative damage (Toborek et al. 1995, Park et
al. 1996, Hennig et al. 1999, Schlezinger et al.
1999, Slezak et al. 1999, Slim et al. 1999). High
doses of planar PHAHs induce oxidative stress,
that manifest as an increased production of reac-
tive oxygen species (ROS), lipid peroxidation and
DNA damage, both in vitro and in vivo in labora-
tory animals. The exact toxicity mechanism of the
planar PHAHs is still unclear, but it has been sug-
gested that ROS exert their toxicity either through
the induction of cytochrome P450 enzymes or
through mechanisms that are independent of these
enzymes (Park et al. 1996, Schlezinger et al. 1999,

Slezak et al. 1999). The toxic action results in a
wide variety of effects in experimental animals,
such as acute lethality, hepatomegaly, fatty liver,
porphyria, body weight loss, dermal toxicity,
thymic atrophy, immunosuppression, reproduc-
tive and developmental toxicity, genotoxicity,
carcinogenesis, endocrine disruption and neuro-
toxicity in experimental animals (reviewed by Safe
1994, Brouwer et al. 1995). The liver is the most
affected organ in most species, but the toxic ef-
fects vary among species.

Very little toxicological data are available for
most of the non-planar PCB congeners, although
they are the most prevalent congeners in environ-
mental matrixes. The toxic effects of these PCB
congeners include neurotoxicity, carcinogenesis,
developmental effects and endocrine disruptions
(Brouwer et al. 1995, reviewed by Giesy and
Kannan 1998). PCB metabolites also exert vari-
ous types of toxic effects, i.e. anti-estrogenicity,
hypothyroidism, reduced plasma vitamin A and
thyroid hormone levels, disturbed adrenal func-
tion, and hepatic and reproductive toxicity (Lund
et al. 1999, reviewed by Letcher et al. 2000a).
The disruption of the endocrine system caused by
PCBs has been studied in experimental animals
and wildlife, but the great species variation in the
estrogenic/anti-estrogenic action of the individual
congeners has not allowed any general conclu-
sions to be drawn (reviewed by Hansen 1998).

The toxicity of PCBs, PCDDs or PCDFs to
both man and wildlife is assessed either from the
total chemical burden or from 2,3,7,8-tetrachloro-
dibenzo-p-dioxin (TCDD) equivalents (TEQ),
using the toxic equivalence factor (TEF) for each
compound (Safe 1994). The TEF is based on the
toxic response of rats to TCDD exposure, but this
does not necessarily parallel the responses in other
species (Van den Berg et al. 1994). The TEQ con-
cept allows one to express the summed TCDD
toxic potency for a mixture of compounds. As the
TEQ approach is based on AhR-mediated toxic-
ity, it quantifies only the toxic effects of non-ortho-
and mono-ortho-substituted PCBs and other di-
oxin-like compounds. This approach cannot there-
fore be applied to the toxic effects of non-dioxin
like compounds or to responses mediated by the
multiple toxicity mechanisms of PCBs and other
environmentally relevant xenobiotics. It should,
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Figure 2. Diagram of the AhR-mediated induction of
CYP1A expression in a cell, and of the metabolism of
PHAHs by CYP1A.
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therefore, not be used as the only method for risk
and hazard assessment.

The pp´-isomers of DDT are usually associ-
ated with toxic effects (Blus 1996). In experimen-
tal animals, exposure to DDT derivatives has re-
sulted in neurotoxic and reproductive disorders
and pathological disturbances in the liver (re-
viewed by O’Shea 1999). A number of studies
have also demonstrated the estrogenic effects of
particularly o,p´-DDTs (reviewed by Bulger and
Kupfer 1983). DDT exposure elevates the levels
of several different forms of CYP enzymes simul-
taneously, including their AhR-mediated induc-
tion (Delescluse et al. 1998). However, it does
not bind to the AhRs and probably exerts its toxic
actions independently of them.

Attention has been drawn to the possible nega-
tive effects of contaminants on marine mammals
because of an increasing number of outbreaks of
disease in marine mammal populations (Kennedy
et al. 1988, Domingo et al. 1990, Bengtson et al.
1991, Hedlund Markussen and Have 1992, Mama-
ev et al. 1996, Duignan et al. 1997, Osterhaus et
al. 1997). As early as the 1960s and 1970s, there
was a growing fear about the adverse effects of
human activity on the marine mammal popula-
tions. The reproductive impairments and declin-
ing populations were associated with high bur-
dens of PHAHs in Californian sea lions (Zalophus
californianus), in Wadden Sea harbour seals
(Phoca vitulina), and in Baltic ringed seals and
grey seals (DeLong et al. 1973, Helle et al. 1976a,
b, Reijnders 1980). Since then, a high frequency
of pathological changes and abnormalities of vari-
ous forms, and an increased predisposition to in-
fectious diseases, have been associated with el-
evated contaminant levels in wild marine mam-
mal populations (Bergman and Olsson 1986,
Bergman et al. 1992, Mortensen et al. 1992,
Béland et al. 1993, Aguilar and Borrell 1994,
Martineau et al. 1994, Olsson et al. 1994, Jenssen
et al. 1995, Jepson et al. 1999). Although there is
no evidence that contaminants cause direct mor-
tality in any marine mammal population, toxic
effects on reproduction, the immune system and
hormonal and vitamin A status have been dem-
onstrated in experimental studies on harbour seals
(Reijnders 1986, Brouwer et al. 1989, De Swart
1995, Ross 1995).

1.4. Biomarkers

The storage, metabolism and elimination of
xenobiotics in marine mammals are not well un-
derstood, neither are their toxic effects. Further-
more, the amount and complexity of contaminant
exposure will probably increase in the future, as
the release of both well-known and new com-
pounds into the environment continues with un-
known consequences. On the other hand, increas-
ingly stricter regulations should lead to decreases
in the release of many new and known toxic com-
pounds.

Toxic effects are initiated in an affected indi-
vidual at the molecular level and, at an early stage
of the process, the body responds with compen-
satory reactions to maintain homeostasis. The next
stage of toxicity affects the microscopic structure
of the organs, and reduces the fitness of the indi-
vidual. Irreversible damage of the defence and
repair systems leads to the death of the individual.
This further affects the populations, and even com-
munities. Early detection of the effects of pollu-
tion is important, as elevated contaminant loads
may cause irreversible damage to entire popula-
tions or ecosystems in the long run. Biological
indicators or biomarkers can be used as early warn-
ing systems for the exposure and effects of the
combined xenobiotic load on the reproduction and
survival of an individual. If biomarkers are to be
useful tools, they should (1) be sensitive enough
for early detection of contaminant exposure and/
or toxic effects, (2) be easily and rapidly assayed,
(3) respond in a dose-dependent manner within
an exposure range that is environmentally rel-
evant, (4) be valid for the species in question, and
(5) be evaluated for possible influences by other
endogenous and exogenous factors (Depledge
1994). Biomarkers used in environmental studies
include enzymes, receptors, biogenic amines, vi-
tamins, hormones, DNA damage, porphyrins,
antioxidants, immunological, haematological and
blood chemistry parameters, reproductive cycle,
skeletal abnormalities and other pathological ef-
fects (reviewed by Peakall 1992, and by Stegeman
et al. 1992). As the measurement of most of these
parameters requires the analysis of tissues like
liver, kidney, blood or bone, sampling is often
detrimental to the animal. Moreover, since many
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marine mammal populations are vulnerable to
human interference, this approach is neither ethi-
cally nor practically desirable. Current recommen-
dations stress the development of biomarkers that
can be assessed non-invasively or with minimal
invasion (Fossi et al. 1999).

1.5. Cytochrome P450 (CYP)

1.5.1 General features

The main metabolic pathway for persistent li-
pophilic organic pollutants is a two-phase proc-
ess. The first phase, an oxidative reaction, is cata-
lysed principally by enzymes of the cytochrome
P450 (CYP) super-family, and leads to the trans-
formation of the xenobiotic into a more hy-
drophilic and excretable form (Figure 2). This bio-
transformation results in either a less toxic
metabolite, or in a more reactive metabolite with
higher toxicity than the parent compound (re-
viewed by Stegeman and Hahn 1994). In addition
to the oxidative stress mentioned previously,
PHAHs can be transformed through CYP1A meta-
bolic pathways into carcinogenic adducts or toxic
metabolites. The CYP enzyme superfamily con-
sists of hundreds of enzymes grouped into numer-
ous families and sub-families according to their
genetic structures (http://drnelson.utmem.edu/
nelsonhomepage.html). Originally, the CYP en-
zymes were found in the mammalian liver, but
more recently they have also been found in other
mammalian tissues and in other animals, plants,
bacteria and fungi. In mammals, CYP-associated
activity has now been found in all tissues except
for skeletal muscle and erythrocytes (Guengerich
1993 a, b). The CYP enzymes involved in xeno-
biotic metabolism are mainly concentrated in the
liver and in those extrahepatic organs through
which foreign compounds pass when entering the
body, i.e. lung, skin and intestine, also referred to
as the body’s “first pass” protection (Raunio et al.
1995). The major CYP forms that metabolise for-
eign compounds belong to families CYP1, CYP2
and CYP3 (Nelson et al. 1996). Other CYP forms
catalyse the metabolism of steroids, fatty acids,
prostaglandins or lipophilic vitamins (reviewed
by Chang and Kam 1999). Over 200 000 chemi-
cals are thought to be metabolised by CYP en-

zymes. The various CYP forms also exhibit spe-
cies differences in substrate specificity. This spe-
cies difference is reflected in a variety of patterns
of contaminant accumulation and toxicological
effects among species. Thus, the well-documented
properties of CYP expression and activity in hu-
mans and laboratory animals (Boobis et al. 1990)
can only give a suggestion of the properties of the
various CYP enzymes and of their involvement
in xenobiotic metabolism in marine mammals.
The main characteristics of the CYP enzymes
chosen for the present study are summarised in
Table 1.

Despite the association of elevated frequen-
cies of pathological changes in marine mammals
with high levels of environmental contaminants,
surprisingly little is known of their xenobiotic
metabolising capacity. Putative members of the
CYP1A, CYP2B, CYP3A and CYP4A sub-fami-
lies have been found in some seal and whale spe-
cies (reviewed by Boon et al. 1992, Fossi et al.
1992, 1997, Murk et al. 1994, White et al. 1994,
Goksøyr 1995, Wolkers et al.1998, 1999). In true
seals, CYP-associated protein levels and activi-
ties have been reported in grey seals, harbour seals,
harp seals (Phoca groenlandica), hooded seals
(Cystophora cristata) and ringed seals (Englehardt
1982, Addison and Brodie 1984, Addison et al.
1986, Goksøyr et al. 1992, Goksøyr 1995, van
Hezik et al. 2001). The presence of CYP enzymes
and their substrate specificities have also been
suggested indirectly in marine mammals by study-
ing their contaminant profiles (Boon et al. 1987,
1994, Tanabe et al. 1988, Duinker et al. 1989,
Kannan et al. 1989, Bergek et al. 1992, Norstrom
et al. 1992, Bruhn et al. 1995, Letcher et al. 1998,
2000b). The biotransformation of individual com-
pounds has also been studied using in vitro as-
says of seal liver microsomes (Boon et al. 1998,
Kim et al. 1998, van Hezik et al. 2001).

1.5.2. Regulation of CYP enzymes

The regulation of the CYP proteins is governed
by both endogenous factors and foreign com-
pounds. CYP activity is influenced by a great
number of endogenous factors such as inflamma-
tion, diseases, stress, fasting, pregnancy, hormo-
nal signals, age, gender, and diurnal and seasonal
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rhythms (reviewed by Morgan et al. 1998, and by
Mugford and Kedders 1998). Dietary constituents
such as non-pro-vitamin A carotenoids induce
CYP1A activity, while vitamin A induces
CYP2A1and CYP3A2 but suppresses CYP1A1,
CYP2C8, CYP2C11 and CYP2C19 (Gradelet et
al. 1996, Ushio et al. 1996, Badger et al. 1998,
Yamazaki and Shiamada 1999, reviewed by
Ioannides 1999).

Xenobiotics can induce or inhibit CYP en-
zymes, or function as their substrates. Individual
chemicals can induce several different CYP forms
simultaneously. On the other hand many differ-
ent CYP forms use the same chemical as their
substrate. There is, however, a certain pattern for
the induction among the CYP enzymes in experi-
mental animals (reviewed by Hansen 1998). CYP
enzymes belonging to the CYP1A subfamily are
of particular interest to aquatic toxicologists be-
cause they are associated with the metabolism of
certain persistent and lipophilic environmental

pollutants in a wide range of species (Table 1).
Furthermore, PHAHs that bind to AhRs prima-
rily induce the enzyme subfamily CYP1A in a
number of species (Nebert and Gonzales 1987,
Safe 1994). The classic model for AhR-mediated
induction of CYP1 is summarised in Figure 2.
Lipophilic, planar PHAHs bind to the cytosolic
AhR, after which the complex binds to the AhR-
Nuclear-Translocator (ARNT). The new complex
is translocated to the nucleus and bound to the
xenobiotic responsive element (XRE) on the DNA.
This triggers the transcription of a battery of tar-
get genes, among others the cyp1A genes. The
CYP1A mRNA is translated to proteins in the
ribosomes and transported to the cytosolic endo-
plasmic reticulum (ER). The CYP1A enzymes
catabolise PHAHs to metabolites, which are fur-
ther metabolised and finally excreted from the
body. Under certain conditions, the metabolites
formed are more toxic than their parent com-
pounds, with detrimental consequences for the

Table 1. The most important xenobiotic metabolising CYP enzymes in human liver and their common substrates
and inducers.
—————————————————————————————————————————————————
CYP subfamily CYP proteins Substrates Inducers
—————————————————————————————————————————————————
CYP1A 1A1, 1A2 7-ethoxyresorufin, PAH, BNF, 3-MC, planar

PAH, planar PCBs, PCBs and PBBs, dioxins,
caffeine, estradiol furans

CYP1B 1B1 7-ethoxyresorufin, Presumably same
PAH, planar PCBs compounds as for CYP1A

CYP2A 2A6, 2A7 Coumarin, testosterone, PB, BNF, PCN, 3-
alkylnitrosamines MC, non-planar PCBs

CYP2B 2B6 Pentoxyresorufin, PB, PCN, non-planar
barbiturates, steroids PCBs, DDT and other

related pesticides

CYP2C 2C8, 2C9, 2C18, 2C19 Mephenytoin, PB
tolbutamide

CYP2D 2D6 Dextromethorphan, No known
various drugs

CYP2E 2E1 Alcohols, ketones, Alcohols, ketones,
hydrocarbons, starvation, diabetes
alkylnitrosamines

CYP3A 3A4, 3A5 Steroids, antibiotics and PCN, PB,
other drugs glucocorticoids

—————————————————————————————————————————————————
Compiled from Pelkonen and Bremier 1994, Stegeman and Hahn 1994, Lewis 1996, Pelkonen and Raunio
1997, Kim et al. 1998 and Lewis et al. 1998b. Substrates and inducers should be understood in relative terms,
as most compounds are metabolised by or induce more than one CYP isozyme.
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cell. The production of at least four other proteins
is also mediated through AhRs, but the synthesis
of CYP1A has been most intensively investigated
(reviewed by Nebert et al. 2000). Recently, alter-
native mechanisms to the AhR-dependent path-
way for the induction of CYP1A have been pro-
posed, especially in relation to its endogenous me-
tabolism (Gradelet et al. 1996, Guigal et al. 2000).
Although this endogenous metabolism has not yet
been elucidated, proposals put forward include an
involvement in cell cycle regulation, apoptosis and
the production of reactive oxygenated metabolite-
mediated oxidative stress (Nebert et al. 2000).

1.5.3. CYP enzymes as biomarkers

The xenobiotic metabolising capacity of CYP1A
enzymes seems to be well conserved through evo-
lution across a broad range of animal species
(Stegeman and Livingstone 1998). However, the
sensitivity, and the type and potency of response
to individual toxic compounds or mixtures vary
between species (Peakall 1992). The induction of
CYP1A through the activation of AhRs has been
used as a biomarker for exposure to dioxin-like
compounds in various aquatic organisms ranging
from mussels to fish, birds and mammals (re-
viewed by Peakall 1992, and by Stegeman and
Hahn 1994). It has also been proposed as a
biomarker for contaminant exposure in marine
mammals (Fossi et al. 1992, 1997, Goksøyr et al.
1992, White et al. 1994, Troisi and Mason 1997,
Marsili et al. 1998, Wolkers et al. 1998, 1999).

Of the other CYP forms involved in xenobiotic
metabolism, CYP1B1 is of interest because of its
capacity to metabolise and activate polycyclic
hydrocarbons, thereby often initiating carcinogen-
esis (Shimada et al. 1996, Baron et al. 1998, Kim
et al. 1998). An overlapping substrate specificity
together with antibody cross-reactions between
CYP1B1 and the two CYP1A forms in rodents
has made it difficult to distinguish between the
three members of the CYP1 family (Shimada et
al. 1998). CYP1B1 has not previously been docu-
mented in marine mammals, but is a potential
biomarker for PHAH exposure.

The CYP2 family is a diverse group of en-
zymes consisting of ten subfamilies (http://
drnelson.utmem.edu/nelsonhomepage.html).

Many of the CYP2A enzymes show a species
specificity in their constitutive activities and
substrate specificities, which suggests an evolu-
tionary adaptation to specific plant toxins in the
diet (Lewis 1996). The CYP2A, CYP2B and
CYP2C forms are induced by xenobiotics, espe-
cially by phenobarbital-like substances (Table 1).
On the other hand, CYP2E enzymes are induced
by low-molecular-weight aliphatic compounds, as
well as by fasting and diabetes. The CYP2D en-
zymes are not thought to be induced by
xenobiotics (Lewis 1996). Non-planar PCBs,
polybrominated biphenyls (PBBs), as well as pes-
ticides such as DDT, aldrin, endrin, heptachlor
and chlordane are metabolised by CYP2B en-
zymes (reviewed by Lewis 1996). As some of
these compounds are also inducers of CYP2B in
rats, CYP2B induction has been used as a marker
of exposure to non-planar organochlorines. In
addition to the CYP1 family, CYP2A, CYP2B,
CYP2E and CYP3A subfamilies are involved in
both detoxification and activation of toxic agents,
through the generation of ROS and through other
mechanisms not yet identified (Lewis 1996, Lewis
et al. 1998a). In terrestrial mammals, CYP3A
enzymes metabolise a large number of steroids
and exogenous compounds (Lewis 1996). The
CYP3A enzymes are the major drug-metabolis-
ing enzymes in humans, but are also induced by
xenobiotics, especially by phenobarbital-like com-
pounds (Okey 1990, You et al. 1999). Despite the
central role of the CYP3A enzymes in drug me-
tabolism, the reactions they catalyse have rarely
been used as biomarkers.

Because of the diverse effects of environmen-
tal exposure on the CYP enzymes it is essential to
have baseline knowledge of the species-specific
properties of these enzymes, and to use several
parallel methods when assessing their response
to contaminant exposure. A number of methods
have been developed to characterise and assess
different CYP forms in aquatic toxicology. The
most commonly used methods involve mRNA,
DNA, protein or catalytic activity (Goksøyr and
Förlin 1992, Nielsen et al. 1999). Most in vitro
assays developed for the assessment of environ-
mental exposure have focused on enzyme activ-
ity or protein concentration. CYP1A activity has
been most extensively analysed using the
ethoxyresorufin O-deethylase (EROD) or aryl
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hydrocarbon hydroxylase (AHH) assays (Goksøyr
and Förlin 1992). Pentoxyresorufin O-depentyl-
ation (PROD) has been most commonly used as
an exposure marker for CYP2B induction. To
further characterise the specific CYP forms,
chemical inhibitors have been used in the cata-
lytic assays. Protein levels have been determined
mainly by electrophoresis followed by immuno-
blotting. This method requires appropriate anti-
bodies for each CYP form which have been vali-
dated for the species studied. Both monoclonal
(MAb) and polyclonal (PAb) antibodies have been
used depending on their availability. In studies
on marine mammals, various kinds of antibodies
have been used, which have been raised against
human, rat or fish CYP proteins (Goksøyr and
Förlin 1992, Stegeman and Hahn 1994).

1.5.4. Chemical-activated luciferase expres-
sion (CALUX)

As an alternative to the CYP1A assays, a novel in
vitro assay has been developed to assess the total
internal toxic potency of dioxin-like compounds,
namely the chemical-activated luciferase gene
expression (CALUX) assay. It is based on a rat
hepatoma cell line into which a dioxin-respon-
sive element and the luciferase reporter gene of
the firefly (Photinus pyralis) have been incorpo-
rated (Aarts et al. 1995, Garrison et al. 1996). The
compounds in an environmental sample that bind
to the AhRs in the cells are quantified by the
luciferase activity. The luciferase response is con-
verted to TEF values and thereby quantified as a
summed CALUX-TEQ response (Murk 1997).
Sediment and tissues from fish and other wildlife
species have been assayed using the CALUX
method (Murk 1997, Murk et al. 1998).

1.6. Other biomarkers

1.6.1. Vitamins and hormones

In addition to the AhR-mediated toxicity, PCBs
and DDT interfere with the vitamin A homeostasis
in several different ways (Cecil et al. 1973,
Brouwer and van den Berg 1986, Brouwer et al.
1988, Chen et al. 1992, Murk 1997, Käkelä et al.

1999). Vitamin A is essential for reproduction,
foetal development and normal growth in mam-
mals. It is also required for vision, immune func-
tion and for the maintenance of differentiated epi-
thelia and mucus secretion. Vitamin A occurs in
many forms in the body, retinol being the active
form and retinyl esters the major storage forms
(Hendriks et al. 1985, Got et al. 1995). In marine
mammals, retinyl esters are mainly stored in
lipocytes in the liver and the blubber (Schweigert
et al. 1990a). The esters are hydrolysed to retinol
in the liver and transported in the blood bound to
retinol binding proteins (RBP). The plasma trans-
port system for vitamin A consists of a complex
of two proteins, transthyretin (TTR) and RBP
(Goodman 1984). Symptoms caused by PCB ex-
posure resemble those caused by vitamin A defi-
ciency (Blood et al. 1989). Experimental studies
on rodents have demonstrated that PCB
metabolites may interfere with the formation of
the RBP-TTR circulating complex by binding to
the TTR molecule. This results in a loss of plasma
retinol and the thyroid hormone thyroxin from the
circulation (Brouwer and van den Berg, 1986,
Brouwer et al. 1989). On the other hand, PCBs
may activate the release of retinol from the liver,
leading to increased plasma retinol levels and
depleted hepatic vitamin A stores (Brouwer et al.
1988, Spear et al. 1988, Chen et al. 1992, Murk
1997). Semi-field and field studies on wildlife
have reported reduced vitamin A concentrations
in contaminated animals, and have proposed this
as a biomarker for the toxic effects of PCBs
(Brouwer et al. 1989, reviewed by Peakall 1992,
Ross et al. 1994, Jenssen et al. 1995, Murk et al.
1998).

PCB exposure induces the production of free
radicals as by-products of oxidative metabolism
(Stegeman and Hahn 1994). Oxyradical produc-
tion generates oxidative stress that may, in turn,
lead to the initiation of carcinogenesis and vascu-
lar diseases (Stegeman et al. 1992, Toborek et al.
1995, Hennig et al. 1999). Being a major antioxi-
dant in the body, vitamin E protects unsaturated
fatty acids from degradation in cellular mem-
branes, as well as in plasma lipoproteins. In addi-
tion to its natural functions as a radical scaven-
ger, vitamin E protects against the oxidative stress
that PCBs cause in the endothelial cells (Slim et
al. 1999). Co-treatment with PCB and α-tocophe-
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rol (the main form of vitamin E in animals) in rats
inhibits lipid peroxidation caused by PCB
(Yamamoto et al. 1994). Elevated vitamin E con-
centrations as an adaptive response to oxidative
stress have been proposed as a biomarker for con-
taminant-induced oxygen radical production, al-
though it has received little attention (Stegeman
et al. 1992).

1.6.2. Haematological and clinical chemistry
parameters

The health status of humans, and of domestic and
captive animals, is generally assessed from a set
of routine diagnostic parameters in the blood, in-
cluding haematology and clinical chemistry. Dif-
ferential leukocyte counts reflect the immune and
infection status, and are used when screening for
toxic effects on the immune system. In studies on
both humans and rodents, PCB exposure most
commonly results in increased total serum lipids,
cholesterol and triglycerides (Allen et al. 1976,
Kreiss et al. 1981, Borlakoglu and Welch 1992,
Yamamoto et al. 1994). Elevated serum lipids
indicate an accumulation of lipids in the liver,
which may lead to hepato-pathological changes
(Vandenberghe 1996). In experimental animals,
alanine aminotransferase (ALAT), aspartate ami-
notransferase (ASAT), alkaline phosphatase
(AFOS) and lactate dehydrogenase (LD) are af-
fected by a number of environmental pollutants
in vitro, but the corresponding effect has been
difficult to demonstrate in vivo (reviewed by
Christensen et al. 1982).

Clinical screening parameters have been in-
vestigated in environmental studies as potential
biomarkers mostly in birds and fish. Elevated
ASAT, ALAT and LD levels have been observed
in various species environmentally exposed to
PHAHs, organophosphates, carbamates, metals
and oil (reviewed by Peakall 1992). The increase
in the levels probably reflects general tissue dam-
age, especially in the case of ALAT in the liver.
Effects of contaminant exposure on AFOS are
variable, depending on the type of compound and
on the species (Peakall 1992). Very few studies
on marine mammals have included clinical blood
parameters as indicators of contaminant exposure.
Captive harbour seals that had been fed contami-

nated fish from the Baltic Sea showed increased
haematocrit, erythrocyte and granulocyte levels,
but no clear toxic effects were detected in the clini-
cal chemistry values (De Swart et al. 1994, 1995).

2. Aims and outline of the thesis

In this study, a large variety of biochemical pa-
rameters were tested for use as biomarkers for the
exposure and toxic effects of the PHAH load in
seals. We then used these biomarkers to investi-
gate whether ringed and grey seals are exposed to
and possibly affected by the PHAH load in the
Baltic Sea. We chose biochemical parameters that
have been affected by PHAH exposure in experi-
mental animals and other wildlife species. Fur-
thermore, we included biochemical parameters
that describe the general health status of the seals.

The thesis is divided into two parts:

1. Screening of methods for characterising po-
tential biomarkers in ringed and grey seals

2. Application of the chosen parameters

The first part is addressed in papers I–V. The
sampling methods were adapted to the conditions
during sampling, transport and storage. All labo-
ratory methods were tested and optimised for seal
tissue. One of the most commonly used exposure
biomarkers, CYP1A was determined in the Bal-
tic and Svalbard ringed seals, both at the enzymatic
activity and the protein level (I). The CYP1 fam-
ily was further characterised in ringed and grey
seals using additional methods (II). The cellular
distribution and activity pattern of CYP1A was
determined in various tissues to characterise which
organs are primarily exposed to xenobiotics (III).
The characterisation of the seal CYP enzymes was
expanded to include members of the CYP2 and
CYP3 families, based on what is known about
xenobiotic metabolism in humans and rodents
(IV). Vitamins A and E, and haematological and
clinical chemistry parameters were analysed in
ringed and grey seals from the Baltic Sea and from
reference areas in order to establish baseline val-
ues for these parameters and to search for poten-
tial biomarkers (V).

The second part of the thesis investigates
whether the Baltic seals are affected by the con-
taminant load and discusses the applicability of
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the potential biomarkers in this case study (VI).
Furthermore, we consider whether the two spe-
cies differ in terms of susceptibility to the con-
taminant load, and of metabolising capacity.

3. Material and methods

3.1. Animals

Grey seals living in the waters around Sable Is-
land, Canada, and ringed seals from the European
Arctic (Svalbard) were used as reference animals
in this thesis as these seals have not had the same
degree of exposure to PHAHs as the Baltic seals.
The average sum PCB and DDT levels in these
seals are 0.4–8 mg/kg lipid, which is one third to
one hundredth of the levels in the Baltic seals (Fig-
ure 3). The Sable Island grey seals differ from
their Baltic relatives by having a slightly larger
body size and by slightly earlier breeding and
pupping seasons. Svalbard ringed seals have a
similar size to their Baltic cousins but have a
slightly later pupping, breeding and moulting sea-
son. We aimed always to collect samples during
approximately the same phase of the moulting
season of each seal population.

Sample collection, storage and preparation is
described in detail elsewhere (I, V, Fant et al. 2001,
VI). As the CYP activity is not homogeneously
distributed in the liver, samples were taken from
four different parts of each liver and mixed
(Oinonen 1996). Sera and plasma collected for
the vitamin and clinical chemistry analyses were
separated in the field. All samples for the bio-
chemical assays were stored in liquid nitrogen
during field work and transportation, and at –70 °C
in the laboratory until analysis. The vitamin sam-
ples were packed in aluminium foil to protect them
from light.

Age was determined by counting the annual
layers of the cementum in the canine tooth (Laws
1952). An index of condition was determined by
dividing the blubber thickness by the body length.
The condition index was modified from the meth-
ods developed by Read (1990) and Beck and Smith
(1995). No geographical differences in the condi-
tion index were observed between the respective
seal population (V). Although the Sable Island
grey seals were slightly older than the Baltic popu-

lation (p < 0.01), the age ranges were similar. Of
all the biochemical parameters assayed, only the
calcium level in grey seals was dependent on age.

3.2. CYP assays

Microsome preparation and the enzyme assays
have been described in detail elsewhere (I, III,
IV). The enzyme activity assays are summarised
in Table 2. In short, microsomes were separated
by two successive centrifugations (10 000 g × 30
min and 100 000 g × 60 min). EROD, PROD and
coumarin 7-hydroxylase (COH) activities were as-

Figure 3. Concentrations of (A) sum PCB, sum DDT
and (B) trace elements in the liver of ringed and grey
seals from different geographical locations. Results
are presented as individual points and as means ± SD
(horizontal bar ± vertical bars). Statistically significant
geographical differences are marked with asterisks (*p
< 0.05, **p < 0.01, ***p < 0.001).
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sayed using fluorometric end-point assays (Burke
et al. 1977, Aitio 1978). S-mephenytoin 4´-
hydroxylation (Wrighton et al. 1993), dextrameth-
orphan O-demethylation (DOM, Park et al. 1984,
Kronbach et al. 1987) and chlorozoxazone 6-
hydroxylation (C-6-OH, Peter et al.1990) were
analysed using high-performance liquid chromato-
graphy (HPLC). Testosterone 6β-hydroxylation
(TEBH) was assayed using thin layer chromatog-
raphy (Waxman et al. 1983). Hepatic CYP activi-
ties were determined from individual samples,
whereas extrahepatic samples were pooled from
four individuals according to gender, species and
location. Protein concentrations were determined
according to Bradford (1976). The EROD and
COH assays were optimised both for protein and
substrate concentrations prior to the inhibition
studies (II, IV). Specific CYP inhibitors and anti-
bodies were used in the enzyme inhibition stud-

ies. Detailed descriptions of the use of the inhibi-
tors have been presented previously (I, II, IV).
The inhibitors are summarised in Table 2.

Relative protein concentrations of the various
CYP enzymes were determined from individual
microsomal liver samples using SDS-PAGE and
immunoblot analysis (I). The microsomes were
separated in polyacrylamide gel by electrophore-
sis and transferred to nitrocellulose filters accord-
ing to the method of Towbin et al. (1979). The
filters were blocked with 4% fat-free milk pow-
der and incubated overnight with the primary an-
tibody at 4 °C. The antibodies and positive con-
trols used are presented in Table 3. The filters were
treated with the horseradish peroxidase-conju-
gated secondary antibody, and the proteins were
visualised using the ECL or ECL+ method
(Amersham). Relative quantification was con-
ducted on the protein bands from individual seals

Table 2. Methods used for determining protein, CYP activity and vitamin levels.
—————————————————————————————————————————————————
Assay Parameter Method Standards or Inhibitors

positive controls
—————————————————————————————————————————————————
Total protein Protein Spectro-photometric Bovine serum
determination albumin

Ethoxyresorufin CYP1A Fluorometric Ethoxyresorufin α-Naphthoflavone
O-deethylation Furafylline

Coumarin-7- CYP2A Fluorometric 7-ethoxycoumarin α-Naphthoflavone
hydroxylation Methoxsalen

Anti-mouse CYP2A5a

Pentoxyresorufin CYP2B Fluorometric Pentoxyresorufin α-Naphthoflavone
O-deethylation Furafylline

S-Mephenytoin CYP2C HPLC Human liver
4´-hydroxylation

Dextromethorphan CYP2D HPLC Human liver α-Naphthoflavone
O-demethylation

Chlorzoxazone CYP2E HPLC Human liver Pyridine
6-hydroxylation α-Naphthoflavone

Testosterone CYP3A TLC Human liver Ketoconazole
6β- hydroxylation

Retinol and Vitamin A HPLC Retinyl acetate
retinyl palmitate

α-Tocopherol Vitamin E HPLC 5,7-dimethyltocol
—————————————————————————————————————————————————
HPLC, high-performance liquid chromatography
TLC, thin layer chromatography
a Polyclonal (Raunio et al. 1998)



Biomarkers for exposure and effects of contamination in seals 23

using the Image Master VDS gel analysis system
and software (Amersham, Pharmacia).

Immunohistochemical analyses were per-
formed using monoclonal antibody (MAb 1-12-
3) against scup P450E which corresponds to mam-
malian CYP1A (III). An indirect peroxidase la-
belling method for immunohistochemical stain-
ing was used (Myers et al. 1994). A relative stain-
ing index was used to quantify the tissue sections
(III).

3.3. CALUX

To assess the internal toxic potency of dioxin-re-
lated compounds in the seals, liver extracts form
ringed or grey seals were added to the CALUX in
vitro assay. Extraction of liver samples and the
CALUX assay has been described in paper VI. A
rat hepatoma cell line, with an incorporated di-
oxin-responsive element and a luciferase reporter

gene, were incubated with the liver extracts for
24 h. The luciferase activity was determined di-
rectly from the cultivation plates by luminometer.
The luciferase response was converted to
CALUX-TEQ-values by interpolation from a
TCDD standard curve.

3.4. Vitamins A and E

Sampling, extraction and analysis of vitamins has
been reported in detail in paper V. Liver, blubber
and plasma samples were used to determine vita-
mins A and E. The extraction method was modi-
fied from Murk et al. (1998). Vitamins were ana-
lysed by HPLC using a reversed-phase column
and isocratic conditions (Table 2). The vitamins
detected in seal tissues were vitamin A (retinol
and retinyl palmitate) and vitamin E (α-tocophe-
rol). Retinylpalmitate was the dominating form
of vitamin A in liver and blubber (88–99% of the

Table 3. Polyclonal and monoclonal antibodies for different CYP enzymes
—————————————————————————————————————————————————
CYP forms Antibody Positive control
—————————————————————————————————————————————————
CYP1A MAb 1-7-1a TCDD-treated rat

Anti-human CYP1A1b

Anti-human CYP1A2b

MAb 1-12-3c

CYP1B Anti-mouse CYP1B1b TCDD-treated rat

CYP2A Anti-mouse CYP2A5d Purified mouse liver CYP2A5
Anti-human CYP2A6e

CYP2B Anti-rat CYP2B1f Phenobarbital-treated rat
Anti-rat CYP2B1e

Anti-human CYP2B6b

MAb 2-66-3a

CYP2C MAb 1-68-11a Phenobarbital-treated rat
CYP2E MAb 1-98-1a Acetone-treated mouse
CYP3A MAb 2-13-1a

Anti-human CYP3A4b Expressed human CYP3A4g

Phenobarbital-treated rat
—————————————————————————————————————————————————
Reference to antibodies:
a Monoclonal (Dr. H. Gelboin, National Cancer Institute, Bethesda, MD, USA)
b Polyclonal anti-peptide (Dr. A. Boobis, Imperial College School of Medicine, London, UK)
c monoclonal (Dr. J. Stegeman, Woods Hole Oceanographic Institution, USA and Dr. H. Gelboin, National
Cancer Institute, Bethesda, MD, USA)
d Polyclonal (Raunio et al. 1998)
e Monoclonal (Gentest, Woburn, MA, USA)
f Monoclonal (Oxford Medical Research, UK)
g Baculovirus-expressed microsomes (Gentest, Woburn, MA, USA)
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total vitamin A content). In plasma, only retinol
was detected.

3.5. Haematology and clinical chemistry

Specific sampling methods were developed for
the haematological samples. For blood cell deter-
mination, erythrocytes and leukocytes were fixed
in glutaraldehyde solutions in the field and stored
at room temperature until analysis. Differential
leukocyte counts were determined from May-
Grynwald-Giemsa stained blood smears (Dacie
and Lewis 1984). Haematocrit was determined di-
rectly in the field with a haematocrit centrifuge.
Blood samples were mixed with haemoglobin rea-
gent and stored at room temperature, protected
from light, until analysed using spectrophotom-
etry (Nuutinen 1972). The 26 clinical chemistry
parameters were determined from frozen serum
using automatic analyser in Yhtyneet Laboratoriot
Oy.

4. Results and discussion

A basic understanding of a biological parameter
and the method of its analysis are needed before
it can be investigated as a potential bioindicator
in wild animals. Therefore, a large part of this
thesis deals with the search for appropriate pa-
rameters that can be assayed in seal samples that
have been collected in the field. Then, particular
biomarkers were evaluated, based on their expres-
sion pattern and correlation to the individual PCB,
DDT and heavy metal load, for their applicability
to study the exposure and toxicity in the seal
populations. The results of the main findings are
presented and discussed separately.

4.1. Presence of the CYP1 family in ringed
and grey seals

CYP1A has shown little genetic variation and
there are great similarities with respect to substrate
and inducer specificity across species (Stegeman
and Livingstone 1998). However, as all marker
assays for CYP1A have been developed for use
on human and rodent samples, it is not self-evi-

dent that they are specific for CYP1A in other
species using the same methods. Enzymatic as-
says, specific enzyme inhibitors, kinetic models
and immunoblotting analysis were, therefore, used
in parallel to ensure a broad assessment of CYP1A
in seals.

Both ringed and grey seals from the reference
areas showed hepatic EROD activities that were
in the same range or slightly higher than those
found in livers of other marine mammals, un-
treated rats and humans (I, II, III, reviewed by
Boon et al. 1992, White et al. 1994, Goksøyr 1995,
Fossi et al. 1997, Wolkers et al. 1998, 1999,
Weaver et al. 1999). Both the kinetic properties
of EROD activity in the seals and the inhibition
patterns, caused by low concentrations of CYP1A-
specific inhibitors (α-naphthoflavone, furafylline),
suggest that CYP1A mediates EROD activity at
both low and elevated levels. This is contrary to
the situation in rats, in which constitutive EROD
activity is mediated by several different CYP
forms (II). Consistent with these results, EROD
activity was potently inhibited with a monoclonal
antibody against rat CYP1A1 (MAb1-7-1). It is
possible that the seals possess both CYP1A1 and
CYP1A2 forms, but more detailed studies are
needed to clarify this question. Other studies have
indicated that either CYP1A1 alone or both
CYP1A forms are present on marine mammals
(Watanabe et al. 1989, Goksøyr et al. 1992,
Wolkers et al. 1998, 1999).

In addition to the CYP1A subfamily, we in-
vestigated the expression of CYP1B1 in ringed
and grey seals. A protein band was revealed in
the seals with a molecular weight corresponding
to the human CYP1B1, but there was no indica-
tion of an elevation of CYP1B1 expression in the
Baltic seals (II). This suggests that a putative
CYP1B1 enzyme is present in ringed and grey
seals, but that the PHAH load in the Baltic seals
does not stimulate CYP1B1 expression.

4.2. Elevated CYP1A expression in the
heavily polluted Baltic seal populations

There is a vast literature on CYP1A induction as a
bioindicator for PHAH exposure in wildlife. How-
ever, individual PCBs and higher doses PHAHs
have been reported to decrease CYP1A enzyme
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activity in both experimental and field studies
(Gooch et al. 1989, Sinclair et al. 1989, Huuskonen
and Lindström-Seppä 1995, Schlezinger et al.
1999). When conducting a study on free ranging
animals it is important to be aware of possible in-
ternal and external factors that may influence the
CYP activity and protein levels. To minimise the
differences in CYP expression due to factors other
than the contaminant load, all seals in this study
were sampled during their moulting season. Dur-
ing this time, both ringed and grey seals reduce
their food intake and use their fat reserves as an
energy source. The lipophilic contaminants that
have accumulated in the blubber are released as
the fat content is reduced. The seals are, therefore,
most vulnerable to the toxic effects of their pollut-
ant load during the moulting season.

Both EROD activity and CYP1A protein lev-
els in the liver were clearly higher in both Baltic
seal populations than in their respective reference
seal populations (I, II, Figure 4). The EROD ac-
tivity in the Baltic seals reached levels similar to
TCDD-treated rats. Since TCDD is the most po-
tent CYP1A inducer in the rat, the high level of
EROD in the Baltic seals is worth attention.
Svalbard ringed seals showed a higher EROD
activity than Sable Island grey seals (p < 0.001,
II), suggesting either a higher constitutive CYP1A
expression in ringed seals, or that Arctic ringed
seals are exposed to CYP1A-inducing compounds
not identified in this study. On the other hand, the

geographical difference was greater in the grey
seals (Figure 4), which could reflect a greater sen-
sitivity to CYP1A inducing agents in grey seals.
As the two species differed in many aspects, the
species differences are discussed in more detail
later.

After entering the seal, PHAHs are distributed
with the blood flow mainly to the liver, but also
to other organs. To study the possible effects of
the contaminant load on the whole organism, we
examined CYP1A in a number of extrahepatic tis-
sues using EROD assay, immunoblotting and
immunohistochemical analyses. CYP1A activity
was found in most of the tissues studied, with the
highest activities in the lung, kidneys, adrenal
glands and heart (III). Extrahepatic CYP activi-
ties were at least one order of magnitude lower
than in the liver, but at similar levels to those re-
ported for untreated rats (Jewell and O’Brien
1999). High CYP1A protein and activity levels
were found in most tissues of both species of Bal-
tic seal compared to the reference populations (III).
No extrahepatic CYP1A expression was revealed
in the immunoblot analyses. This suggests that
immunoblotting is not as sensitive as immuno-
histochemistry or enzyme activity assays. A spe-
cies difference similar to the one seen in the liver
was also observed in extrahepatic tissues in gen-
eral. Baltic ringed seals showed the highest
CYP1A expression followed by the Baltic grey
seals and the reference seals. Most commonly,

Figure 4. Activity profiles
of putative CYP forms af-
ter calculating the relative
CYP activity in the Baltic
seal population with re-
spect to the reference seal
population. Relative CYP
activities are calculated
from the results of assays
for CYP1A (EROD), CYP2B
(PROD), CYP2D (DOM),
CYP2E (C-6-OH), CYP2A
(COH) and CYP3A (TEBH).
Statistically significant geo-
graphical differences are
marked with asterisks (*p
< 0.05, **p < 0.01, ***p <
0.001). The number (n) of
seals used in each assay
is marked below the figure.
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CYP1A expression was observed in the endothe-
lial cells of the blood vessels in all tissues except
for the liver in which the hepatocytes showed the
highest CYP1A expression. This is consistent with
the CYP1A induction pattern in experimental ani-
mals after treatment with CYP1A inducers (Dees
et al. 1982, Anderson et al. 1987, Stegeman et al.
1989, Thirman et al. 1994). The CYP1A expres-
sion in the blood vessel walls may be followed by
oxidative stress, which in turn may alter endog-
enous functions throughout the circulatory system.

To summarise, both CYP1A and CYP1B are
probably present in ringed and grey seals. The
hepatic and extrahepatic CYP1A expressions are
clearly higher in the Baltic seal populations than
in the reference populations. This elevated CYP1A
expression suggests that the Baltic seals are ex-
posed to dioxin-like compounds that might affect
the whole body.

4.3. Characterisation of other CYP forms
in Baltic seals

Contrary to the CYP1A subfamily, many of the
other xenobiotic-metabolising CYP enzymes vary
greatly between species both in terms of substrate
and inducer /inhibitor specificity. In this study,
we characterised the profile of putative members
of CYP2A, CYP2B, CYP2C, CYP2D, CYP2E
and CYP3A subfamilies in both species, and tested
the available assays for their applicability to seal
tissues (Table 2).

CYP2A-like activity (COH) was high in the
liver and lungs of all four seal populations, and
showed a sexual dimorphism, with higher values
in females than in males (IV). COH was strongly
inhibited by a chemical inhibitor or by an anti-
CYP2A5 antibody, which suggests the presence
of a putative CYP2A form in these seals. This
putative CYP2A profile with a sexual dimorphism
and a high level of activity in the lungs, resem-
bles that of rodents (Honkakoski et al. 1993, Lewis
and Lake 1995). The lack of geographical varia-
tion is surprising, as CYP2A is known to be in-
duced by substances that act like phenobarbital,
such as DDT (Figure 4) (Parkinson et al. 1983,
Pelkonen et al. 1997).

CYP2B has been used as an exposure
biomarker for non-planar PCBs that induce
CYP2B expression, although the mechanism is
not known (reviewed by Peakall 1992). Using
PROD as the CYP2B-associated enzyme assay,
no induction was reported in fish exposed to typi-
cal CYP2B inducers (Stegeman and Hahn 1994).
The function of PROD as a CYP2B biomarker
has also been critically discussed with respect to
marine mammals. Even the presence of CYP2B
in marine mammals has been debated. Based on
the PCB patterns in marine mammals compared
to the patterns in their main prey species, it has
been suggested that marine mammals lack CYP2B
activity (Tanabe et al. 1988, Norstrom et al. 1992).
Low PROD activity has been found in different
marine mammal species (Goksøyr et al. 1992,
White et al. 1994, Fossi et al. 1997, Wolkers et al.
1998). However, our studies suggest that PROD
activity is associated with CYP1A rather than with
CYP2B in both ringed and grey seals (I, II). A
strong correlation between individual EROD and
PROD levels, together with a strong inhibition of
PROD using CYP1A-specific antibodies support
our proposal. Furthermore, none of the four dif-
ferent CYP2B-specific antibodies used in the
immunoblot analyses showed any binding with
either ringed seal or grey seal liver microsomes
(IV). Other studies have succeeded in showing
the presence of proteins in marine mammals of a
corresponding molecular weight to rodent CYP2B
using antibodies against dog, rabbit or rat CYP2B
(Goksøyr et al. 1992, Stegeman and Hahn 1994,
Goksøyr 1995, Wolkers et al. 1998, 1999, van
Hezik et al. 2001). Yet, several others have failed
to demonstrate the presence of CYP2B using anti-
rat antibodies (Goksøyr et al. 1988, White et al.
1994, Stegeman and Hahn 1994). A strong corre-
lation between CYP1A and PROD has also been
observed in other wildlife species, suggesting that
CYP1A and not CYP2B is the primary catalyst in
PROD (White et al. 1994, Bosveld et al. 1995,
Van der Oost et al. 1996, Letcher et al. 1996,
Wolkers et al. 1998, Lange et al. 1999). The pres-
ence or absence of CYP2B in the seal species stud-
ied can only be confirmed by cDNA cloning and/
or protein purification. However, variation in
PROD activity does not seem to be a valid
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biomarker for non-dioxin-like PHAH exposure in
ringed or grey seals.

Antibodies against human and rodent CYP2C
and CYP2E forms did not recognise any proteins
in the seal species studied. Neither did S-
mephenytoin 4´-hydroxylation, a marker for
CYP2C in human liver, show any activity in seal
liver (IV). Activities of putative CYP2D (DOM)
and CYP2E (C-6-OH) were measurable in the seal
livers, and were higher in the Baltic seals than in
the reference seals (Figure 4). Both activities
showed a strong positive correlation with CYP1A
activity and were inhibited by a CYP1A inhibitor
(IV). Both the inhibition profile and the fact that
CYP2D is not induced by xenobiotics in other
species, suggest that DOM is rather associated
with CYP1A activity in these seals. C-6-OH is a
substrate for both CYP2E and CYP1A in human
liver (Carriere et al. 1993, Ono et al. 1995). The
strong positive correlation between C-6-OH and
both DOM and EROD indicate that C-6-OH is
mediated, at least partly, by CYP1A in ringed and
grey seals. However, the inhibition of C-6-OH
using a relatively specific CYP2E inhibitor, to-
gether with reports of putative CYP2E findings
in other marine mammals, point to the presence
of a member of the CYP2E subfamily in these
seals. DOM and C-6-OH cannot, therefore, be
proposed as marker assays for CYP2D and
CYP2E activities in these seal species.

The presence of a CYP3A–like protein in the
seal species studied is supported by relatively high
levels of testosterone 6β-hydroxylation (TEBH),
a CYP3A marker (IV). Further, TEBH was po-
tently inhibited by a selective inhibitor of CYP3A
(ketoconazole), and CYP3A protein levels showed
a positive correlation with TEBH. The putative
CYP3A activity showed a reverse geographical
trend to that of CYP1A, with a lower expression
in the Baltic seals (Figure 4). This is surprising as
CYP3A is known to be induced by phenobarbi-
tal-like compounds such as DDT (Okey 1990, You
et al. 1999). The reasons for the reduction are un-
known.

As a summary, putative CYP2A and CYP3A
enzymes are expressed in ringed and grey seals,
but CYP2B and CYP2C enzymes are not. Further
studies are needed to determine the presence and

characteristics of CYP2D and CYP2E enzymes
in ringed and grey seals.

4.4. Elevated CALUX-response in the Bal-
tic seals

The CALUX-response was clearly higher in the
Baltic ringed seals than in the Svalbard ringed
seals, but only slightly higher than the Baltic grey
seals (VI). Individual CALUX-TEQ values cor-
related positively with ∑PCB-TEQ, and with both
∑PCB and ∑DDT. This suggests that the DDTs
and non-planar PCBs co-accumulate with the pla-
nar PCBs. The lack of correlation between the
CALUX-response and any of the biochemical
parameters is contradictory to reports in birds and
otters (Murk 1997, Murk et al. 1998). This could
be due to the very high burdens of dioxin-like
compounds, at which the correlative relationship
levels off. Although the CALUX assay has been
developed as a bioindicator of exposure to dioxin-
like substances, it apparently reflects the whole
PCB and DDT burden in ringed seals in this par-
ticular situation.

4.5. Characterisation of other biochemi-
cal parameters

The species-specific characteristics and the geo-
graphical trends in the levels of vitamins A and E
as well as clinical blood parameters were deter-
mined in ringed and grey seals (V).

4.5.1. Vitamins A and E

Vitamin A and E levels in the reference seal
populations were in the same range as previously
reported for grey seals and other pinnipeds
(Schweigert et al. 1987, 1990a, 1990b). Vitamin
E levels, measured in liver, plasma and blubber,
were clearly higher in both Baltic seal populations
than in their respective reference populations (V).
On the contrary, total vitamin A concentrations
in liver and blubber were lower in the Baltic grey
seals (V). The same trend was also seen in the
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liver of ringed seals. The diverging vitamin lev-
els in the Baltic seals could be caused by different
levels of dietary vitamins in the seal populations,
or by toxic effects of the contaminant load in the
Baltic seals. As vitamin A and E concentrations
in fish species are highly variable, a careful com-
parison of the vitamin contents of the main food
sources for each seal population might clarify the
impact of the food source on the vitamin status. A
paucity of information about the vitamin content
in whole prey organisms makes this comparison
impossible at present.

4.5.2. Clinical parameters

Both haematological and clinical chemistry pa-
rameters were in general within the ranges of those
reported for wild and captive phocids (Greenwood
1971, Engelhardt 1979, Geraci et al. 1979,
McConnell and Vaughan 1983, De Swart et al.
1995). We observed no clear species or geographi-
cal differences in haematological or clinical chem-
istry parameters, probably due to large individual
variations in many of the parameters. Slightly el-
evated albumin and AFOS levels, and reduced
urea levels in both Baltic populations were noted.
In grey seals, slightly elevated phosphorus and
calcium, and reduced chloride concentrations were
observed in the Baltic seals, while no correspond-
ing differences were seen between the two ringed
seal populations. The difference in calcium lev-
els was clearly affected by the geographical dif-
ference in age between the two grey seal
populations (tested with ANOVA). Although the
geographically diverging blood parameters were
all within range of those reported for other phocids,
this does no necessarily mean that these values
are normal for ringed or grey seals. Pathological
investigations are needed to better understand the
observed variations in blood parameters.

4.6 The PHAH and heavy metal load in the
Baltic seals

When searching for biomarkers of chemical ex-
posure and effect, it is essential to obtain infor-
mation about the individual contaminant load.
Although the contaminant analyses are not a cen-

tral part of this thesis, the results serve as a basis
for the search for potential biomarkers. The lev-
els of a total of 34 PCB congeners and both o,p´-
and p,p´-isomers of DDT, DDE and DDD were
determined (VI). In addition, mercury, cadmium,
lead and selenium levels were determined in vari-
ous tissues (Fant et al. 2001, VI). A summary of
the observed contaminant burdens in liver and the
geographical variations are presented in Figure 3.
Average ∑PCB and ∑DDT levels were higher in
the Baltic seals than in the seals from the refer-
ence areas (p < 0.001 for both contaminants in
both species). On the other hand, cadmium levels
were four to six times higher in the reference seals
(IV). Mercury and selenium levels were higher in
the Baltic ringed seals than in the Svalbard ringed
seals. In the Baltic seals, mean ∑PCB levels were
twice as high as ∑DDT levels and both PHAHs
were clearly higher in ringed seals than in grey
seals. ∑DDTs showed a strong positive correla-
tion with ∑PCB in both species (VI). Similarly,
mercury correlated with selenium in all seal
populations (data not shown). A difference be-
tween gender was only observed in the grey seals,
where females had higher cadmium levels (Fig-
ure 3). On Sable Island, males had higher ∑DDT
and ∑PCB levels than the females (Figure 3). Both
∑DDT and ∑PCB were age-dependent in the
Baltic ringed seal males, while an age depend-
ency was seen only for ∑DDT in the Baltic fe-
males and in the Svalbard males, and for ∑PCB
in Sable Island grey seal males (VI). Mercury and
selenium were age dependent in all seal
populations except for the Baltic ringed seals.

Studies on contaminant patterns of the exposed
animals give indirect information about the ani-
mals’ susceptibility to contaminants and about
their metabolic capacity. These methods have been
used especially to characterise the CYP system in
marine mammals, as it is difficult to obtain ap-
propriate tissues for CYP assays (Boon et al. 1987,
1994, Tanabe et al. 1988, Duinker et al. 1989,
Kannan et al. 1989, Bergek et al. 1992, Norstrom
et al. 1992, Bruhn et al. 1995, Letcher et al. 1998,
2000b). The contaminant profile of the Baltic seal
populations is only discussed in short.

The obvious differences in the levels of PCB
and DDT contamination in both Baltic seal spe-
cies have been explained by a more rapid decrease
of DDT in the environment since it was banned in
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the 1970s (Bignert et al. 1998). On the other hand,
PCBs are still continuously released into the en-
vironment, and the levels are even expected to
increase with time (Jonsson et al. 1996, Bignert
et al. 1998). The clearly higher mean ∑PCB and
∑DDT burden in the Baltic ringed seals compared
to grey seals could be caused by differences in
diet and feeding activity, and/or species-specific
physical (body size) and physiological (metabolic
capacity) characteristics. The accumulation pat-
tern for the DDT compounds differed between
ringed and grey seals (Jaana Koistinen, unpub-
lished). The proportion of the parent compound
in the total DDT burden was much higher in the
grey seals than in the ringed seals. This suggests
that the ringed seals metabolise DDT more effi-
ciently, which could be the result of CYP induc-
tion caused by the clearly higher PCB and DDT
burden.

A comparison of the PCB profile between the
Baltic seals and their respective reference
populations showed a relatively high proportion
of the lower chlorinated congeners in the refer-
ence areas, while the more persistent congeners
were more prominent in the Baltic populations.
As the less chlorinated congeners are more easily
metabolised, this pattern may suggest an induced
CYP activity in the Baltic seals. The proportion
of the mono-ortho and di-ortho PCBs was clearly
higher in the reference ringed seals compared to
the Baltic population, while no corresponding dif-
ference was observed between the grey seal
populations. The findings in ringed seals are con-
sistent with reports on contaminant patterns in this
species by Norstrom and Muir (1994), who pro-
posed that the increased capacity of the Baltic seals
to metabolise xenobiotic compounds could be due
to an induction of CYP1A expression. As the main
PCB intake in seals is through the diet, any vari-
ation in the dietary PCB profile is of interest.
However, it has been stated that PCB levels in
arthropods and fish are very similar because they
are controlled by the ambient concentrations in
the water (Tanabe 1988).

The levels of cadmium and lead in the seals
studied were below reported effect threshold lev-
els in marine mammals (AMAP 1998). Although
many seals from the Baltic Sea and Canadian
waters showed hepatic mercury concentrations
exceeding the threshold levels, no signs of mer-

cury intoxication were observed (Fant et al. 2001,
Jaana Koistinen unpublished). There are several
other examples of very high concentrations of
mercury in the livers of marine mammals, with-
out evidence of toxic effects (reviewed by O’Shea
1999). It has been suggested that marine mam-
mals have evolved biochemical mechanisms to
tolerate high exposure to mercury by forming
stabile mercury-selenium complexes, which are
stored mainly in the liver without apparent harm
(reviewed by Cuvin-Aralar and Furness 1991).

4.7. Choice of potential biomarkers

The possibility of using any of the biochemical
parameters as biomarkers was evaluated by first
choosing those parameters that had shown a geo-
graphical difference between the Baltic and the
reference populations. These parameters were then
correlated with representatives of planar and non-
planar PCBs (CB126 and CB153, respectively),
with ∑DDT and with metals using Pearson’s cor-
relation analysis. Statistical significance was set
at p < 0.05. The network of relationships revealed
both general and species-specific characteristics
(Figure 5). Both PCBs and ∑DDT correlated posi-
tively with EROD and vitamin E (especially in
plasma) in both species. In ringed seals, CALUX
and AFOS showed a positive relationship with
the organic contaminants, while the relationship
was the reverse for ASAT. Furthermore, albumin
showed a positive correlation with mercury and
selenium, while the correlation between the met-
als and LDL and ASAT were negative. In grey
seals, phosphorus, calcium and uric acid were
positively correlated with the organic contami-
nants, while chloride and urea showed a negative
correlation. The correlation between the vitamin
A parameters and the contaminants was not con-
sistent. The presence of retinol in plasma corre-
lated positively with the organic contaminants,
while retinyl palmitate in blubber and liver corre-
lated negatively with the planar PCBs. In gen-
eral, cadmium levels showed the reverse relation-
ship with the biochemical parameters to that ob-
served for the organic pollutants. The observed
network of relationships should be interpreted with
caution as the complexity of patterns makes it
difficult to discern the direct connections between
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parameters and contaminants from the indirect
ones.

The strong positive correlation between EROD
and the DDT and PCB compounds in both spe-
cies suggests either an induction of CYP1A by all
these compounds, or merely a reflection of the co-
accumulation of organic contaminants (VI). The
former proposal is supported by the high induc-
tion of EROD in rats treated with phenobarbital (a
compound with characteristics similar to the DDTs
and non-planar PCBs), indicating that EROD is
not strictly associated with CYP1A (II). Neither
putative CYP2A nor CYP3A expression showed
any correlation with individual xenobiotic loads.

A strong positive correlation between vitamin
E levels and both PCBs and ∑DDT supports the
hypothesis that the higher level of vitamin E in
the Baltic seals is a response to oxidative stress
caused by the contaminant load. Furthermore, this
trend was more obvious in ringed seals suffering
from a higher contaminant load. Mercury and
cadmium are known to induce lipid peroxidation
and radical production (Stacey and Kappus 1982,
Manca et al. 1991). The antioxidising function of
vitamin E could explain its positive relationship
to mercury in ringed seals. On the other hand, the
opposing negative correlation between vitamin E
and cadmium in grey seals does not support the
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Figure 5. Schematic presen-
tation of the relationships be-
tween potential biomarkers
and contaminants in A) ringed
and B) grey seals. The Y-axis
presents the positive and
negative correlation coeffi-
cient between the biochemi-
cal parameter and the pollut-
ant. The PCB congeners CB
126 and CB 153 are pre-
sented as 126 and 153. Uric
acid is presented as UA, vita-
min A in plasma as Vit A pl,
vitamin A in blubber as Vit A
bl, and vitamin A in liver as
Vit A li.
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antioxidising function of vitamin E in cadmium
stress.

The positive correlation between the organic
pollutants and plasma retinol together with the
negative correlation between the contaminants and
blubber and liver retinyl palmitate in grey seals,
could be explained by the increased amounts of
retinol being released from the vitamin A stores,
leading to a depletion of the vitamin A stores in
the Baltic grey seals. As organic contaminants
exert opposing toxic effects on the plasma retinol
levels, reduced retinyl palmitate levels in liver or
blubber are recommended as potential biomarkers
in grey seals. A negative correlation between the
reduced retinoid stores and the elevated hepatic
EROD levels was observed in the grey seals (r <
–0.52, p < 0.05). This has also been observed in
fish, birds and mammals exposed to contaminants
(Murk 1997, Murk et al. 1998, Arcand-Hoy et al.
1999). The lack of a relationship between DDT
or PCB and any of the vitamin A parameters in
ringed seals is interesting as both species showed
reduced hepatic vitamin A in the Baltic Sea.

A species-specific relationship between some
of the clinical blood parameters and the contami-
nants was revealed. The interpretation of these
patterns is difficult for a number of reasons: (1)
Clinical blood parameters have been reported in
marine mammals as baseline values for healthy
captive seals, but have rarely been used as bio-
markers for contaminant exposure or effects; (2)
pathological information about individual seals
is essential if possible toxic effects are to be linked
with the diverging parameters; (3) in human medi-
cine such parameters are used to screen for di-
verging conditions caused by illness or disease,
unlike environmental toxicology where the aim
is to identify effects of contaminants with disease
as a confounding factor (Peakall 1992).

5. Conclusions and future prospects

Do the results presented in this thesis support the
hypotheses postulated? To answer this question,
the hypotheses are presented and the main find-
ings are summarised. Finally, the possible appli-
cations are discussed.

1) CYP1A enzymes are present in ringed
and grey seals, and the individual CYP1A
activity pattern can be used as a sensitive
biomarker for PHAH exposure in ringed
and grey seals.

The results show that CYP1A is present and meas-
urable in both ringed and grey seals. The level of
CYP1A expression is higher in both Baltic seal
populations than in the reference seal populations,
and the individual ∑PCB and ∑DDT loads corre-
late with CYP1A expression. The even distribu-
tion of CYP1A expression among seal tissues sug-
gests that the whole body is susceptible to PHAH
exposure and to its possible toxic effects. Based
on these findings, CYP1A expression is proposed
as an exposure biomarker for both PCB and DDT
contamination in both ringed and grey seals.

When using CYP1A expression as a biomarker
it is important to recognise that the enzyme activ-
ity declines at higher doses of xenobiotics while
the protein level continues to increase with an
increasing PHAH burden (reviewed by Stegeman
and Hahn 1994). Using several methods simulta-
neously for quantifying CYP1A expression can
eliminate this discrepancy. In our studies, both
CYP1A activity and relative protein concentra-
tions were high in the Baltic seal populations.
Furthermore, EROD showed a strong positive
correlation with the protein levels in both
immunoblots and immunohistochemical analyses
(III). Immunohistochemistry proved to be a use-
ful tool for additional qualitative information
about CYP1A localisation, but not as useful for
CYP1A quantification. As it is both ethically and
practically preferable to use non-invasive tech-
niques to study CYP1A expression, the use of ex-
trahepatic tissues such as skin or blood have been
proposed (Fossi et al. 1992, 1999, Goksøyr 1995).
However, there are practical difficulties with this
approach, since it is problematic to extract good
quality microsomes from tissues containing a large
number of different cell types. In addition, the very
low levels of CYP1A in extrahepatic tissues are
not usually revealed by the less sensitive assays
such as immunoblotting. At present, liver
microsomes are the most practical samples for
assaying CYP1A expression. However, the de-
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velopment of methods for CYP1A extraction from
tissues such as blood or skin using minimally in-
vasive techniques is desirable.

2) Other CYP forms may be used as expo-
sure biomarkers for non-planar PCBs and
DDTs.

In addition to the CYP1 family, putative CYP2A
and CYP3A enzymes were found in the seals.
However, these enzymes did not show a higher
expression in the exposed Baltic seals than in the
reference seals. Furthermore, neither of the en-
zymes showed any correlation with the contami-
nant load. Thus, CYP2A and CYP3A cannot be
recommended as exposure biomarkers for non-
planar PCBs and DDTs in ringed and grey seals.

3) CALUX is a tool for measuring the toxic
potency of dioxin-like PHAHs in ringed
seals.

CALUX-TEQ values were higher in the Baltic
ringed seals than in the Svalbard seals, and showed
a strong positive correlation with ∑PCB, ∑PCB-
TEQ and ∑DDT values. Although the CALUX
assay has been developed as a bioindicator of the
toxic potency of the internal load of dioxin-like
substances, it apparently reflects the whole PCB
and DDT burden in ringed seals in this particular
situation. Great advantages of the CALUX assay
are its applicability to practically any tissue, and
its fast and straightforward procedures.

4) Vitamin E levels can be used as an ex-
posure biomarker for contaminants caus-
ing oxidative stress in ringed and grey
seals.

Baltic seals clearly had higher vitamin E concen-
trations than the reference seals, and these levels
correlated with ∑PCB and ∑DDT and mercury
loads, indicating an increased requirement to com-

bat the oxidative stress that is caused by such con-
tamination. On the other hand, it cannot be ex-
cluded that the geographical difference observed
in the vitamin E content is a reflection of differ-
ences in dietary vitamin E levels, until a compari-
son of the vitamin E content in the main food
sources has been conducted. Vitamin E concen-
trations, measured from blubber or plasma, might
be used as an exposure biomarker for xenobiotics
that cause oxidative stress if any possible dietary
impact on the vitamin status could be excluded.

5) A reduced vitamin A store is a biomarker
for the toxic effects of PHAHs in ringed
and grey seals.

Retinyl palmitate levels were clearly lower in the
vitamin A stores of the Baltic seals than of the
reference seals. In grey seals, both hepatic and
blubber retinyl palmitate correlated negatively
with the planar PCBs and ∑DDT. Despite the re-
duction in hepatic retinyl palmitate concentrations
seen in the Baltic ringed seals, this geographical
trend could not clearly be correlated to the indi-
vidual contaminant profiles in this seal species.
The lack of any relationship could be explained
by great individual variations in vitamin A levels,
which could possibly reflect the individual dietary
vitamin A intake. The slightly higher plasma reti-
nol concentrations in the Baltic grey seals than in
the Sable Island seals, and the positive correla-
tion between plasma retinol and DDT and PCBs
further support the hypothesis that contamination
can cause a depletion of the vitamin A stores.
However, the two opposing toxic effects of
PHAHs on plasma retinol levels discourages one
from using this as an indicator of PHAH effects.
To conclude, hepatic and blubber retinyl palmi-
tate levels could be proposed as a biomarker for
the depletion of vitamin A stores in grey seals,
but more information about the vitamin A levels
in the food sources is needed before any conclu-
sions can be drawn. None of the vitamin A-linked
parameters can be proposed as a biomarker in
ringed seals.
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6) Clinical blood parameters reflect the
toxic effects of the contaminant load in
the Baltic seals and can, therefore, be used
as effect biomarkers in ringed and grey
seals.

A correlation between some of the clinical blood
parameters and the contaminants was revealed,
but the great individual variations and small geo-
graphical differences in these parameters make it
difficult to use them as biomarkers. On the other
hand, the analysis of clinical blood parameters
might be a practical and non-invasive tool for as-
saying the general health status of seals provided
that good base-line information is available for
healthy, free-living ringed and grey seals.

7) The two species show a different sus-
ceptibility and response to the contami-
nant load. Therefore, the health status and
contaminant exposure and effects should
be monitored separately in each species.

The clearly higher ∑DDT and ∑PCB levels in
the Baltic ringed seals might explain the differ-
ences in the health status and reproductive fre-
quency between the two Baltic seal species. ∑PCB
concentrations of 70 mg/kg lipid in blubber have
been proposed as a threshold level for the devel-
opment of reproductive impairments in ringed
seals (Helle et al. 1976a,b). Contaminant levels
clearly exceeding that value were measured from
several of the Baltic ringed seals, while only one
Baltic grey seal reached this threshold level (Fig-
ure 3). Furthermore, the TEQ values of the total
PCB load in the Baltic seals are above an esti-
mated threshold level for the toxic effects of these
kinds of compounds in harbour seals (VI). PCB-
TEQ levels of 0.2 ng/g lipid have been estimated
as the level above which harbour seals show
immunotoxic and reproductive effects (Murk
1997). Again the Baltic ringed seals showed mean
PCB-TEQ values of 0.6 ng/lipid, which is clearly
above the threshold level. The differing contami-
nant levels between the two Baltic seal populations

suggest that ringed seals have a lower capacity to
metabolise these compounds than do grey seals,
since the contaminant intake is probably similar
in both species. The Baltic seals feed at approxi-
mately the same trophic level of the Baltic food
web. Furthermore, the PHAH levels in gill breath-
ing animals are very similar regardless of their
trophic position, suggesting that PHAH exposure
is controlled by the contaminant concentrations
in the ambient water rather than in the diet (Tanabe
1988).

EROD activity showed a greater geographi-
cal difference in grey seals than in ringed seals
(Figure 4). However, the geographical difference
of the PHAH load was smaller in grey seals (Fig-
ure 3). This could be explained by a greater ca-
pacity of grey seals to react to an increasing con-
taminant exposure by inducing CYP1A expres-
sion. This hypothesis further supports the previ-
ous suggestion that ringed seals have a lower ca-
pacity to metabolise PHAHs. The variation in both
hepatic and extrahepatic CYP expression patterns
between the two species discourages one from ex-
trapolating between them.

The species differences of some of the bio-
chemical parameters, and their relationship to the
contaminants, is difficult to explain as the ob-
served trends are associated with uncertainties of
various kinds. One possibility is that the two seal
species react in different ways to the toxic effects
of the contaminant load, but to answer these ques-
tions experimental studies should be conducted
to explore the underlying toxic mechanisms.

Acknowledgements

This study was mainly carried out at the Finnish
Game and Fisheries Research Institute, between
1995 and 2000. I wish to thank the Institute for
providing me with good working facilities. One
part of the study was conducted in the Depart-
ment of Pharmacology and Toxicology at the
University of Oulu. I am deeply grateful to Pro-
fessor Olavi Pelkonen for giving me the opportu-
nity to work in their well-equipped laboratories.



Nyman34

I owe my deepest gratitude to Professor Eero
Helle, my supervisor and friend, who has intro-
duced me to the world of marine mammals, who
has encouraged and supported my work, and who
enthusiastically examined uncountable numbers
of seals during numerous field trips without once
loosing his good humour.

I am most grateful to my supervisor Professor
Hannu Raunio for showing such an interest in seal
cytochrome P450s, a field not entirely within the
scope of his own work. Hannu always found the
time for guidance, inspiring discussions, and for
improving the manuscripts.

Professor Bjørn Munro Jenssen and Professor
Sirpa Kärenlampi, the official referees, are grate-
fully acknowledged for their constructive criticism
and valuable comments for improving the manu-
script of the thesis.

I devote my sincere thanks to Professor Olavi
Pelkonen for all the innovative ideas and philo-
sophical discussions over the years. The atmos-
phere, both academic and friendly, in his depart-
ment was an encouraging and interesting envi-
ronment in which to work.

I am grateful to Päivi Taavitsainen for guiding
me through the labyrinths of biochemical assays,
for the time and effort spent helping me to adjust
the assays for seal tissue, and for her friendship.

Merja Luukkonen, Päivi Tyni and Ritva
Tauriainen have given me excellent technical as-
sistance and taught me procedures in the labora-
tory. I also wish to thank Marja Arbelius, Raija
Hanni, Pirkko Viitala and Harriet Gullstén for their
company and hospitality during my stays in Oulu.

Marie Louise (Misa) Fant has been invaluable
to me during various phases of this project. She
determined the metal concentrations, partly as her
MSc Thesis, and has been of great help in many
ways. Misa’s optimism has encouraged and in-
spired me.

I would like to thank Outi Hyyti who per-
formed the CYP1A immunohistochemical analy-
ses as her MSc Thesis in Seattle, and with whom
we “produced” the article together primarily via
the internet.

Tinka Murk’s expertise in ecotoxicology has
been of great support both in teaching me the ba-
sics of this very complex scientific field, and later
as a collaborator in this project.

It has been very rewarding to collaborate with

Marika Jestoi, Christina Bäckman and Professor
Timo Hirvi, who carried out the vitamin analy-
ses. I owe my thanks to the chemist team at
Yhtyneet Laboratoriot Oy for adjusting the assays
for seal blood. To Jaana Koistinen and Professor
Terttu Vartiainen I am deeply grateful for the PCB
and DDT determinations, and for keeping with
the very stressed timetable.

I wish to thank Professor Tom Reuter for intro-
ducing me to animal physiology and for all the years
guiding me through my studies. Thank you for
encouraging and supporting me during the years. I
am grateful to Professor Sirpa Nummela for the
support during the preparations of the thesis.

Anne Hand has done a tremendous job revis-
ing the manuscripts. I am very grateful to her being
so efficient and yet precise in her work. I wish to
thank Krzysztof Raciborski for the editing the
manuscripts, and Marcus Wikman for making the
cover page. Marcus and Taina Kytöaho have both
helped me making numerous figures and drawings.

The assistance before, during and after the
numerous field trips has been of invaluable help.
I am grateful to Marcus Wikman, Sanna Sistonen,
Soili Nikonen, Christian Lydersen and the staff at
the Polar Institute in Ny Ålesund, Richard
Addison, Wayne Stobo and Chris Harvey-Clark,
and to Kalle Järvinen for the endless hours of hunt-
ing, sampling, packing and travelling. It has been
of great value getting to know him and learning
from him.

I thank Hannu Pöysä, Kaarina Kauhala and
Anssi Ahvonen for the statistical advice, and Björn
(Nalle) Ehrnsten for supplying me with all the lit-
erature. I also wish to thank the people at the Finn-
ish Game and Fisheries Research Institute who I
have not already mentioned for providing a
friendly atmosphere and for all the valuable ad-
vice.

I want to thank friends and relatives for being
there and for their love and support. I thank my
mother for introducing me to the world of science
and my father for sharing his love of the beautiful
nature in Finland.

Finally, I owe my deepest thanks to my hus-
band Jacky and our son Matthias for showing so
much love, patience and support during the last
few years. I am so grateful to them for giving me
a break from the “academic world” from time to
time, spending time together as a family.



Biomarkers for exposure and effects of contamination in seals 35

This work has been supported by the Finnish
Academy of Science, Raija ja Ossi Tuuliaisen
Säätiö, Oskar Öflunds Stiftelse, Walter och
Andrée de Nottbecks Stiftelse and Koneen Säätiö.

References

Aarts JMMJG, Denison MS, Cox MA, Schalk MAC, Gar-
rison PA, Tullis K, De Haan LHJ, Brouwer A. 1995.
Species-specific antagonism of Ah receptor action by
2,2´5,5´-tetrachloro- and 2,2´,3,3´,4,4´-hexachlorobi-
phenyl. Eur. J. Pharmacol. Environ. Toxicol. 293, 463–
474

Addison RF, Brodie PF. 1984. Characterisation of ethoxy-
resorufin O-deethylase in grey seal Halichoerus grypus.
Comp. Biochem. Physiol. 79C, 261–263

Addison RF, Brodie PF, Edwards A. Sadler MC. 1986.
Mixed function oxidase activity in the harbour seal
(Phoca vitulina) from Sable Is., N.S. Comp. Biochem.
Physiol. 85C, 121–124

Aguilar A, Borrell A. 1994. Abnormally high polychlorinated
biphenyl levels in striped dolphins (Stenella coeruleo-
alba) affected by the 1990–1992 Mediterranean epiz-
ootic. Sci. Tot. Environ. 154, 237–247

Aitio A. 1978. A simple and sensitive assay of 7-ethoxy-
coumarin deethylation. Anal. Biochem. 85, 488–491

Allen JR, Carstens LA, Abrahamson LJ. 1976. Responses
of rats exposed to polychlorinated biphenyls for fifty-
two weeks I. Comparison of tissue levels of PCB and
biological changes. Arch. Environ. Contam. Toxicol.
4, 404–419

Almkvist L. 1978. Seal stock sizes along the Swedish coasts
in 1976. Finn. Game Res. 37, 22–24

AMAP. 1998. Assessment Report: Arctic Pollution Issues.
Chapter 7: Heavy metals. Oslo, Norway: Arctic Moni-
toring and Assessment Programme (AMAP), 373–524

Anderson LM, Jerrold J M, Ward M, Park SS, Jones AB,
Junker JL, Gelboin HV, Rice JM. 1987. Immunohisto-
chemical determination of inducibility phenotype with
a monoclonal antibody to a methylcholanthrene-induc-
ible isozyme of cytochrome P-450. Cancer Res. 47,
6079–6085

Andersson Ö, Wartanian A. 1992. Levels of polychlorinated
camphenes (Toxaphene), chlordane compounds and
polybrominated diphenyl ethers in seals from Swedish
waters. Ambio, 21, 550–552

Arcand-Hoy LD, Metcalfe CD. 1999. Biomarkers of expo-
sure of brown bullheads (Ameiurus nebulosus) to con-
taminants in the lower Great Lakes, North America.
Environ. Toxicol. Chem. 18, 740–749

Aro E. The spatial and temporal distribution patterns of cod
(Gadus morhua callaris L) in the Baltic Sea and their
dependence on environmental variability – implications
for fishery management. (PhD Thesis University of Hel-
sinki, Finland).

Badger D, Kraner J, Fraser D, Hoglen N, Halpert J, Sipes

IG. 1998. Reduction of thyroid hormone may partici-
pate in the modulation of cytochromes P4502C11 and
3A2 by retinol. Life Sci. 63, PL367–372

Baron JM, ZwadloKlarwasser G, Jugert F, Hamann W,
Rubben A, Mukhtar H, Merk HF. 1998. Cytochrome
P450 1B1: A major P450 isoenzyme in human blood
monocytes and macrophage subsets. Biochem.
Pharmacol. 56, 1105–1110

Barrie LA, Gregor D, Hargrave B, Lake R, Muir D, Shearer
R, Tracey B, Bidleman T. 1992. Arctic contaminants:
sources, occurrence and pathways. Sci. Total. Environ.
122, 1–74

Beck GG, Smith TG. 1995. Distribution of blubber in the
Northwest Atlantic harp seal, Phoca groenlandica. Can.
J. Zool. 73, 1991–1998

Béland P, De Guise S, Girard C, Lagacé A, Martineau D,
Michaud R, Muir D, Norstrom RJ, Pelletier É, Ray S,
Shugart LR. 1993. Toxic compounds and health and
reproductive effects in St. Lawrence Beluga whales. J.
Great Lakes Res. 19, 766–775

Bengtson JL, Boveng P, Franzén U, Have P, Heide-
Jörgensen MP, Härkönen TJ. 1991. Antibodies to ca-
nine distemper virus in Antarctic seals. Mar. Mamm.
Sci. 7, 85–87

Bengtson B-E, Hill C, Bergman Å, Brandt I, Johansson N,
Magnhagen C, Södergren A, Thulin A. 1999. Repro-
ductive disturbances in Baltic Fish: a synopsis of the
FiRe project. Ambio 28, 2–8

Bergek S, Bergqvist P-A, Hjelt M, Olsson M, Rappe C,
Roos A, Zook D. 1992. Concentrations of PCDDs and
PCDFs in seals from Swedish waters. Ambio 21, 553–
556

Bergman A. 1999. Health condition of the Baltic grey seal
(Halichoerus grypus) during two decades. APMIS. 107,
270–282

Bergman A, Olsson M. 1986. Pathology of the Baltic grey
seal and ringed seal females with special reference to
adrenocortical hyperplasia: Is environmental pollution
the cause of a widely distributed disease syndrome?
Fin. Game Res. 44, 47–62

Bergman A, Olsson M, Reiland S. 1992. Skull-bone lesions
in the Baltic grey seal (Halichoerus grypus). Ambio
21, 517–519

Bignert A, Olsson M, Persson W, Jensen S, Zakrisson S,
Litzén K, Eriksson U, Häggberg L, Alsberg T. 1998.
Temporal trends of organochlorines in Northern Eu-
rope, 1967–1995. Relation to global fractionation, leak-
age from sediments and international measures.
Environ. Pollut. 99, 177–198

Blomkvist G, Roos A, Jensen S, Bignert A, Olsson M. 1992.
Concentrations of SDDT and PCB in seals from Swed-
ish and Scottish waters. Ambio, 21, 539–545

Blood DC, Radostis OM, Arundel JH, Gay CC. 1989. In:
Veterinary medicine. A textbook of the diseases of cat-
tle, sheep, pigs, goats and horses. 7th ed. (Baillière
Tindall, London) pp. 1218–1223

Blus LJ. 1996. DDT, DDD, and DDE in birds, In: Environ-
mental contaminants in wildlife, interpreting tissue



Nyman36

concentrations. Editors, Beyer WN, Heinz GH and
Redmon-Norwood AW. (Lewis Publisher, USA) pp.
49–72

Boobis AR, Sesadric D, Murray BP, Edwards RJ, Singelton
AM, Rich KJ, Murray S, De La Torres R, Segura J,
Pelkonen O, Pasanen M, Kobayashi S, Zhi-Guang T,
Davies DS. 1990. Species variation in the response of
the cytochrome-P450-dependent monooxygenase sys-
tem inducers and inhibitors. Xenobiotica 20, 1139–1161

Boon JP, Reijnders PJH, Dols J, Wensvoort P, Hillebrand
MTJ. 1987. The kinetics of individual polychlorinated
biphenyl congeners in female harbour seals (Phoca
vitulina), with evidence for structure-related metabo-
lism. Aquat. Toxicol. 10, 307–324

Boon JP, van Arnhem E, Jansen S, Kannan N, Petrick G,
Schulz D, Duinker JC, Reijnders PJH, Goksøyr A. 1992.
The toxicokinetics of PCBs in marine mammals with
special reference to possible interactions of individual
congeners with the cytochrome P450-dependent
monooxygenase system — an overview. In: Persistent
Pollutants in Marine Ecosystems. Editors, Walker CH
and Livingstone D. (Pergamon Press, Oxford, UK) pp.
119–159

Boon JP, Oostingh I, van der Meer J, Hillebrand MTJ. 1994.
A model for the bioaccumulation of chlorobiphenyl
congeners in marine mammals. Environ. Toxicol.
Pharmacol. 270, 237–251

Boon JP, Sleiderink HM, Helle MS, Dekker M, van Schanke
A, Roex E, Hillebrand TJ, Klamer HJC, Govers B,
Pastor D, Morse D, Wester PG, de Boer J. 1998. The
use of microsomal in vitro assay to study the phase I
biotransformation of chloroboranes (toxaphene) in
marine mammals and birds. Comp. Biochem. Physiol.
121C, 385–403

Borlakoglu JT, Welch VA. 1992. Xenobiotic-induced ab-
errations of lipid metabolism. In: Fatty acids in foods
and their health implementations. Editor, Chow CK.
(Marcel Dekker Inc., New York) pp. 613–630

Bosveld ATC, Gradener J, Murk AJ, Brouwer A, van
Kampen M, Evers EHG, van den Berg M. 1995. Ef-
fects of PCDDs, PCDFs and PCBs in common terns
(Sterna hirundo) breeding in estuarine and coastal colo-
nies in the Netherlands and Belgium. Environ. Toxicol.
Chem. 14, 99–115

Bowen WD, Harrison GD. 1994. Offshore diet of grey seals
Halichoerus grypus near Sable Island, Canada. Mar.
Ecol. Prog. Ser. 112, 1–11

Bradford MM. 1976. A rapid and sensitive method for the
quantitation of microgram quantities of protein utiliz-
ing the principle of protein-dye binding. Anal. Biochem.
72, 248–254

Brandt I, Jönsson CJ, Lund BO. 1992. Comparative studies
on adrenocorticolytic DDT-metabolites. Ambio 21,
602–605

Brouwer A, Van Den Berg KJ. 1986. Binding of a metabolite
of 3,4,3´,4´-tetrachlorobiphenyl to transthyretin reduces
serum vitamin A transport by inhibiting the formation
of the protein complex carrying both retinol and thy-

roxin. Toxicol. Appl. Pharmacol. 85: 301–312
Brouwer A, Blaner W, Kukler A, van den Berg K. 1988.

Study on the mechanism of interference of 3,4,3´,4´-
tetrachlorobiphenyl with the plasma retinol-binding
proteins in rodents. Chem.-Biol. Interactions 68, 203–
217

Brouwer A, Reijnders PJH, Koeman JH. 1989. Poly-
chlorinated biphenyl (PCB)-contaminated fish induces
vitamin A and thyroid hormone deficiency in the com-
mon seal Phoca vitulina. Aquat. Toxicol. 15, 99–106

Brouwer A, Ahlborg UG, Van den Berg M, Birnbaum LS,
Boersma ER, Bosveld B, Dension MS, Earl Gray L,
Hagmar L, Holene E, Huisman M, Jacobson SW,
Koopman-Esseboom C, Koppe JG, Kulig BM, Morse
DC, Muckle G, Peterson RE, Sauer PJJ, Seegal RF,
Smits-Van Prooije AE, Touwen BCL, Weisglas-
Kuperus N, Winneke G. 1995. Functional aspects of
developmental toxicity of polyhalogenated aromatic
hydrocarbons in experimental animals and human in-
fants. Eur. J. Pharmacol. Environ. Toxicol. Pharmacol.
Section 293, 1–40

Bruhn R, Kannan N, Petrick G, Schulz-Bull DE, Duinker
JC. 1995. CB pattern in the harbour porpoise:
bioaccumulation, metabolism and evidence for cyto-
chrome P450 IIB activity. Chemosphere 31, 3721–3732

Bulger WH, Kupfer D. 1983. Estrogenic action of DDT
analogs. Am. J. Industr. Med. 4, 163–173

Burke MD, Prough RA, Mayer RT. 1977. Characteristics
of a microsomal cytochrome P-448-mediated reaction
ethoxyresorufin O-deethylation. Drug Metab. Dispos.
5, 1–8

Carriere V, Goasduff T, Ratanasavanh D, Morel F, Gautier
JC, Guillouzo A, Beaune P, Berthou F. 1993. Both
cytochromes P4502E1 and 1A1 are involved in the
metabolism of chlorozoxazone. Chem. Res. Toxicol.
6, 852–857

Cecil HC, Harris SJ, Bitman J, Fries GF. 1973. Poly-
chlorinated biphenyl-induced decrease in liver vitamin
A in Japanese quail and rats. Bull. Environ. Contam.
Toxicol. 9, 179–185

Chang GWM, Kam PCA. 1999. The physiological and phar-
macological roles of cytochrome P450 isozymes. An-
aesthesia 54, 42–50

Chen L-C, Berberian I, Koch B, Mercerier M, Azais-Braesco
V, Glauert H.P, Chow CK, Robertson LW. 1992.
Polychlorinated and polybrominated biphenyl conge-
ners and retinoid levels in rat tissues: structure-activity
relationships. Toxicol. Appl. Pharmacol. 114, 47–55

Christensen GM, Olson D, Riedel B. 1982. Chemical ef-
fects on the activity of eight enzymes: a review and a
discussion relevant to environmental monitoring.
Environ. Res. 29, 247–255

Cuvin-Aralar MLA, Furness RW. 1991. Mercury and sele-
nium interaction: A Review. Ecotoxicol. Environ. Saf.
21, 348–364

Dacie JV, Lewis SM. (eds.) 1984. Preparation and staining
methods for blood and bone-marrow films. In: Practi-
cal Haematology. (Churchill Livingstone, London) pp.



Biomarkers for exposure and effects of contamination in seals 37

50–61
Dees JH, Masters BSS, Muller-Eberhard U, Johnson EF.

1982. Effect of 2,3,7,8-tetrachlorodibenzo-p-dioxin and
phenobarbital on the occurrence and distribution of four
cytochrome P-450 isozymes in rabbit kidney, lung and
liver. Cancer Res. 42, 1423–1432

Delescluse C, Ledirac N, de Sousa G, Pralavorio M, Lesca
P, Rahmani R. 1998. Cytotoxic effects and induction
of P4501A1/2 by insecticides, in hepatic or epidermal
cells: binding capability to the Ah receptor. Toxicol.
Lett. 96/97, 33–39

DeLong RL, Gilmartin WG, Simpson JG. 1973. Premature
births in Californian seal lions: association with high
organochlorine pollutant residue levels. Science 181,
1168–1170

Depledge M. 1994. The rationale basis for the use of
biomarkers as ecotoxicological tools. In: Nondestructive
Biomarkers in Vertebrates. Editors, Fossi MC and
Leonzio C. (Boca Raton ,USA) pp. 271–295

De Swart RL. 1995. Impaired immunity in seals exposed to
bioaccumulated contaminants. (PhD Thesis Erasmus
Universiteit Rotterdam, The Netherlands)

De Swart RL, Ross PS, Vedder LJ, Timmerman HH,
Heisterkamp SH, Van Loveren H, Vos JG, Reijnders
PJH, Osterhaus A. 1994. Impairment of immune func-
tion in harbor seals (Phoca vitulina) feeding on fish
from polluted waters. Ambio 23, 155–159

De Swart RL, Ross PS, Vedder LJ, Boink FB, Reijnders PJ,
Mulder PG, Osterhaus AD. 1995. Hematology and clini-
cal chemistry values of harbor seals (Phoca vitulina)
fed environmentally contaminated herring remain
within normal ranges. Can. J. Zool. 73, 2035–2043

De Wit C, Jansson B, Bergek S, Hjelt M, Rappe C, Olsson
M, Andersson Ö. 1992. Polychlorinated dibenzo-p-di-
oxin and polychlorinated dibenzofuran levels and pat-
terns in fish and fish-eating wildlife in the Baltic Sea.
Chemosphere 25, 185–188

Dietz R, Norgaard J, Hansen C J. 1998. Have Arctic marine
mammals adapted to high cadmium levels? Mar. Pollut.
Bull. 36, 490–492

Domingo M, Ferrer L, Pumarola M, Marco A, Plana J,
Kennedy S, McAliskey M, Rima BK. 1990.
Morbillivirus in dolphins. Nature 348, 21

Duignan PJ, Nielsen O, House C, Kovacs KM, Duffy N,
Early G, Sadove S, St Aubin DJ, Rima BK, Geraci JR.
1997. Epizootiology of morbillivirus infection in harp,
hooded, and ringed seals from the Canadian Arctic and
Western Atlantic. J. Wildlife Diseases 33, 7–19

Duinker JC, Zeinstra T, Hillebrand MTJ, Boon JP. 1989.
Individual chlorinated biphenyls and pesticides in tis-
sues of some cetacean species from the North Sea and
the Atlantic Ocean; tissue distribution and biotransfor-
mation. Aquat. Mamm. 15, 95–124

Engelhardt FR. 1979. Haematology and plasma chemistry
of captive pinnipeds and cetaceans. Aquat. Mamm. 7,
11–24

Engelhardt FR. 1982. Hydrocarbon metabolism and corti-
sol balance in oil-exposed ringed seals, Phoca hispida.

Comp. Biochem. Physiol. 72C, 133–136
Erickson MD. 1997. Analytical chemistry of PCBs, 2nd

Edition. (CRC press. USA)
Fant ML, Nyman M, Helle E, Rudbäck E. 2001. Mercury,

cadmium lead and selenium in ringed seals (Phoca
hispida) from the Baltic Sea and from Svalbard.
Environ. Pollut. 111, 493–501 [In press.]

Fossi MC, Marsili L, Leonzio C, Notarbartolo di Sciara G,
Zanardelli M, Focardi S. 1992. The use of non-destruc-
tive biomarkers in Mediterranean cetaceans: Prelimi-
nary data on MFO activity in skin biopsy. Mar. Pollut.
Bull. 24, 4459–461

Fossi MC, Marsili L, Junni M, Castello H, Lorenzani JA,
Casini S, Savelli C, Leonzio C. 1997. Use of non-
destructive biomarkers and residue analysis to assess
the health status of endangered species of pinnipeds in
the South West Atlantic. Mar. Pollut. Bull. 34, 157–162

Fossi MC, Casini S, Marsili L. 1999. Nondestructive
biomarkers of exposure to endocrine disrupting chemi-
cals in endangered species of wildlife. Chemosphere.
39, 1273–1285

Garrison PA, Tullis K, Aarts JMMJG, Brouwer A, Giesy
JP, Denison MS. 1996. Species-specific recombinant
cell lines as bioassay system for the detection of 2,3,7,8-
tetrachlorodibenzo-p-dioxin-like chemicals. Fund.
Appl. Toxicol. 30, 194–203

Geraci JR, Aubin DJ, Smith TG. 1979. Influence of age,
condition, sampling time, and method on plasma chemi-
cal constituents in free-ranging ringed seals, Phoca
hispida. J. Fish. Res. Board Can. 36, 1278–1282

Giesy JP, Kannan K. 1998. Dioxin-like and non-dioxin like
toxic effects of polychlorinated biphenyls (PCBs): im-
plications for risk assessment. Crit. Rev. Toxicol. 28,
511–569

Gjertz I, Lydersen C. 1986. The ringed seal (Phoca hispida)
spring diet on the northwestern Spitsbergen, Svalbard.
Polar Res. 4, 53–56

Goksøyr A. 1995. Cytochrome P450 in marine mammals:
isozyme forms, catalytic functions, and physiological
regulations. In: Whales, Seals, Fish and Man. Editors,
Blix AS, Walløe L and Ulltang Ø. (Elsevier Science,
Amsterdam) pp. 629–639

Goksøyr A, Förlin L. 1992. The cytochrome P450 system
in fish, aquatic toxicology and environmental monitor-
ing. Aquat. Toxicol. 22, 287–312

Goksøyr A, Andersson T, Förlin L, Stenersen J, Snowberger
EA, Woodin BR, Stegeman JJ. 1988. Xenobiotic and
steroid metabolism in adult and foetal piked (minke)
whales, Balaenoptera acutorostrata. Mar. Environ. Res.
24, 9–13

Goksøyr A, Beyer J, Larsen HE, Andersson T, Förlin L.
1992. Cytochrome P450 in seals: monooxygenase ac-
tivities, immunochemical cross-reactions and response
to phenobarbital treatment. Mar. Environ. Res. 34, 113–
116

Gonzales FJ, Nebert DW. 1990. Evolution of the P450 gene
superfamily. Trends Genet. 6, 182–186

Gooch JW, Elskus AA, Kloepper-Sams PJ, Hahn ME,



Nyman38

Stegeman JJ. 1989. Effects of ortho and non-ortho sub-
stituted polychlorinated biphenyl congeners on the he-
patic mono-oxygenase system in scup (Stenotomus
chrysops). Toxicol. Appl. Pharmacol. 98, 422–433

Goodman DS. 1984. Plasma retinol-binding protein. In: The
Retinoids, Vol. 2. Editors, Sporn MB, Roberts AB and
Goodman DS. (Academic Press, New York) pp. 41–88

Got L, Gousson T, Delacoux E. 1995. Simultaneous deter-
mination of retinyl esters and retinol in human livers
by reversed-phase high-performance liquid chromatog-
raphy. J. Chromatogr. B 668, 233–239

Gradelet S, Astorg P, Leclerc J, Chevalier J, Vernevaut MF,
Siess MH. 1996. Effects of canthaxanthin, astaxanthin,
lycopene and lutein on liver xenobiotic-metabolising
enzymes in the rat. Xenobiotica 26, 49–63

Greenwood A. 1971. Blood values in young gray seals. J.
Am. Vet. Med. Assoc. 159, 571–574

Guengerich FP. 1993a. Cytochrome P450 enzymes. Am.
Sci., 81, 440–447

Guengerich FP. 1993b. Metabolic reactions: types of reac-
tions of cytochrome P450 enzymes. In: Cytochrome
P450. Editors, Schenkman JB and Griem H. (Springer-
Verlag, Berlin) pp. 89–122

Guigal N, Seree E, Bouragarel-Rey V, Barra Y. 2000. In-
duction of CYP1A1 by serum independent of AhR path-
way. Biochem. Biophys. Res. Comm. 267, 572–576

Hansen LG. 1998. Stepping back to improve assessment of
PCB congener toxicities. Environ. Health Persp. 106
Suppl 1, 171–189

Hedlund Markussen N, Have P. 1992. Phocine distemper
virus infection in harp seals (Phoca Groenlandica). Mar.
Mamm. Sci. 8, 19–26

Helander B, Olsson M, Reutergardh L. 1982. Residue lev-
els of organochlorine and mercury compounds in
unhatched eggs and the relationship to breeding suc-
cess in white tailed eagle Haliaetus albicilla in Swe-
den. Holarct. Ecol. 5, 349–366

Helle E, Olsson M, Jenssen S. 1976a. DDT and PCB levels
and reproduction in ringed seal from the Bothnian Bay.
Ambio 5, 188–189

Helle E, Olsson M, Jenssen S. 1976b. PCB levels corre-
lated with pathological changes in seal uteri. Ambio 5,
261–263

Helle E. 1981. Reproductive trends and occurrence of
organochlorines and heavy metals in the Baltic seal
populations. International Council for the Exploration
of the Sea (CM papers and reports) E: 37.

Hendriks HFJ, Verhoofstad WAMM, Brouwer A, de Leeuw
AM, Knook DL. 1985. Perisunoidal fat-storing cells
are the main vitamin A storage sites in rat liver. Exp.
Cell Res. 160, 138–149

Hennig B, Slim R, Toborek M, Robertson LW. 1999. Lino-
leic acid amplifies polychlorinated biphenyl-mediated
dysfunction of endothelial cells. J. Biochem. Mol.
Toxicol. 13, 83–91

Herva E, Häsänen E. 1972. Mercury in seals of the Gulf of
Bothnia. (in Finnish). Suomen Eläinlääkärilehti 78,
445–448

Honkakoski P, Mäenpää J, Leikola J, Pasanen M, Juvonen
R, Lang MA, Pelkonen O, Raunio H. 1993. Cytochrome
P4502A-mediated coumarin 7-hydroxylation and tes-
tosterone hydroxylation in mouse and rat lung.
Pharmacol. Toxicol. 72, 107–112

Huuskonen S, Lindström-Seppä P. 1995. Hepatic cyto-
chrome P4501A and other biotransformation activities
in perch (Perca fluviatilis): the effects of unbleached
pulp mill effluents. Aquat. Toxicol. 31, 27–41

Hårding KC, Härkönen TJ. 1999. Development in the Bal-
tic grey seal (Halichoerus grypus) and ringed seal
(Phoca hispida) populations during the 20th century.
Ambio 28, 619–627

Härkönen T, Stenman O, Jussi M, Jussi I, Sagitov R,
Verevkin M. 1998. Population size and distribution of
the Baltic ringed seal (Phoca hispida botnica). In:
Ringed Seals in the North Atlantic. Editors, Heide-
Jorgesen M and Lydersen C. NAMMCO Scientific
Publications 1, 167–180

ICBS 1999. (International Conference on Baltic Seals).
Abstract collection. Pärnu, Estonia.

Ioannides C. 1999. Effect of diet and nutrition on the ex-
pression of cytochromes P450. Xenobiotica 29, 109–
154

Jensen S. 1972. The PCB story. Ambio 1, 123–131
Jensen S, Johnels AG, Olsson M, Otterlind G. 1969. DDT

and PCB in marine mammals from Swedish waters.
Nature 224, 247–250

Jenssen B, Skaare J, Wolstad S, Nastad A, Haugen O, Sørmo
E. 1995. Biomarkers in blood to assess effects of
polychlorinated biphenyls in free-living grey seal pups.
In: Whales, Fish and Man. Editors, Blix AS, Walløe L
and Ulltang O. (Elsevier Science Publishers, Amster-
dam) pp. 607–615

Jepson PD, Bennett PM, Allchin CR, Law RJ, Kuiken T,
Baker JR, Rogan E, Kirkwood JK. 1999. Investigating
potential associations between chronic exposure to
polychlorinated biphenyls and infectious disease mor-
tality in harbour porpoises from England and Wales.
Sci. Tot. Environ. 243/244, 339–348

Jewell C, O’Brien NM. 1999. Effect of supplementation
with carotenoids on xenobiotic metabolising enzymes
in the liver, lung, kidney and small intestine of the rat.
Br. J. Nutr. 81, 235–242

Johansson M, Larsson C, Bergman Å, Lund O-B. 1998.
Structure-activity relationship for inhibition of
CYP11B1-dependent glucorticoid synthesis in Y1 cells
by aryl methyl sulfones. Pharmacol. Toxicol. 83, 225–
230

Jonsson P, Grimvall A, Cederlöf M, Hildén M. 1996. Pol-
lution threats to the gulf of Bothnia. Ambio Special
Report 8, 22–27

Kannan N, Tanabe S, Ono M, Tatsukawa R. 1989. Critical
evaluation of polychlorinated biphenyl toxicity in ter-
restrial and marine mammals: increasing impact of non-
ortho and mono-ortho coplanar polychlorinated
biphenyls from land to ocean. Arch. Environ. Contam.
Toxicol. 18, 850–857



Biomarkers for exposure and effects of contamination in seals 39

Kari T, Kauranen P. 1978. Mercury and selenium contents
of seals from fresh and brackish waters in Finland. Bull.
Environ. Contam. Toxicol. 19, 273–280

Kennedy S, Smyth JA, McCollough SJ, Allan GM, McNiel
F, McQuaid S. 1988. Confirmation of cause of recent
seal deaths. Nature 335, 404

Kim JH, Stansbury KH, Walker NJ, Trush MA, Strickland
PT, Sutter TR. 1998. Metabolism of benzo(a)pyrene
and benzo(a) pyrene-7,8-diol by human cytochrome
P450 1B1. Carcinogenesis 19, 1847–1853

Koistinen J, Stenman O, Haahti H, Suonperä M, Paasivirta
J. 1997. Polychlorinated diphenyl ethers, dibenzo-p-
dioxins, dibenzofurans and biphenyls in seals and sedi-
ment from the Gulf of Finland. Chemosphere 35, 1249–
1269

Kokko H, Helle E, Lindström J, Ranta E, Sipilä T,
Courchamp F. 1999. Backcasting population sizes of
ringed seals in the Baltic and Lake Saimaa during the
20th century. Ann. Zool. Fennici 36, 65–73

Kreiss K, Zack M, Kimbrough R, Needham L, Smrek A,
Jones B. 1981. Association of blood pressure and
polychlorinated biphenyl levels. J. Am. Med. Assoc.
245, 2505–2509

Kronbach T, Mathys D, Gut J, Catin T, Meyer UA. 1987.
High-performance liquid chromatographic assay for
bufuralol 1´-hydroxylase, debrisoquine 4-hydroxylase,
and dextromethorphan O-demethylase in microsomes
and purified cytochrome P-450 isozymes of human
liver. Anal. Biochem. 162, 24–32

Käkelä R, Käkelä A, Hyvärinen H, Asikainen J, Dahl S.
1999. Vitamins A1, A2, and E in minks exposed to
polychlorinated biphenyls (Arochlor 1242) and copper,
via diet based on freshwater or marine fish. Environ.
Toxicol. Chem. 18, 2595–2599

Lange U, Goksøyr A, Siebers D, Karbe L. 1999. Cytochrome
P450 1A-dependent enzyme activities in the liver of
dab (limanda limanda): kinetics, seasonal changes and
detection limits. Comp. Biochem. Physiol. 123B, 361–
371

Larsson U, Elmgren R, Wulff R. 1985. Eutrophication and
the Baltic Sea: causes and consequences. Ambio 14,
9–14

Laws RM. 1952. A new method of age determination for
mammals. Nature 169, 972

Letcher RJ. 1996. The ecological and analytical chemistry
of chlorinated hydrocarbon contaminants and methyl
sulfonyl-containing metabolites in the polar bear (Ursus
maritimus) food chain. (PhD Thesis Carleton Univer-
sity, Canada)

Letcher RJ, Norstrom RJ, Lin S, Ramsay MA, Bandeira
SM. 1996. Immunoquantitation on microsomal mono-
oxygenase activities of hepatic cytochromes P4501A
and P4502B and chlorinated hydrocarbon contaminant
levels in polar bears (Ursus maritimus). Toxicol. Appl.
Pharmacol. 137, 127–140

Letcher RJ, Norstrom RJ, Muir DCG. 1998. Biotransfor-
mation versus bioaccumulation: Sources of methyl
sulfone PCB and 4,4´-DDE metabolites in the polar bear

food chain. Environ. Sci. Technol. 32, 1656–1661
Letcher RJ, Klasson-Wehler E, Bergman Å. 2000a. Methyl

sulfone and hydroxylated metabolites of poly-
chlorinated biphenyls. In: The Handbook of Environ-
mental Chemistry Vol. 3. Editor Paasivirta J. (Springer
Verlag, Berlin) pp. 317–359

Letcher RJ, Norstrom RJ, Muir DCG, Sandau CD,
Koczanski K, Michaud R, De Guise S, Béland P. 2000b.
Methylsulfone polychlorinated biphenyl and 2,2-
bis(chlorophenyl)-1,1-dichloroethylene metabolites in
beluga whale (Delphinapterus leucas) from the St.
Lawrence River estuary and western Hudson Bay,
Canada. Environ. Toxicol. Chem. 19, 1378–1388

Lewis DFV.  (ed.) 1996. Cytochromes P450, Structure, Func-
tion and Mechanism. (Taylor and Francis, UK)

Lewis DFV, Lake BG. 1995. Molecular modelling of mem-
bers of the P4502A subfamily: application to studies of
enzyme specificity. Xenobiotica 25, 585–598

Lewis DFV, Ioannides C, Parke DV. 1998a. An improved
updated version of the compact procedure for the evalu-
ation of P450-mediated chemical activation. Drug
Metab. Rev. 30, 709–737

Lewis DFV, Ioannides C, Parke DV. 1998b. Cytochromes
P450 and species differences in xenobiotic metabolism
and activation of carcinogenesis. Environ. Health Persp.
106, 633–641

Lind M. 2000. Organochlorines and bone. Effects of organo-
chlorines on bone tissue morphology, composition and
strength. (PhD. Thesis, Uppsala University, Sweden)

Lowry LF, Frost KJ, Burns JJ. 1980. Variability in the diet
of ringed seals, Phoca hispida, in Alaska. Can. J. Fish
Aquat. Sci. 37, 2254–2261

Lund B-O. 1994. In vitro bioactivation and effects on ster-
oid metabolism of DDT, PCBs and their metabolites in
the grey seal (Halichoerus grypus). Environ. Toxicol.
Chem. 13, 911–917

Lund B-O, Örberg J, Bergman Å, Larsson C, Bergman A,
Bäcklin BM, Håkansson H, Madej A, Brouwer A,
Brunström B. 1999. Chronic and reproductive toxicity
of a mixture of 15 methylsulfonyl-polychlorinated bi-
phenyls and 3-methylsulfonyl-2,2-bis-(4-chlorophenyl)-
1,1-dichloroethene in mink (Mustela vison). Environ.
Toxicol. Chem. 18, 292–298

Mamaev LV, Visser IKG, Belikov SI, Denikina NN, Harder
T, Goatley L, Rima B, Edington B, Osterhaus ADME,
Barrett T. 1996. Canine distemper virus in Baikal seals
(Phoca sibirica). Vet. Rec. 138, 437–439

Manca D, Ricard AC, Trottier B, Chevalier G. 1991. Stud-
ies on lipid peroxidation in rat tissues following ad-
ministration of low and moderate doses of cadmium
chloride. Toxicol. 67, 303–323

Marsili L, Fossi MC, Notarbartolo Di Sciara G, Zanardelli
M, Nani B, Panigada S, Focardi S. 1998. Relationship
between organochlorine contaminants and mixed func-
tion oxidase activity in skin biopsy specimens of Medi-
terranean fin whales (Balaenoptera physalus). Chemo-
sphere 37, 1501–1510

Martineau D, De Guise S, Fournier M, Shugart L, Girard C,



Nyman40

Lagacé A, Béland P. 1994. Pathology and toxicology
of beluga whales from the St. Lawrence Estuary, Que-
bec, Canada. Past, present and future. Sci. Tot. Environ.
154, 201–215

Matthäus W, Schinke H. 1999. The influence of river run-
off on deep water conditions of the Baltic Sea.
Hydrobiologia 393, 1–10

McConnell LC, Vaughan RW. 1983. Some blood values in
captive and free-living common seals (Phoca vitulina).
Aquat. Mamm. 10, 9–13

Morgan ET, Sewer MB, Iber H, Gonzales FJ, Lee Y-H,
Tukey RH, Okino S, Vu T, Chen Y-H, Sidhu JS,
Omiecinski CJ. 1998. Physiological and pathophysi-
ological regulation of cytochrome P450. Drug Metab.
Dispos. 26, 1232–1240

Mortensen P, Bergman A, Bignert A, Hansen H-J, Härkönen
T, Olsson M. 1992. Prevalence of skull lesions in har-
bour seals (Phoca vitulina) in Swedish and Danish
Museum collections: 1835–1988. Ambio 21, 520–524

Mugford CA, Kedder GL. 1998. Sex-dependent metabo-
lism of xenobiotics. Drug Metab. Rev. 30, 441–498

Murk AJ. 1997. Biomarkers for the assessment of exposure
and sublethal effects of PHAHs in wildlife – With spe-
cial emphasis on the aquatic food chain (PhD Thesis,
University of Wageningen, The Netherlands)

Murk A, Morse D, Boon J, Brouwer A. 1994. In vitro me-
tabolism of 3,3´,4,4´-tetrachlorobiphenyl in relation to
ethoxyresorufin-O-deethylase activity in liver micro-
somes of some wildlife species and rat. Europ. J.
Pharmacol.-Environ. Toxicol. Pharmacol. 270, 253–261

Murk AJ, Leonards PEG, Van Hattum B, Luit R, Van der
Weiden MEJ and Smit M. 1998. Application of
biomarkers for exposure and effects of polyhalogenated
aromatic hydrocarbons in naturally exposed European
otters (Lutra lutra). Environ. Toxicol. Pharmacol. 6,
91–102

Myers MS, Stehr CM, Olson OP, Johnson LL, McCain BB,
Chan S-L, Varanasi U. 1994. Relationship between
toxicophatic hepatic lesions and exposure to chemical
contaminants in English sole (Pleuronectes vetulus),
starry flounder (Platichthys stellatus), and white croaker
(Genyonemus lineatus) from selected marine sites on
the Pacific coast, USA. Environ. Health Persp. 102,
200–215

Nebert DW, Gonzales FJ. 1987. P450 genes: Structure,
evolution and regulation. Ann. Rev. Biochem. 56, 945–
993

Nebert DW, Roe AL, Dieter MZ, Solis WA, Yang Y, Dalton
TP. 2000. Role of aromatic hydrocarbon receptor (Ah)
and gene battery in oxidative stress response, cell cycle
control and apoptosis. Biochem. Pharmacol. 59, 65–85

Nelson D, Koymans L, Kamataki T, Stegeman JJ,
Feyereisen R, Waxman D, Waterman M, Gotoh O,
Coon M, Estabrook R, Gunsalus C, Nebert D. 1996.
P450 Superfamily: update on new sequences, gene
mapping, accession numbers and nomenclature. Phar-
macogenetics 6, 1–42

Nielsen B, Berg K, Goksøyr A. 1999. Induction of cyto-

chrome P4501A (CYP1A) in fish; A biomarker for
environmental pollution. In: Methods in Molecular
Biology. Editors, Phillips IR and Shephard EA.
(Humana press, USA) pp. 423–438

Norstrom RJ, Muir DCG. 1994. Chlorinated hydrocarbon
contaminants in arctic marine mammals. Sci. Tot.
Environ. 154, 107–128

Norstrom RJ, Muir DCG, Ford CA, Simon M, Macdonald
CR, Béland P. 1992. Indications of P450 mono-
oxygenase activities in beluga (Delphinapterus leucas)
and narwhal (Monodon monoceros) from patterns of
PCB, PCDD and PCDF accumulation. Mar. Environ.
Res. 34, 267–272

NRC (National Research Council). 1987. Committee on
biological markers. Environ. Health Persp. 74, 3–9

Nuutinen M. 1972. Hemoglobiinin määritys. In: Kliiniset
laboratoriotutkimukset. Editors, Hyvärinen A, Jannes
J, Nikkilä E, Saris N-E and Vuopio P. (WSOY, Fin-
land) pp. 445–449

Oinonen T. 1996. Regulation of the zone-specific expres-
sion of cytochrome P450 in rat liver. (PhD Thesis Uni-
versity of Helsinki, Finland).

Okey AB. 1990. Enzyme induction in the cytochrome P-
450 system. Pharmacol. Therap. 45, 241–298

Olsson M, Andersson Ö, Bergman Å, Blomkvist G, Frank
A, Rappe C. 1992. Contaminants and disease in seals
from Swedish waters. Ambio 21, 561–562

Olsson M, Karlsson B, Ahnland E. 1994. Diseases and en-
vironmental contaminants in seals from the Baltic and
the Swedish West Coast. Sci. Tot. Environ. 154, 217–
227

Ono S, Hatanaka T, Hotta H, Tsustsui M, Satoh T, Gonzalez
FJ. 1995. Chlorzoxazone is metabolized by human
CYP1A2 as well as by human CYP2E1. Pharmacoge-
netics 5, 143–150

O’Shea T. 1999. Environmental contaminants and marine
mammals. In: Biology of Marine Mammals. Editors,
Reynolds III JE and Rommel SA. (Smithsonian Insti-
tution Press, USA) pp. 485–536

Osterhaus ADME, Groen J, Niesters H, van de Bilt M,
Martina B, Vedder L, Vos J, van Egmond H, Sidi BA,
Barham MEO. 1997. Morbillivirus in monk seal mass
mortality. Nature 388, 838–839

Paasivirta J, Rantio T, Koistinen J, Vuorinen P. 1993. Stud-
ies on toxaphene in the environment. II. PCCs in Baltic
and Arctic Sea and lake fish. Chemosphere 27, 2011–
2015

Park YH, Kullberg MP, Hinsvark ON. 1984. Quantitative
determination of dextromethorphan and three
metabolites in urine by reverse-phase high-performance
liquid chromatography. J. Pharmacol. Sci. 73, 24–29

Park J-Y, Shigenaga MK, Ames BN. 1996. Induction of
cytochrome P4501A1 by 2,3,7,8-tetrachlorodibenzo-p-
dioxin or indole(3,2-b)carbazole is associated with
oxidative DNA damage. Proc. Natl. Acad. Sci. USA
93, 2322–2327

Parkinson A, Safe SH, Robertson LW, Thomas PE, Ryan
DE, Reik LM, Levin W. 1983. Immunochemical



Biomarkers for exposure and effects of contamination in seals 41

quantitation of cytochrome –P450 isozymes and epox-
ide hydrolase in liver microsomes from polychlorinated
or polybrominated biphenyl-treated rats. J. Biol. Chem.
258, 5967–5976

Peakall D. (ed.) 1992. Animal Biomarkers as Pollution In-
dicators. (Chapman & Hall, UK)

Pelkonen O, Bremier DD. 1994. Role of environmental fac-
tors in the pharmacokinetics of drugs: considerations
with respect to animal models, P450 enzymes, and probe
drugs. In: Handbook of Experimental Pharmacology,
Vol 10. Editors, Welling PG and Balant LP. (Springer
Verlag, Berlin) pp. 298–332

Pelkonen O, Raunio H. 1997. Metabolic activation of tox-
ins: tissue-specific expression and metabolism in tar-
get organs. Environ. Health Persp. 104, suppl. 4, 767–
774

Pelkonen O, Raunio H, Rautio A, Pasanen M, Lang M. 1997.
The metabolism of coumarin. In: Coumarin — Biol-
ogy, Applications and Mode of Action. Editors, Kennedy
R and Thornes RD. (Wiley & Sons, Chichester) pp. 67–
92

Perttilä M, Stenman O, Pyysalo H, Wickström K. 1986.
Heavy metals and organochlorine compounds in seals
in the Gulf of Finland. Mar. Environ. Res. 18, 1962–
1966

Peter R, Böcker R, Beaune PH, Iwasaki M, Guengerich FP,
Yang CS. 1990. Hydroxylation of chlorozoxazone as a
specific probe for human liver cytochrome P-450IIE1.
Chem. Res. Toxicol. 3, 566–573

Peterle TJ. (ed.) 1991. Wildlife toxicology. (Van Nostrand
Reinhold. NY, USA)

Raunio H, Pasanen M, Hakkola J, Mäenpää J, Pelkonen O.
1995. Extrahepatic expression of human P450s. In:
Advances in Drug Metabolism in Man. Editors, Pacifici
GM and Fracchia GN. (Commission of the European
Communities, Luxembourg) EUR 15439 EN, 234–287

Raunio H, Juvonen R, Pasanen M, Pelkonen O, Pääkkö P,
Soini Y. 1998. Cytochrome P4502A6 (CYP2A6) ex-
pression in human hepatocellular carcinoma. Hepato-
logy 27, 427–432

Read AJ. 1990. Estimation of body condition in harbour
porpoises (Phocaena phocaena). Can. J. Zool. 68,1962–
1966

Reeves RR, Stewart BS, Leatherwood S. (eds.) 1992. Seals
and Sirenians. (Dai Nippon Printing Company, Japan)

Reijnders PJH. 1980. Organochlorine and heavy metal
residues in harbour seals from the Wadden Sea and their
possible effects on reproduction. Neth. J. Sea Res. 14,
30–65

Reijnders, PJH. 1986. Reproductive failure in common seals
feeding on fish from polluted coastal waters. Nature
324, 456–457

Ross P. 1995. Seals, pollution and disease: environmental
contaminant induced immunosuppression. (PhD The-
sis Universiteit Utrecht, The Netherlands)

Ross P, De Swart R, Visser IKG, Vedder LJ, Murk AJ,
Bowen WD, Osterhaus ADME. 1994. Relative immu-
nocompetence of the newborn harbour seal, Phoca

vitulina. Vet. Immunol. Immunopathol. 42, 331–348
Safe S. 1990. Polychlorinated biphenyls (PCBs), dibenzo-

p-dioxins (PCDDs) dibenzofurans (PCDFs), and related
compounds: Environmental and mechanistic considera-
tions which support the development of toxic equiva-
lency factors (TEFs). Crit. Rev. Toxicol. 21, 51–88

Safe S. 1994. Polychlorinated biphenyls (PCBs) and
polybrominated biphenyls (PBBs): Biochemistry, toxi-
cology, and mechanisms of action. CRC Crit. Rev.
Toxicol. 13, 319–393

Schlezinger JJ, White RD, Stegeman JJ. 1999. Oxidative
inactivation of cytochrome P4501A (CYP1A) stimu-
lated by 3,3´,4,4´-tetrachlorobiphenyl: production of
reactive oxygen by vertebrate CYP1As. Mol.
Pharmacol. 56, 588–597

Schweigert FJ, Stobo WT, Zucker H. 1987. Vitamin A sta-
tus in the grey seal (Halichoerus grypus) on Sable Is-
land. Internat. J. Vit. Nutr. Res. 57, 239–245

Schweigert F J, Ryder OA, Rambeck WA, Zucker H. 1990a.
The majority of vitamin A is transported as retinyl es-
ters in the blood of most carnivores. Comp. Biochem.
Physiol. 95A, 573–578

Schweigert FJ, Stobo WT, Zucker H. 1990b. Vitamin E
and fatty acids in the grey seal (Halichoerus grypus). J.
Comp. Physiol. B159, 649–654

Shimada T, Hayes CL, Yamazaki H, Amin S, Hecht SS,
Guengerich FP, Sutter TR. 1996. Activation of chemi-
cally diverse procarcinogens by human cytochrome
P450 1B1. Cancer Res. 56, 2979–2984

Shimada T, Yamazaki H, Forozesh M, Hopkins N, Alworth
W, Guengerich FP. 1998. Selectivity of polycyclic in-
hibitors for human cytochrome P450s 1A1, 1A2 and
1B1. Chem. Res. Toxicol. 11, 1048–1056

Sinclair P, Frezza J, Sinclair J, Bement W, Haugen S, Healey
J, Bonkvsky H. 1989. Immunochemical detection of
different isozymes of P450 induced in chick hepato-
cyte cultures. Biochem. J. 258, 237–245

Slezak BP, Diliberto JJ, Birnbaum LS. 1999. 2,3,7,8-
tetrachlorodibenzo-p-dioxin-mediated oxidative stress
in CYP1A2 knockout (CYP1A2-/-) mice. Biochem.
Biophys. Res. Comm. 264, 376–379

Slim R, Toborek M, Robertson LW, Hennig B. 1999. Anti-
oxidant protection against PCB-mediated endothelial
cell activation. Toxicol. Sci. 52, 232–239

Smith TG. 1987. The ringed seal, Phoca hispida, of the
Canadian western Arctic. Can. Bull. Fish Aquat. Sci.
216, 1–81

Spear PA, Garcin H, Narbonne JF. 1988. Increased retinoic
acid metabolism following 3,3´,4,4´5,5´-hexabromo-
biphenyl injection. Can. J. Physiol. Pharmacol. 66,
1181–1186

Stacey NH, Kappus H. 1982. Cellular toxicity and lipid
peroxidation in response to mercury. Toxicol. Appl.
Pharmacol. 63, 29–35

Stegeman JJ, Hahn ME. 1994. Biochemistry and molecular
biology of monooxygenases: Current perspectives on
forms, functions, and regulation of cytochrome P450
in aquatic species. In: Aquatic toxicology: Molecular,



Nyman42

biochemical and cellular perspectives. Editors, Malins
DC and Ostrander GK (Lewis Publishers, USA) pp.
87–206

Stegeman JJ, Livingstone DR. 1998. Forms and functions
of cytochrome P450. Comp. Biochem. Physiol. C121,
1–3

Stegeman JJ, Miller MR, Hinton DE. 1989. Cytochrome
P4501A1 induction and localisation in endothelium of
vertebrate (teleost) heart. Mol. Pharmacol. 36, 723–729

Stegeman JJ, Brouwer M, Di Giulio RT, Förlin L, Fowler
BA, Sanders BM, Van Veld PA. 1992. Molecular re-
sponses to environmental contamination: Enzyme and
protein systems as indicators of chemical exposure and
effect. In: Biomarkers, Biochemical, Physiological, and
Histological Markers of Anthropogenic Stress. Editors,
Hugget RJ, Kimerle RA, Mehrle PM and Bergman HL
(Lewis Publishers, USA) pp. 235–335

Söderberg S. 1974. Östersjöns sälpopulationer. Svenska
Naturvårdsverket (SNV PM) 419, 3–29

Tanabe S. 1988. PCB problems in the future: foresight from
current knowledge. Environ. Pollut. 50, 5–28

Tanabe S, Tatsukawa R, Tanaka H, Maruyama K, Miyazaki
N, Fuijyama T. 1981. Distribution and total burdens of
chlorinated hydrocarbons in bodies of striped dolphins
(Stenella coeruleoalba). Agric. Biol. Chem. 45, 2569–
2578

Tanabe S., Watanabe S., Kan H., Tatsukawa R. 1988. Ca-
pacity and mode of PCB metabolism in small cetaceans.
Mar. Mamm. Sci. 4, 103–124

Tanabe S, Iwata H, Tatsukawa R. 1994. Global contamina-
tion by persistent organochlorines and their ecotoxic-
ological impact on marine mammals. Sci. Tot. Environ.
154, 163–177

Thirman MJ, Albrecht JH, Krueger MA, Erickson RR,
Cherwitz DL, Park SS, Gelboin HV, Holtzman JL.
1994. Induction of cytochrome CYP1A1 and forma-
tion of toxic metabolites of benzo (a) pyrene by rat aorta:
A possible role in atherogenesis. Proc. Natl. Acad. Sci.
USA 91, 5397–5401

Toborek M, Barger SW, Mattson MP, Espandiari P,
Robertson LW, Hennig B. 1995. Exposure to polychlor-
inated biphenyls causes endothelial cell dysfunction. J.
Biochem. Toxicol. 10, 219–226

Tormosov DD, Rezvov GV. 1978. Information on the dis-
tribution, number and feeding habits of ringed and grey
seals in the Gulfs of Finland and Riga in the Baltic Sea.
Finn. Game Res. 37, 14–21

Towbin H, Staehelin T, Gordon J. 1979. Electrophoretic
transfer of proteins from polyacrylamide gels to nitro-
cellulose: procedure and some applications. Proc. Natl.
Acad. Sci. USA 79, 4350–4354

Troisi GM, Mason CF. 1997. Cytochromes P450, P420 &
mixed-function oxidases as biomarkers of polychlorina-
ted biphenyl (PCB) exposure in harbour seals (Phoca
vitulina). Chemosphere 35, 1933–1946

Ushio F, Fukuhara M, Bani M-H, Narbonne J-F. 1996.
Expression of cytochrome P450 isozymes in Syrian
hamster after dietary vitamin A supplementation and

deficiency. Internat. J. Vit. Nutr. Res. 66, 197–202
Van den Berg M, De Jongh J, Poiger H, Olson JR. 1994.

The toxicokinetics and metabolism of polychlorinated
dibenzo-p-dioxins (PCDDs) and dibenzofurans
(PCDFs) and their relevance for toxicity. Crit. Rew.
Toxicol. 24, 1–74

Vandenberghe J. 1996. Hepatotoxicology: structure, func-
tion and toxicological pathology. In: Toxicology: prin-
ciples and applications. Editors, Niesink RJM, de Vries
J. and Hollinger MA. (CRC Press, Boca Raton, USA)
pp. 703–724

Van Hezik CM, Letcher RJ, de Geus H-J, Wester PG,
Goksøyr A, Lewis WE, Boon JP. 2001 Indications for
the involvement of CYP3A-like iso-enzyme in the me-
tabolism of chlorobornane (Toxaphene) congeners in
seals from inhibition studies with liver microsomes.
Aquat. Toxicol. 51, 29–43 [In press.]

Van der Oost R, Goksøyr A, Celander M, Heida H,
Vermeulen NPE. 1996. Biomonitoring of aquatic pol-
lution with feral eel (Anguilla anguilla). II. Biomarkers:
pollution-induced biochemical responses. Aquat.
Toxicol. 36, 189–222

Vuorinen P, Paasivirta J, Keinänen M, Koistinen J, Rantio
T, Hyötyläinen T, Welling L. 1997. The M74 syndrome
of Baltic salmon (Salmo Salar) and organochlorine con-
centrations in the muscle of female salmon.
Chemosphere 34, 1151–1166

Wahlström E, Reinikainen T, Hallanaro E-L. (eds.) 1992.
Miljöns tillstånd i Finland. (Gaudeamus Kirja, Helsinki)
pp. 159–173

Watanabe S, Shimada T, Nakamura S, Nishiyama N,
Yamashita N, Tanabe S, Tatsukawa R. 1989. Specific
profile of liver microsomal cytochrome P450 in dol-
phin and whales. Mar. Environ. Res. 27, 51–65

Waxman DJ, Ko A, Walsh C. 1983. Radioselectivity and
stereoselectivity of androgen hydroxylations catalysed
by cytochrome P-450 isozymes purified from pheno-
barbital induced rat liver. J. Biol. Chem. 258, 11937–
11947

Weaver RJ, Dickins M, Burje MD. 1999. A comparison of
basal and induced hepatic microsomal cytochrome P450
monooxygenase activities in the cynomolgus monkey
(Macaca fascicularis) and man. Xenobiotica 29, 467–
482

Weslawski JM, Ryg M, Smith TG, Oritsland NA. 1994.
Diet of ringed seals (Phoca hispida) in a fjord of West
Svalbard. Arctic 47, 109–114

White RD, Hahn ME, Lockhart WL, Stegeman JJ. 1994.
Catalytic and immunochemical characterisation of he-
patic microsomal cytochromes P450 in beluga whale
(Delphinapterus leucas). Toxicol. Appl. Pharmacol.
126, 45–57

Wolkers J, Witkamp RF, Nijmeijer SM, Burkow IC, de
Groene EM, Lydersen C, Dahle S, Monshouwer M.
1998. Phase I and phase II enzyme activities in ringed
seals (Phoca hispida): characterisation of hepatic cyto-
chrome P450 by activity patterns, inhibition studies,
mRNA analyses and western blotting. Aquatic Toxicol.



Biomarkers for exposure and effects of contamination in seals 43

44, 105–115
Wolkers J, Burkow IC, Monshouwer M, Lydersen C, Dahle

S, Witkamp RF. 1999. Cytochrome P450-mediated
enzyme activities and polychlorinated biphenyl accu-
mulation in harp seal (Phoca groenlandica). Mar.
Environ. Res. 48, 59–72

Wrighton SA, Stevens JC, Becker GW, Van den Branden
M. 1993. Isolation and characterization of human liver
cytochrome P450 2C19: Correlation between 2C19 and
S-mephenytoin 4´-hydroxylation. Arch Biochem.
Biophys. 306, 240–245

Yamamoto K, Fukuda N, Shiroi S, Shiotsuki Y, Nagata Y,
Tani T, Sakai T. 1994. Ameliorative effect of dietary

probucol on polychlorinated biphenyls-induced
hypercholesterolemia and lipid peroxidation in the rat.
Life Sci. 54, 1019–1026

Yamazaki H, Shimada T. 1999. Effects of arachidonic acid,
retinol, retinoic acid and cholecalciferol on xenobiotic
oxidations catalysed by human cytochrome P450 en-
zymes. Xenobiotica 29, 231–241

You L, Chan SK, Bruce JM, Archibeque-Engle S, Casa-
nova M, Corton JC, Heck Hd´A. 1999. Modulation of
testosterone-metabolizing hepatic cytochrome P-450
enzymes in developing Sprague-Dawley rats follow-
ing in utero exposure to p,p´-DDE. Toxicol. Appl.
Pharmacol. 158, 197–205


	Abstract
	Contents
	Abbreviations
	List of original publications:
	1. Introduction
	2. Aims and outline of the thesis
	3. Material and methods
	4. Results and discussion 
	5. Conclusions and future prospects
	Acknowledgements
	References

