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Abstract
Wetlands are one of the world’s most important, economically valuable, and diverse ecosystems. A major proportion of wetland
biodiversity is composed of aquatic invertebrates, which are essential for secondary production in aquatic and terrestrial food
webs. Urban areas have intensified the challenges wetlands encounter by increasing the area of impermeable surfaces and the
levels of nutrient and pollutant overflows. We investigated how urban infrastructure affects the aquatic invertebrate fauna of
urban wetlands in metropolitan Helsinki, southern Finland. We measured riparian canopy cover, emergent vegetation coverage,
and various land cover and road variables. Recreation area, forests, and open natural areas were the most important landscape
features positively influencing aquatic invertebrate family richness, whereas buildings and roads had a negative effect on family
richness and abundances of many taxa. Recreation area and the various forest types also positively affected the α-diversity
indices of wetlands. On the other hand, fish assemblage did not affect either family richness or abundances of the studied taxa.
Furthermore, trees growing on the shoreline negatively affected the diversity of aquatic invertebrate families. Invertebrate family
diversity was greatest at well-connected wetlands, as these areas added to the regional species pool by over 33%. Our results
show that connectivity and green areas near wetlands increase aquatic invertebrate family diversity, and our results could be
utilized in urban planning.
Keywords urban landscape . urban planning . wetlands . wetland biodiversity . urban wetlands . stormwater wetlands

Introduction
Wetlands are one of the world’s most important and valuable
ecosystems (Emerton and Bos 2004; Finlayson and D'Cruz
2005; Takamura 2012; Russi et al. 2013; Costanza et al.
2014; Oertli and Parris 2019). Their value is mostly based
on the ecosystem services they produce (Woodward and
Wui 2001; MEA 2005) and the thousands of species they
inhabit (The Pond Manifesto EPCN 2008). Water purification
is one of the key ecosystem services wetlands produce (Oertli
and Parris 2019). They maintain environmental water balance
by upholding water through drought periods and reciprocally
by mitigating flooding during heavy rain episodes (Takamura
2012). Wetlands are rightly referred to as the Earth’s kidneys.
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Despite their importance and value, the world has lost approximately half of its wetlands during the past century (Amezaga
et al. 2002; Davidson 2014). Furthermore, the disappearance
rate of wetlands has progressively increased since the 18th
century and is nowadays three times faster than the forest
disappearance rate (Davidson 2014). Human population
growth, habitat destruction, draining, and urbanization are
some of the main reasons behind this loss (Vörösmarty et al.
2010). In addition to destruction, the remaining wetlands have
confronted alteration and landscape changes (Oertli and Parris
2019). However, the main causes affecting wetlands are anthropogenic (Dudgeon et al. 2006; Vörösmarty et al. 2010;
Clark et al. 2014).
Urban areas inhabit nearly four billion people worldwide
(Schneider et al. 2010; Solecki et al. 2013), and almost 75% of
Europeans live in urban areas (European Union 2016). On the
other hand, urban areas cover approximately just one percent
of the Earth’s surface (Schneider et al. 2010; Solecki et al.
2013). Yet, urban area cover is increasing much faster than
the human population in urban areas, and this increase is expected to continue in the future (Angel et al. 2011; Seto et al.
2011). This trend can be seen worldwide, but especially in
China, Mexico, and Turkey (Seto et al. 2012). Because urban
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areas are very populous and tightly built, nature is pushed into
a corner. Furthermore, buildings and roads sever the connections between the remaining patches of nature (McDonald
et al. 2008; McKinney 2008). Roads, as impermeable surfaces, do not filter water or nutrients and pollutants into the
ground, but rather increase run-offs and nutrients and pollution accumulation (Paul and Meyer 2001). On the other hand,
traffic increases the mortality of both invertebrates (Seibert
and Conover 1991) and vertebrates (Dhindsa et al. 1988;
Trombulak and Frissell 2000). Buildings also create barriers,
which affect the dispersal of many animals, including flying
animals.
Urban wetlands are mostly man-made such as garden
ponds and stormwater wetlands. Nevertheless, they offer habitats for many organisms (Hassall 2014). Garden ponds are
small and rapidly colonized by amphibians and invertebrates
(Gaston et al. 2005; Davies et al. 2009; Hill and Wood 2014).
Stormwater wetlands, on the other hand, are built for human
purpose but concurrently provide a suitable habitat for many
invertebrates (Hassall and Anderson 2015). Previous studies
have showed that stormwater wetlands can inhabit nearly as
diverse biodiversity as natural wetlands outside cities (Hassall
and Anderson 2015). Connectivity loss is one of the main
problems that urban wetlands suffer from(Oertli et al. 2002;
Gledhill et al. 2008; Martinez-Sanz et al. 2012; Hill et al.
2018). Urban infrastructure creates barriers for organisms
and hampers the dispersal of animals (Oertli and Parris
2019). The loss of connectivity between wetlands is known
to have a much more pronounced effect on regional diversity
than direct habitat loss would be expected to (Amezaga et al.
2002). Connectivity loss is often emphasized in aquatic communities, in which the ability to disperse varies greatly (Keddy
2000; Colburn 2008; Heino et al. 2017).
Aquatic invertebrates are an essential group in wetland ecosystems (Wissinger 1999). They comprise the main biomass of
wetland food webs (Wissinger 1999) and are considered a key
group of freshwater ecosystems (Covich et al. 1999; Moore and
Palmer 2005). Their importance is based on their numbers and
diversity (Hassall 2014), in addition to their role in secondary
production in both aquatic and terrestrial food webs (Covich et al.
1999; Euliss et al. 1999; Davies et al. 2016; Stewart et al. 2017).
Aquatic invertebrates function as both prey and predators
(Hassall 2014), and they take an active part in cycling nutrients
and organic matter (Brönmark et al. 1992; Martin et al. 1992;
Jones and Sayer 2003).
Wetlands, including urban wetlands, have reached increasing interest and many studies have been conducted on urban
wetlands (Dudgeon et al. 2006; Takamura 2012; Hassall et al.
2016; Hill et al. 2016). Most of these studies have focused on
how urban infrastructure affects the water chemistry of urban
wetlands and the aquatic invertebrate community as a result of
this (Wood et al. 2001; Gledhill et al. 2008; Foltz and Dodson
2009; Apinda Legnouo et al. 2013; Fontanarrosa et al. 2013;
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Hill et al. 2015). In our study, we focus on how the amount of
various urban infrastructures (e.g. various building and road
types) around urban wetlands influences aquatic invertebrate
community assemblage and size. In addition, our study concentrates mostly on naturally occurring urban wetlands. We
hypothesize that roads and buildings near wetlands decrease
aquatic invertebrate richness. Secondly, we assume that the
greatest richness will be found in urban wetlands that are well
connected to other wetlands.

Materials and methods
Study sites
Our study was conducted in metropolitan Helsinki (60°13’N,
24°51’E), which is located in southern Finland and is composed of three cities: Espoo, Helsinki, and Vantaa (Fig. 1). The
total area is 669 km2. Metropolitan Helsinki has approximately 1.16 million citizens and it is the most populous urban area
in Finland. The area belongs to the southern boreal vegetation
zone, and over 30% of the area is covered in forests, which are
predominantly coniferous with deciduous patches scattered
around the landscape. Most of the forests are located in two
national parks (Nuuksio and Sipoonkorpi) that occur in the
metropolitan Helsinki area. We excluded these two national
parks from our study area, to be able to solely focus on the
urban areas.
Metropolitan Helsinki is located by the Baltic Sea, with
more than 100 km of coastline. Glacial and sandy tills are
the dominant soil types and soils are consequently low in
nutrients. The annual average precipitation is approximately
700 mm and the thermal growing season is 175–185 days.
First, we located all the wetlands in our study area using
maps and satellite images. We found 152 wetlands and randomly chose 50 of them for our study (Appendix Table 3).
Randomization of study wetlands was performed in the R
program using the randomizeR package. Our wetlands included both permanent (N = 40) and temporary wetlands (N = 10).
The permanent wetlands also included 10 stormwater
wetlands.

Sampling
We selected spring (post-snowmelt) for our sampling season,
because most macroinvertebrates are still in their larval stages
at that time (Heino 2014), which increases the likelihood of
capture. We collected the invertebrates between April 30 and
May 19, 2018. Each wetland site was sampled for 48 h in 12-h
timeframes to avoid premature death of the animals. We even
spaced 10 activity traps at each site. We used 1-l glass jars and
transparent plastic funnels with 120-mm openings at the wide
end and 20-mm openings at the narrow end (see e.g., Elmberg
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Fig. 1 Map of the study area, metropolitan Helsinki.

et al. 1992). The activity traps were placed at a depth of approximately one meter. We identified and calculated all invertebrate families in the field. The trapped individuals were
poured through a strainer, identified, calculated, and then released back into the wetland. This method gives an abundance
index and is used especially for nektonic and benthic invertebrates (Becerra Jurado et al. 2008). We chose to identify the
animals to family level, because we wanted to focus more on
community structures rather than specific species.

from a one-km radius circle around the study sites.
The data were extracted from the Finnish national version of the CORINE Land Cover 2012 database, where
land use in Finland is presented with a pixel size of 20
m * 20 m (Finnish Environment Institute 2014). Road
data were extracted from the national database of the
Finnish road and street network, Digiroad (Finnish
Traffic Agency 2018). We processed the landscape and
road data using ArcMap 10.3.1 (ESRI 2015).

Environmental and land cover variables
Principal component analysis (PCA)
Riparian canopy cover and submerged and emergent vegetation
coverage were environmental variables measured for all the
study sites. The average coverage of four randomly defined
squares (1 m2 each) were calculated for each study site to determine its emergent vegetation coverage. We photographed the
canopy cover using a Canon EOS 550d with a focal length of
25 mm. Canopy cover was photographed by perpendicularly
facing the sky while standing on the shoreline. The photographs
were divided into 3700 small squares per picture using Canon
Digital Photo Professional. The proportion of squares with canopy coverage was calculated from these squares. We calculated
average canopy coverage for each study site from four photograph stations set up at each site. These were located in the same
places as the vegetation squares.
The land cover data included coverage of residential buildings, industrial and service buildings, other buildings, recreation area, farming area, deciduous, coniferous and mixed forests, other open natural areas, wetlands, and water systems
(mainly sea area). The road data comprised main roads,
connecting roads, streets, walkways, and all road and street
types together. We calculated the land cover and road data

In addition to the 18 environmental variables, we also
analyzed the variables using principal component analysis (PCA, see e.g., Pimental 1979; Gauch 1982) to explore the main environmental factors defining the study
sites. The first and second PCA components explained
29.1% and 17.6% of the total variation in the habitat
data, so these two components combined explained
46.7% of the variation. The score values of the first
component organized the wetlands onto an isolation gradient: habitats with various types of forests and recreation areas nearby, rich emergent vegetation, and location
next to other wetlands were situated at the positive end
of the gradient, while habitats with roads and various
building types were at the negative end. All 50 wetlands
were categorized according to their isolation scores received from the PCA. Wetlands with an isolation score
between − 3 and − 0.5 were categorized as isolated.
Wetlands that scored between − 0.5 and 0.5 were categorized as partly connected, and wetlands with a score
of over 0.5 were categorized as well connected.
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Data analyses
Aquatic invertebrate richness was calculated for each site (n =
50). We analyzed the number and abundance of aquatic invertebrate families by comparing the data between environmental
and land cover variables along with the isolation score received from the PCA. Both family richness and the abundance
of invertebrate families were count data with a Poisson distribution (log). Family richness data meet the assumptions of the
Poisson regression model, so we analyzed them using generalized linear modeling with the glm function (Bolker et al.
2009; Zuur et al. 2009) fit by maximum likelihood with the
glmer function in the lme4 library (Bates and Maechler 2009)
in R 3.0.2 (R Development Core team 2013).
The abundance data were overdispersed due to the many
zeros in the data. However, we did not want to drop any of the
observations. For this overdispersed data, we used negative
binomial modeling with the glm.nb function, which solved
our overdispersion problem. We used the mgcv (Wood
2004) and MASS (Venables and Ripley 2002) packages from
the software package R (R Development Core team 2013).
The explanatory parameters were continuous parameters.
The model selection for family richness and abundances
was made by dropping out explanatory variables one at a time
until all remaining variables had at least a 95% significance
level (Zuur et al. 93).

Diversity indices
We used the Shannon-Wiener diversity index because it accounts for both abundance and evenness of the families present. The Shannon-Wiener diversity index is
H ¼ ∑½ðpi Þ*lnðpi Þ;

ð1Þ

where pi is the proportion of the total sample represented by family i.
We also examined the similarity of aquatic invertebrate
communities between wetland isolation types (well connected, partially connected, and isolated) received from the PCA
according to the Jaccard index of similarity. Jaccard’s index of
similarity is
SJ ¼ c=ða þ b þ cÞ;

ð2Þ

where a is the number of unique families in habitat type A, b is
the number of unique families in habitat type B, and c is the
number of families shared by both habitat types. The Jaccard
index makes a comparison of samples based on the presence
or absence of families. We selected this similarity index to
emphasize family composition and because it does not dilute
the importance of rare families. Next, we estimated the dissimilarity between the sites as 1 – SJ. In a broad sense, dissimilarity can be considered turnover (Koleff et al. 2003), and

it produces an estimate of the sum of the families unique to
either habitat type divided by the regional pool (Gaston et al.
2001; Sabo and Soykan 2006).
1–SJ ¼ ða þ bÞ=ða þ b þ cÞ:

ð3Þ

We estimated the proportion of unique families in each
wetland isolation type (well connected, partially connected,
and isolated) using the formula created by Sabo and Soykan
(2006)
α X; u ¼ a=ða þ b þ cÞ:

ð4Þ

Additionally, we estimated the proportional increase in the
regional family pool due to X wetland isolation types as
γ X ¼ a=ðb þ cÞ:

ð5Þ

Results
We recorded a total of 9 015 individuals from the study sites,
belonging to 24 aquatic invertebrate families. The γ-diversity
for the whole study area was 2.37. Four families/subfamilies
(Gerridae, Nepinae, Ostracoda, Ranatrinae) were recorded
from only one site and no single family was found from all
the study sites. Dytiscidae (44 sites), Corixidae (34 sites),
Asellidae (28 sites), and Culicidae (28 sites) were the most
commonly encountered aquatic invertebrate families.
The most important landscape features related to aquatic
invertebrate richness were recreation area (positive effect,
from now on “pos”), deciduous forests (pos), mixed forests
(pos), industrial and service buildings (negative effect, from
now on “neg”), main roads (neg), connecting roads (neg), and
tree cover at the shoreline (neg). Recreation area and the different forest types also had a positive effect on the α-diversity
indices of wetlands. Whereas, fish assemblage did not affect
either the species richness or abundance of the studied taxa.
The model that took into account tree cover at the
shoreline (neg), recreation area (pos), and open natural
areas (pos) was the best model for explaining Corixidae
occurrence, whereas the best model for Notonectidae
was a model with tree cover at the shoreline (neg),
the amount of all road types (neg), and the number of
water systems (mostly the Baltic Sea) (neg). Asellidae
abundance was best explained by a model with other
buildings (neg) and main roads (neg), while on the other hand, the best model to explain Culicidae abundance
took into account industrial and service buildings (neg)
in addition to wetlands (pos), water systems (the Baltic
Sea) (pos) and connecting roads nearby (pos). Contrary
to Culicidae, Ephemeroptera abundance was best explained by a model with wetlands (neg) and connecting
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roads (neg) nearby. The best model to explain
Gastropoda abundance took into account the tree cover
(neg) and deciduous trees nearby the wetland (pos). The
model that explained the best Hirudinae abundance was
a model with the Baltic Sea (neg) as the explanatory
variable. Odonata abundance was the best explained by
a model with coniferous forests (pos) and connecting
roads (neg) nearby wetlands.
Twenty-one families were found from both well-connected
and partially connected wetlands, whereas 17 families were
observed from isolated wetlands. The greatest aquatic invertebrate diversity (13 families) was recorded from one of the
well-connected wetlands, while one isolated wetland, which
also functions as a stormwater wetland, had no aquatic invertebrates, and only fish were trapped. Well-connected wetlands
added more than a third to the regional species pool when
compared to isolated wetlands (Table 1).
Species richness was higher in well-connected wetlands when compared to both partially connected and
isolated wetlands (Table 2.). Additionally, the αdiversity index was significantly higher in wellconnected wetlands compared to isolated wetlands but
did not differ between well-connected and partially connected wetlands. Furthermore, Dytiscidae and Odonata
abundances differed significantly between wellconnected and isolated wetlands (Fig. 2).

Discussion
Invertebrate diversity was greatest at well-connected wetlands,
and as the degree of isolation increased, the number of invertebrate taxa decreased. The well-connected wetlands support families that did not occur in partially connected or isolated wetlands,
which indicates that connectivity enhances greater diversity in
aquatic invertebrates. Furthermore, aquatic invertebrates make
up a major portion of global wetland biodiversity (Covich et al.
1999; Wissinger 1999; Moore and Palmer 2005), and the diversity level of this group can profoundly affect ecosystem
functioning and characteristics, as showed by Thébault and
Loreau (2003) and Downing and Leibold (2002). In addition,

Table 1

Table 2 Differences between well-connected, partially connected, and
isolated wetlands in terms of species richness, α-diversity, and
abundances of Dytiscidae and Odonata. Significant p-values in bold.
Value represents the wetland type coefficient, Std. Error denotes standard
error, z-value the test value, and p-value the statistical significance. The
value of the intercept is compared to values of the other sites. If this value
is negative, it is subtracted from the intercept value and if it is positive, it
is added to the intercept value.

Species richness
Well connected (intercept)
Isolated wetlands
Partially connected
α-diversity
Well connected (intercept)
Isolated wetlands
Partially connected
Dytiscidae
Well connected (intercept)
Isolated wetlands
Partially connected
Odonata
Well connected (intercept)
Isolated wetlands
Partially connected

Estimate

Std. Error

zvalue

P

2.120

0.100

21.203

< 2e-16

-0.476
-0.313

0.146
0.134

-3.258
-2.343

0.001
0.019

1.204
-0.365
-0.073

0.117
0.153
0.147

10.278
-2.384
-0.499

1.31e-13
0.021
0.620

3.761
-0.996
-0.290

0.368
0.484
0.462

10.209
-2.059
-0.626

< 2e-16
0.039
0.531

2.464
-3.505
-1.658

0.766
1.078
0.969

3.217
-3.251
-1.711

0.001
0.001
0.087

the more diverse an animal community is, the more biomass it
accumulates (Schneider et al. 2016), which can strongly alter
interaction networks at trophic levels (Nichols et al. 2016).
Invertebrates are the main nutrition for e.g. dragonflies (Merrill
and Johnson 1984), fish (Wellborn et al. 1996; Garcia and
Mittelbach 2008: McCauley et al. 2008), and ducklings
(Sugden 1973; Eriksson 1976), and consequently aquatic invertebrate assemblage and biomass can have a very strong effect on
these groups.
We found wetland connectivity to have a differing effect on
different aquatic invertebrate families. Buildings and roads near
wetlands weaken the connectivity of urban wetlands (Hassall
2014). Again, according to our results, buildings near wetlands
proved to have a negative influence on the number of aquatic

The Jaccard index of similarity and dissimilarity of invertebrate groups between the wetland types.

A

B

a

b

c

Sj

1-Sj

Prop. of unique
species in A

Prop. of unique
species in B

A's increase in
the species pool

B's increase in
the species pool

Isolated
Isolated
Partially connected

Partially connected
Well connected
Well connected

0
2
3

4
6
3

17
15
18

0.81
0.65
0.75

0.19
0.35
0.25

0
0.09
0.13

0.19
0.26
0.13

0
0.10
0.14

0.24
0.35
0.14

Sj = the Jaccard index of similarity. 1 - SJ = the estimate of the dissimilarity. a = number of unique species groups in wetland type A, b = number of
unique species groups in wetland type B and c = number of species groups shared by both wetland types.
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Fig. 2 Species richness and Dytiscidae abundance represented according to isolation score.

invertebrate families, along with on the abundance of Asellidae
and Culicidae. On the other hand, roads, especially roads with
moderate or high traffic speeds, seem to have an even more
profound effect on aquatic invertebrates. Roads significantly negatively affected many of the taxa, except for Dytiscidae, Odonata,
Lymnaeidae, Hirudinae, and Culicidae. Dispersal ability (e.g.
flight ability), body size, and competence have an influence on
the road and building effect (Heino et al. 2017). For example, the
flight ability of Culicidae varies between species. Certain species
are very poor fliers while some are strong fliers (Verdonschot and
Besse-Lototskaya 2014). Moreover, most Culicidae with poor or
very poor flight ability prefer urban landscapes (Verdonschot and
Besse-Lototskaya 2014), which could explain why at least buildings play a role in Culicidae abundance in the urban wetlands of
the Helsinki metropolitan. Interestingly, connecting roads had a
positive effect on Culicidae. This may be caused by the large
nutrient quantities washed from the roads into the wetlands,
which benefit Culicidae larvae.
While roads and buildings hampered the occurrence of diverse aquatic invertebrates, recreation areas and forests near the
wetlands appeared to benefit many of the aquatic invertebrate
taxa. However, trees growing on the shoreline negatively affected
the diversity of aquatic invertebrates. Tree cover blocks sunlight
and may decrease the water temperature (Skelly et al. 2002).
Warmer water temperature accelerates the development of most
of the invertebrate larvae and additionally provides dense aquatic
vegetation, which as such create complex habitats and food for
versatile species groups (Werner and Glennemeier 1999; Relyea
2002; Skelly et al. 2002; Urban 2004).
Our results could benefit urban landscape planning. Since
2015, Finnish cities have been obligated to process urban runoff
(MRL 132/1999, 103 a–o §). As a result, many Finnish cities
turned to nature for help, as wetlands are known to retain and
process impurities occurring in water (Keddy 2000; Mitch and
Gosselink 2007; Takamura 2012; Oertli and Parris 2019). The
purpose of stormwater wetlands is, in addition to processing
urban runoffs, to mitigate the flow of stormwater and to store

snow (Woodward and Wui 2001; Takamura 2012). Tightened
legislation has led to the construction of stormwater wetlands in
Finland, but also in many other European countries (Hassall
2014; Oertli and Parris 2019). It is positive and essential to realize
that in addition to processing urban runoffs, they can maintain as
high and versatile a biodiversity level as natural wetlands (Hassal
and Anderson 2015). One potential reason behind the species
richness of stormwater wetlands may be that at least in Finland,
they are usually built near or in the middle of recreational areas.
In our study, recreational areas positively affected the number of
species groups along with the α-diversity index. Urban planning
should take into account the positive effects of recreation and
forest areas near urban wetlands, and planning officers should
leave green spaces near urban wetlands, especially when building
new stormwater wetlands. Green spaces left near urban wetlands
should be planned so that trees near the shoreline are removed.
After destroying wetlands, we are gradually beginning to
recognize their value and working to restore them. In urban
areas, this is accomplished by building stormwater wetlands.
From a biodiversity aspect, connectivity and the surrounding
environment are two of the most influential factors affecting
the species pool and community structure of wetland invertebrates. Our current findings support the notion that the loss of
connectivity has a very strong effect on wetland biodiversity
and community structure. Therefore, our results show a link
not only between connectivity and aquatic invertebrate diversity, but also between dispersal barriers (roads and buildings)
and a reduction in aquatic invertebrate taxa.
Our findings show that urban wetlands can maintain great
aquatic invertebrate diversity. By leaving a considerable amount
of forests and meadow habitats around urban wetlands, we can
concurrently conserve species with varying habitat requirements.
Today conservation aims are more and more focusing on whole
ecosystems and landscapes with high biological diversity
(Franklin 1993; Hanski 1999; Turner et al. 2003). Additionally,
the International Union for Conservation of Nature (IUCN) is
moving its conservation focus towards larger scales, rather than
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focusing on single-species conservation. Establishing the environmental needs of a key component group of food webs, i.e.
invertebrates, is therefore essential. Our results can be used in
both infrastructure and conservation planning. And in a perfect
world, the two should go hand in hand.
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Appendix
Table 3 Characteristics of the
study wetlands

Wetland id

Area (m2)

Isolation score

Isolation_type

Number of taxa

1
2
3
4
5
6
7
8
9
10
11
12
13
14
15
16
17
18
19
20
21
22
23
24
25
26
27
28
29
30
31
32
33
34
35
36
37
38
39
40
41
42

234
767.4
1880
1040.8
848
623
490
2108
376
2667.8
619
1042
3034
340
4400
158
1570.6
7889.6
296
56100
3118.9
113.7
174.7
723.3
3078
1251.8
929.5
1316
372
2040.4
218
623.9
843
608.3
1380.8
105
1441.6
1251.5
5271.5
1240.4
572.9
1793

0.05
-0.27
-0.21
-0.12
0.64
0.37
0.32
0.15
-0.87
0.06
2.18
-0.75
0.50
0.28
0.15
-0.16
1.61
1.63
1.94
-1.35
-0.59
0.16
0.13
1.78
-0.74
-2.12
-0.21
0.30
-0.28
0.16
0.34
2.53
0.86
-1.08
1.55
-1.04
-0.61
0.87
0.07
-2.20
-1.21
-0.50

Partly connected
Partly connected
Partly connected
Partly connected
Well-connected
Partly connected
Partly connected
Partly connected
Isolated
Partly connected
Well connected
Isolated
Well connected
Partly connected
Partly connected
Partly connected
Well connected
Well connected
Well connected
Isolated
Isolated
Partly connected
Partly connected
Well connected
Isolated
Isolated
Partly connected
Partly connected
Isolated
Partly connected
Partly connected
Well connected
Well connected
Isolated
Well connected
Isolated
Isolated
Well connected
Partly connected
Isolated
Isolated
Isolated

5
4
8
7
7
7
5
5
5
8
5
6
6
10
4
7
11
13
9
7
7
5
4
10
7
6
8
6
0
5
10
8
7
3
10
3
6
6
6
5
6
9
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Table 3 (continued)
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Wetland id

Area (m2)

Isolation score

Isolation_type

Number of taxa

43
44
45
46
47
48
49
50

2500
148034
422
400
810
16870.6
414
11500

-0.59
-0.67
0.06
-0.77
0.58
0.28
-0.34
-1.71

Isolated
Isolated
Partly connected
Isolated
Well connected
Partly connected
Partly connected
Isolated

5
7
6
4
8
4
4
2
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