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“Know what you are doing.”
“Love what you are doing.”
“And believe in what you are doing.”
“Yes, it’s just that simple.”

-Will Rogers
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Abstract
Bedrock is the final natural barrier providing retention for radionuclides in a spent nuclear fuel
repository. The sorption on the pore surfaces of the bedrock and diffusion into the low porous
rock matrix are the two most significant processes that retard radionuclides migration through
the water-conducting fractures of the crystalline rock.
Se-79 is considered as one of the main contributors to dose-to-man and it has a high impact on
the cumulative radioactive dose in a spent nuclear fuel repository. Due to its long half-life and
high mobility, sound scientific and technical knowledge are needed to better understand the
processes and related mechanisms that determine the Se transport behaviour in bedrock.
Therefore, the focus of this dissertation is on the studies of sorption and diffusion properties of
Se(IV) species in bedrock with applications of both experimental and modelling approaches.
The results will not only give a deep insight into the mechanisms of Se(IV) retardation in
bedrock minerals but also provide convincing data necessary for the safety assessment of spent
nuclear fuel deposition.
The work can be divided into two parts, according to the different research objectives. In the
first part, the sorption behaviour of Se(IV) species on Grimsel granodiorite and its main
minerals, plagioclase, K-feldspar, quartz and biotite were investigated in Grimsel groundwater
simulant which has a low ionic strength, in a large Se(IV) species concentration range (from
1.66×10-10 M to 1×10-3 M). Batch sorption experiments were performed to obtain the
distribution coefficients (Kd) of Se(IV) species on the rock and mineral samples. Results show
that biotite has a much larger specific surface area (SSA) than the other main minerals of
granodiorite and the Se sorption on biotite can represent its sorption on the whole bedrock.
Thus, a multi-site surface complexation model for Se(IV) sorption onto biotite was developed
based on experimental data from titration and sorption experiments. A batch forward titration
coupled with a backtitration method was used to overcome the problem of mineral dissolution
in order to measure the reaction constants (pKs) of protonation and deprotonation of sorption
sites on surfaces of biotite. Molecular modelling was used to deduce some basic modelling
parameters, such as site densities and site types. The technique of PHREEQC coupling with
Python was used to calculate and optimize the fitting processes. The model was validated that
it can describe the Se(IV) sorption on biotite over pH ranges at least from pH 7.5 to 9.5 which
covers most of the pHs of groundwaters deep in the bedrock of a nuclear waste repository.
DFT molecular modelling was performed to provide surface site information and to examine
the complexation reactions that happened on the biotite surface. The molecular modelling
results showed that two kinds of sorption sites exist on the biotite surfaces; one on the edge
surface and the other on the basal surface. The structures of the sorption sites were illustrated
at the atomic level. In addition, the surface complexation reactions of different Se species at the
two kinds of sorption sites were examined and corresponding sorption energies were calculated.
In the second part of this work, diffusion properties of Se(IV) species in intact rock core were
investigated by an updated electromigration device and modelling analysis. The traditional
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electromigration device was updated by the introduction of a potentiostat to impose a constant
voltage difference over the rock sample and by stabilizing the pH of the background electrolytes.
To interpret the experimental results with more confidence, an advection-dispersion model was
developed by accounting for the most important mechanisms governing the movement of the
tracer ions, i.e. electromigration, electroosmosis and dispersion. In addition, a reactive transport
model was developed based on the consideration that the effects of aqueous chemistry should
not be neglected in the former models. The newly developed models, compared to the
traditionally used ideal plug-flow model, can provide more precise diffusion parameters. The
advection-dispersion model gives nearly the same estimations of parameters as the reactive
transport model, with only minor differences in the mean values and uncertainties.
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1 Introduction
Around 11% of the electricity produced worldwide is currently generated from nuclear power
(Figure 1, left). About 450 nuclear power plants are operating in 31 countries and 60 more
reactors are under construction, accounting for about 15% of the existing capacity (IAEA,
2018a). In 2017, nuclear power plants provided 2487 TWh of global electricity, rising from
2477 TWh in 2016. It can be foreseen that nuclear power will play a more important role over
the coming years to meet the global challenge of growing energy demand and low-carbon power
generation (Figure 1, right).

Figure 1. Electricity produced by different sources worldwide in 2016 (left). Number of operable
reactors worldwide (right) (IAEA, 2018a).

The process of producing electricity from nuclear materials (nuclear fuel cycle) creates high
amounts of radioactive spent nuclear fuel (SNF). According to the reports published by the
International Atomic Energy Agency (IAEA), the disposal volume of the solid high-level
radioactive waste (HLW) inventory is approximately 22,000 m3 (IAEA, 2018b). The long
timescales over which some waste remains radioactive has led to the idea of disposal in the
deep underground repositories in stable geological formations. Thus, it is critical to understand
how the characteristics of SNF evolve with time (Figure 2) and how it affects the storage
environment in order to design reliable and safe geological repositories for SNF.
Among the radionuclides in SNF, Se-79 is evaluated as High-priority (II) according to the
expectations that it may give a significant contribution to the doses in some biosphere scenarios
in the SNF deposition (Hjerpe et al., 2010; Posiva Oy, 2013). Due to its long half-life (3.1×105
years) and high mobility in the geological environment, Se-79 is a radionuclide that needs great
concern when thinking about the long-term safety of radioactive waste repository (Ewing, 2015;
Neall et al., 2007; Siegel and Bryan, 2003). It has a high impact on the cumulative dose in a
SNF repository and affects the radioactivity levels for a long time. Thus, detailed studies
concerning Se migration behaviours (sorption and diffusion) are essential to assure the longterm safety of SNF under the plans for the disposal of SNF.
In Finland, the KBS-3 concept is used for the long-term geological disposal of SNF. The KBS3 concept includes several engineering and natural barriers that are designed to isolate the
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Figure 2. Dominant decay heat contributors in SNF vs. time (radiotoxicity normalized to
natural uranium and decay products as occurs in natural uranium ore) (Wigeland et al., 2004).
harmful radionuclides from reaching humans and the environment for 100,000 years (Posiva
Oy, 2012; SKB, 2013). This is often termed the “multi-barrier” concept (Figure 3). The first
barrier, copper canisters, are designed to withstand corrosion and the mechanical forces that
can result from movements in the rock surrounding the Spent Fuel Repository. The copper
canisters will be surrounded by bentonite clay, which is the second barrier, after placing them
in the holes that are located in the tunnels in a horizontal or vertical position. The bentonite clay
will act as a buffer and protect the canisters from corrosion and minor movements. The final
barrier is the surrounded bedrock in-depth (about 500 m) which provides a stable chemical and
physical environment. If any radioactive substances were to escape from a canister and
penetrate through the bentonite clay buffer, they could be caught by surfaces and minerals in
the bedrock fractures and the rock’s pores by chemical sorption and matrix diffusion (Smith et
al., 2007).
In Finland, the nuclear fuel repository is being built at Olkiluoto, the bedrock of which is
composed of crystalline granite. By comparing the sorption behaviours of Se(IV) species on
the composed minerals of granite, Yang et al. (2018) concluded that biotite can be
representative of the Se(IV) sorption in the granite mineral assemblages. Thus, the biotite
contents are critically important to evaluate the migration of Se(IV) species in granite. In the
scenario that radionuclides have escaped the repository and are released into the groundwater,
the most significant processes of delaying radionuclides from the flowing fracture water
through bedrock fractures are their sorption onto the mineral surfaces and diffusion into the
rock matrix. Therefore, the sorption properties of Se(IV) species on granite bedrock, especially
on biotite, and the diffusion properties when they are migrating in the bedrock, have to be
carefully determined for the safety assessment of the final disposal.
2

Figure 3. The KBS-3 method that includes several natural and engineering barriers termed the
“multi-barrier” concept (SKB, 1999).

The aim of this thesis is to develop new techniques for studying the sorption and diffusion
behaviours of Se(IV) species through both experimental and modelling approaches. The
sorption properties of Se(IV) species, described as distribution coefficients, Kd, on Grimsel
granite and its main minerals, including plagioclase, K-feldspar, quartz and biotite, were
investigated by batch sorption approaches (Paper 1). The results confirmed our assumption that
the Se(IV) sorption on biotite surfaces can be representative of bulk Se sorption to complex
mineral assemblages. Thus, sorption studies of Se on biotite are crucial to evaluate the Se
mobility in the groundwater system. To better illustrate the Se(IV) sorption behaviour and
provide an approach to predict its environmental distributions, a multi-site surface
complexation model for Se(IV) sorption on biotite was developed based on three sets of
experimental data: titration data, sorption edge data and sorption isotherm data (Paper 2). In
this model, we proposed that at least one kind of strong sorption site and two kinds of weak
sorption sites, exist on biotite surfaces. In order to explain experimental results, we also
proposed that different sorption complexation reactions occur between Se(IV) species and the
different sorption sites relative to different environmental pH conditions. The model was
validated that it can provide quantitative predictions of Se(IV) sorption in groundwater
conditions of a deep geological repository. To find theoretical supports for our model
predictions, we performed DFT molecular modelling by solving the total electronic energy and
overall electronic density distributions to define energetically stable structures for biotite and
sorbed Se(IV) species (Paper 3). Two types of sorption sites were investigated, one sited on
the (001) basal surface and the other on the (110) edge surface. Those sites were identified as
the two kinds of weak sorption sites in surface complexation modelling. The sorption
geometries between the sorption sites and Se(IV) species were also calculated. According to
the modelling process, electron transfer reactions happen between the biotite surface and Se(IV)
species when coordination reactions happen on the (110) edge surface, and during the reaction
3

processes, anionic and neutral Se(IV) species can transfer to cationic species HSeO2+. In
contrast, at the (001) basal surface, electron transfer processes are not thought to be dominant.
The diffusion properties of Se(IV) species, described by effective diffusion coefficient, De, was
measured by a modified electromigration device (Paper 4). The new electromigration device
used in this work was modified, based on the traditional electromigration device, by introducing
a potentiostat to impose a constant voltage over the studied rocks sample and stabilizing the
background solution pH conditions. The results show that the modified electromigration device
can give more stable and accurate experimental results than those from the traditional
electromigration device. To interpret the electromigration experimental results with more
confidence, an advection-dispersion model and a reactive transport model were developed in
this thesis (Paper 5). Compared with the traditionally used ideal-plug flow model which only
takes into account electromigration effects, the newly developed models take into account more
effects that can affect the experimental results, including electromigration, electroosmosis and
dispersion. The results show that the new models can provide better parameter identifications
with smaller uncertainties than the traditionally used ideal plug-flow model.
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2 Background
2.1 Chemistry of Selenium
Selenium has five stable isotopes, 74Se (80.89%), 76Se (9.36%), 77Se (7.63%), 78Se (23.78%),
80
Se (49.61%) and 26 radioisotopes. 79Se is one of the most important radioisotopes due to its
common existence in SNFs. It is a fission product of 235U with a low fission yield of 0.044%.
However, most 79Se in SNF are produced from selenium-bearing materials found in nuclear
fuel itself and reactor construction materials by the neutron irradiation-induced activation of
stable 78Se reaction, 78Se (n, ߛ) 79Se (Lehto and Hou, 2011).
The behaviour of radionuclides under the conditions of long-term disposal in a geologic
repository depend specifically on their chemical forms. The geochemical mobility of long-lived
fission products like 79Se, as well as actinides such as U and Pu, largely depends on the redox
conditions (Cordfunke and Konings, 1988; Ewing, 2015). Oxidation states of redox-sensitive
radionuclides have a significant effect on their solubility, transport, bioavailability and toxicity.
In general, the reduction of radionuclides to their lower valence states results often in low
solubility and an increased tendency to sorb onto mineral surfaces, thus lowering their mobility
in the environment (Cronenberg and Osetek, 1987).
The most common oxidation states of selenium under the natural conditions are –II (FeSe, HSe-),
-I (FeSe2), 0 (Se(s)), +IV (SeO32-, HSeO3-) and +VI (SeO42-, HSeO4-), as shown in Figure 4
(Lehto and Hou, 2011; National Institute of Advanced Industrial Science and Technology,
2005). Se(VI) dominate the selenium species under oxic conditions (> +400 mV) and the most
common form is a basic anion, selenate (SeO42-). At lower redox conditions (< +400 mV),
Se(VI) is reduced to Se(IV) and the dominant species in this oxidation state are selenite (SeO32-)
and biselenite (HSeO3-), depending on the pH conditions (Atwood, 2010). At redox potentials
around 200 mV, selenium also exists as elemental selenium (Figure 4). The reduction of
selenium is slow and kinetically hindered because it involves the transfer of multiple electrons
along with multiple oxygen atoms between its various oxidation states (De Cannière et al.,
2010). Under the reducing conditions of a nuclear waste repository, the reduction of selenate is
very reluctant in the absence of a catalyst. The kinetics of selenite reduction was studied in
detail by Bruggeman et al. (2005). They show that the decrease of Se(IV) species concentration
as a function of time seems proportional to the concentration of dissolved selenite and to the
amount of solid pyrite, FeS2, present in the system, and inversely proportional to the square root
of the FeS2 occupancy by selenite (Equation (1)). These observations suggest that SeO32–
reduction takes place through sorption onto FeS2 and that a selenium precipitate with a solubility
of 3 × 10-9 M was formed (Bruggeman et al., 2005; De Cannière et al., 2010).
ሾܵ݁ܨଶ ሿ
݀ሾܵ݁ሺܸܫሻሿ
ൌ െ݇ሾܵ݁ሺܸܫሻሿሾܵ݁ܨଶ ሿ ඨ
ሾܵ݁ሺܸܫሻሿ
݀ݐ

(1)

The Se oxidation states and speciation analysis were checked by the application of HPLC-ICPMS (High-performance liquid chromatography connected to an inductively coupled plasma
mass spectrometry) in our batch sorption experiments which lasted for about one month. The
5

results show that no detectable amount of Se(IV) was oxidised to Se(VI) in ambient atmosphere
conditions during the experimental time (Li et al., 2020, 2018).
The solubility of selenium in different forms is another important factor that affects its mobility
in nature. Under oxidizing conditions, Se(IV) and Se(VI) salts are soluble and very mobile. No
solubility limits are reached for SeO42- and SeO32- in groundwater conditions. If taking into
account the reluctant reduction of selenate, it is necessary to consider that selenate is the
possible species of Se that migrates in the conditions of the nuclear waste repository. Under
reducing conditions, the mobility of selenium is limited by the solubility of poorly soluble
elemental selenium Se(0) or iron selenide (FeSe). The reduction and formation of the lower
oxidation states of selenium will contribute to delay and attenuate the 79Se release from the
source term and to spread it over a long time period (Missana et al., 2009).

Figure 4. Eh-pH diagram for selenium calculated from the data of Lawrence Livermore
National Laboratory (LLNL) (National Institute of Advanced Industrial Science and
Technology, 2005).

2.2 Sorption Process
The clay minerals, organic matter or metal oxy-hydroxides existing in soils and aquifers can
sorb chemicals on its surface. In general, the removal of a soluble compound from a solution
phase is often identified simply as a sorption process. In this definition, no specific mechanism
(adsorption or ion exchange) is implied. However, strictly speaking, adsorption and ion
exchange are different processes, as illustrated in Figure 5. Adsorption refers to the adherence
of a chemical to the surface of the solid; it suggests that the chemical is taken up into/on the
solid. The ion exchange process involves the replacement of one chemical for another one
into/on the solid.
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Figure 5. Schematic illustration of adsorption and ion exchange processes.

2.2.1 Surface charge
The minerals’ surfaces are charged which makes them highly reactive and this is the first step
to understand the sorption processes in minerals. There are two types of charge on mineral
surfaces, permanent and pH-dependent charges. The permanent charge is developed at the time
the mineral crystallizes from liquid magma or precipitates from a supersaturated solution. Thus,
the permanent charge is a property of the mineral that cannot be altered by the surrounding
chemistry of the environment. The development of the permanent charge is a process of
isomorphic substitution. For example, the isomorphic substitution of Al3+ for Si4+ in the
tetrahedral layer will result in a deficit of the positive charge required to neutralize the
coordinating anion charge. As a result, a negative charge in the mineral structure is created and
an interlayer cation must be applied to neutralize the structural charge.
The pH-dependent charge on a mineral is developed by the result of the protonation and
deprotonation of surface hydroxyl groups (ؠSOH, where ؠS represents a metal-bound in the
crystal structure). The pH-dependent charge associated with a surface functional group can be
negative, positive and neutral. The most common way to describe the protonation and
deprotonation of the inorganic surface functional group is the 2-pK approach which can be
shown by the two protolysis reactions below:
 ܪܱܵ ؠ  ܪା ՜ ܪܱܵ ؠଶା Ǣ

ܭଵ

(2)

 ܪܱܵ ؠ՜  ିܱܵ ؠ  ܪା Ǣ

ܭଶ

(3)

Ka1 and Ka2 are the defined stability constants of the protonation and deprotonation reactions.
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In the work, the detailed Ka1 and Ka2 values for different sorption sites on biotite surfaces are
measured with titration technique and modelled with surface complexation modelling.
A schematic illustration of the biotite surface is shown in Figure 6. Biotite is a group of sheetlike silicate minerals ubiquitous in soils and rocks with the general composition being
K(Mg,Fe)3(AlSi3O10)(F,OH). Recent studies reported the surface properties of silicate minerals
are strongly dependent on the aqueous phase compositions (Bray et al., 2014). The reported
pHZPC values of biotite range from 6-7 (Alonso et al., 2009) and the pHIEP values are more
various, ranging from 0.41 to over 3 (Bray et al., 2014; James and Healy, 1972). Thus,
researchers reported that the sole use of pHZPC or pHIEP can not provide an accurate depiction
of the biotite surface chemistry (Bray et al., 2014). A combined approach of electrokinetic
measurements, potentiometric titrations and aqueous solution chemistry analyses has to be
performed to provide insight into the interaction of protons with biotite surfaces.

Figure 6. Schematic illustration of the biotite structures. Tetrahedral sheet: silicon – yellow;
aluminium – aniline red. Octahedral sheet: iron – blue; magnetic – green. Interlayer:
potassium – purple.

2.2.2 Surface Complexes
A surface complex is formed when a surface functional group reacts with ions or molecules
existing in the solution phase. Two types of surface complexes exist on a mineral surface which
are inner-sphere and outer-sphere surface complexes, respectivley (Figure 7, Appelo and
Postma, 2004). If there are one or more water molecules between the adsorbed substance (ion
or molecule) and a surface ligand, an outer-sphere surface complex is formed. In contrast, an
inner-sphere complex is formed when there is no water molecule between a charged surface
functional group and the adsorbed substance.
Outer-sphere surface complexes are maintained by electrostatic forces. This sorption
mechanism is normally non-specific and the adsorbed substance can be easily displaced from
the surface by other substances existing in the solution phase. In contrast, the sorption of a
substance by a surface function group by inner-sphere mechanism is specific, which means they
8

are tightly bound through bonds produced through them with a relatively high degree of
structural configuration and covalent character.

Cu+

H+2

H

Figure 7. Schematic illustration of inner-sphere and outer-sphere bonding and ions in the
diffuse double layer. “s” for surface hydroxyl groups, “α” for inner-sphere complexes, “β” for
outer-sphere complexes and “d” for ions in the diffuse layer (modified from Appelo and Postma,
2004).
The type of chemical bond formed at the solid-solution interface defines the mechanisms
responsible for the retention of substances. The outer-sphere sorption is a direct result of
negative (or positive) charge formation on the mineral surface. As shown in Figure 8, the
sorption of Na+ (or NO3-) by a const
constant potential mineral surface (gibbsite) will increase (or
decrease) in a manner consistent with the increasing concentration of negative (or positive)
charged surface sites (Essington, 2015). The outer-sphere retention of a sorbent is also easily
reversible and decrease with increasing ionic strength.
In contrast, inner-sphere surface complexation by a constant potential mineral surface is
generally not tied to the formation of negative (or positive) surface charge. Instead, the sorption
increases rapidly from a minimum to a maximum value in a narrow pH range, as indicated by
Figure 9 which shows the sorption of Ni2+ by quartz, kaolinite and gibbsite as a function of pH
from 3 to 10 (Sarkar et al., 2000, 1999). The inner-sphere sorption reactions also tend to be
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irreversible and unaffected by ionic strength, indicating a high degree of specific bonding in the
surface complexes.

Figure 8. The sorption behaviour of Na+ and NO3- as a function of solution pH (Essington,
2015).

Figure 9. The fraction of Ni sorbed by quartz, kaolinite and gibbsite as a function of pH (Sarkar
et al., 2000, 1999).

It is commonly thought that Se(IV) species, both selenite or biselenite, tend to form strongly
bonded inner-sphere complexes on mineral surfaces or soil organic matter; in contrast, Se(VI)
species (mainly selenate) tend to be sorbed in an outer-sphere manner (He et al., 2018; Li et al.,
2017). The results were first observed by Hayes et al. (1987) who performed extended x-ray
absorption fine structure (EXAFS) measurement of adsorbed selenate and selenite ions at an ߙFeOOH(goethite)-water interface. They found that the selenite ion is bonded directly to the
goethite surface in a bidentate fashion with two iron atoms 3.38 Å from the selenium atom,
while selenate has no iron atom in the second coordination shell of selenium, which indicates
10

retention of its hydration sphere upon sorption. A typical inner-sphere surface complexation
sorption edge (Kd ̱ pH) experimental results, similar as shown in Figure 9, were observed in
our work (Paper 2). A rapid sorption Kd values decrease from pH 4 to 8 of Se(IV) sorption on
biotite clearly shows the inner-sphere surface complexation properties.
2.2.3 Sorption description
Distribution coefficient (Kd) is a general way to describe the sorption of substances
quantitatively by soils or minerals. Kd is defined at equilibrium conditions, as the ratio of the
amount of sorbed substances per unit mass of sorbent (s, mol/kg etc.) and the amount of
substance in solution per unit volume (ceq, mol/L etc.).
ܭௗ ൌ

ݏ
ܿ

(4)

The relationship between sorbed and dissolved solute concentrations at a fixed temperature is
called a sorption isotherm. Two equations are often employed to describe the relation, the
Freundlich isotherm and the Langmuir isotherm. The Freundlich isotherm has the form:

 ݏൌ ܭி ή ܿ

(5)

where ܭி and ݊ are adjustable coefficients. Usually, ݊ is less than 1, so that the increase of
sorbed concentration lessens as the solute concentration increases.
However, the use of the Freundlich equation tends to be limited, because it shows that the
sorption extends infinitely as concentration increases, which is unrealistic. In the real conditions,
the quantities of sorption sites are limited which limits the amount of sorbed substances in high
concentration conditions. Another observation in sorption experiments is that Kd becomes
constant when concentrations are small. The Freundlich equation can not explain this sorption
property either. In spite of this, in our work, the Freundlich equation can be used to well describe
the Se(IV) sorption behaviours on various rock and mineral samples (Paper 1). The coefficients
ܭி and ݊ in the Freundlich equation were calculated and summarised.
The Langmuir equation has a better theoretical background and can be derived from the law of
mass action in a sorption reaction. The Langmuir isotherm has the form:
ݏൌ

ݏ௫ ܿ
ܭ  ܿ

(6)

where ݏ௫ is the maximum amount of sorption sites per mass of sorbent; ܭ is a constant
related to the affinity of the binding sites.
The Langmuir equation explains the reality of sorption limits at high concentration conditions.
According to the Langmuir equation, the sorbed concentration  ݏincreases linearly with solute
concentration ܿ , if ܿ ܭ ا . When the concentration of solute is very high and ܿ ܭ ب ,
the surface becomes saturated and  ݏൌ ݏ௫ .
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2.2.4 Modelling of sorption processes
2.2.4.1 Electric double layer models
Three types of models are commonly used to describe the structure of the electric double layer
of minerals: (a) Helmholtz model; (b) Gouy-Chapman model and (c) Stern triple layer model.
A comparison of these three models is shown schematically in Figure 10. The Helmholtz model
(Figure 10, a) is the simplest double layer model. The Helmholtz model assumed two layers of
charge evenly distributed on both sides of the solid-solution interface. This is also the origin of
the name “double layer”. The negative charge is assumed to be distributed evenly on the solid
surface while the positive counter charge is evenly distributed in the solution layer which is
parallel to the solid surface at some distance. The surface potential drops off linearly with the
increase of the distance from the solid surface, from the maximum at the solid surface to 0 (bulk
solution potential is assumed to be 0). However, this model has an obvious defect. It cannot
explain the experimental observation that the relative potential and solution concentration have
an impact on the double layer.
The Gouy-Chapman model (Figure 10 b) assumed, same as the Helmholtz model, that the
surface is plane and infinite and the negative charge density is evenly distributed over the
surface. The difference is that it introduced a new concept called diffuse double layer, which
means that counter ions in the solution layer are exposed to a balance between electrostatic and
diffusion forces. The diffuse distribution of dissolved cations and anions at the surface is the
result of a force balance. The attractive electrostatic force pulls cations toward the surface,
resulting in higher cation concentrations in this zone than in the bulk solution. Conversely, the
negatively charged surface repels anions from the surface region, resulting in a lower anion
concentration than in the bulk solution. At the same time, because of the existence of diffusive
force, the cations are pulled away from the surface and also a diffuse force pulls anions into the
surface region. When equilibrium is attained, the solution surface layer will extend out away
from the surface, with cation concentration and surface potential decreasing with distance and
the anion concentration increasing with distance. The thickness of the diffuse double layer
( ߢ ିଵ ǡ ݉ ) can be used to explain phenomena like the diffusive flux and anion exclusion
(Dagnelie et al., 2018). It can be defined as:
Ɉିଵ ൌ

͵ǤͲͶʹ ൈ ͳͲିଵ
ܼ ܫǤହ

(7)

where Z is the counter ion charge and I is the ionic strength. The equation shows that the
thickness of the diffuse double layer decreases with the increase of ionic strength and the
increase of counter ion valence.
In the Gouy-Chapman model, the charge is abstracted as a point. This is a common assumption
in physical models. However, under the condition of large potential difference, the “point
charges” will be infinitely compressed to the position close to the electrode surface, resulting
in an infinite prediction of capacitance. Thus, in the Stern triple layer model (Figure 10 c), the
condition of the size of ions is added. The solution region near the surface is also divided into

12

Figure 10. Electric double layer (EDL) models that describe the solid-solution interface,
modified from (Essington, 2015).
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two layers in the Stern triple layer model. In the inner-layer which is close to the surface, ions
are specifically adsorbed and form a compact layer of counter ion charge, which is similar to
the Helmholtz model. The outer layer is defined the same way as the diffuse double layer. In
general, the triple layer model has more options to account for mechanistic details of the
sorption processes.
However, Dzombak and Morel (1990) derived a comprehensive database for sorption on
ferrihydrite with the Gouy-Chapman double layer model which fits many observations. Thus,
the double layer model has become the standard for many sorption modelling in natural
environments. Dzombak and Morel’s database was also accepted by PHREEQC which is the
software we used for surface complexation modelling in our work.
2.2.4.2 Surface complexation models
A surface complexation model (SCM) is a tool to identify the chemical reactions and associated
equilibrium constants. If a mechanism is known for the sorption reaction, an SCM can also be
employed to determine the specific equilibrium constant. Further, an SCM can be utilized to
predict the distribution of a substance between the sorbed and aqueous phase by assuming
specific sorption mechanisms and the associated equilibrium constants.
The nonelectrostatic model (NEM) and constant capacitance model (CCM) are the two basic
models that construct the bases of most surface complexation models for nuclide sorption. Both
models are developed based on a set of assumptions common to all models. First, all mineral
surfaces in an aquatic environment are assumed to contain functional groups, which are called
surface sites, that have well defined properties. In essence, a sorbed ion is complexed, with
inner-sphere or outer-sphere phases, by one or more ligands that are bound to the mineral
structure. Second, for each type of surface site, a total concentration can be defined, according
to specific experimental measurements, calculations or common assumptions. A recommended
surface site density value of 2.311 sites/nm2 was proposed by Davis and Kent (1990) for all
minerals and the data is commonly utilized in the development of different SCMs. Third, the
Gibbs free energy, ǻGads, which involves two terms, can be defined for each sorption reaction.
The ǻGads contains the effects of a chemical bond between the ion and the surface atoms (ǻGint)
and an electrostatic effect that depends on the surface change (ǻGcoul):
οܩௗ௦ ൌ οܩ௧  οܩ௨

(8)

The intrinsic free energy, ǻGint, is specific to the surface and independent of the composition
of sorption phase at a fixed ionic strength; while the coulombic free energy, ǻGcoul, is variable
with the distance from the surface, influenced by the diffuse double layer.
2.2.4.3 The nonelectrostatic model (NEM)
The NEM model is the simplest surface complexation model. In this model, the variable
electrostatic interaction, ǻGcoul shown in Equation (8), is ignored and the intrinsic constant
alone is used to describe the sorption process, which means ǻGads = ǻGint and Kads = Kint. This
model is appropriate for the studying of sorption process without surface charge changes before
and after sorption occurs. In the NEM, the determination of a sorption constant that describes a
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surface complexation reaction simply reduces to an exercise in solving mass balance
expressions.
2.2.4.4 The constant capacitance model (CCM)
In the CCM, sorption is assumed to occur in a single surface plane that is a combination of the
s-plane (for proton and hydroxide adsorption) and the is-plane (for metal and ligand adsorption).
Thus, the inorganic surface hydroxyl groups are constrained to form only inner-sphere surface
complexes with sorbed species. Outer-sphere surface complexes are not considered by the CCM.
The CCM assumes a linear relation between surface charge, ߪ and surface potential, ߰, which
is given by
ɐൌ

ܽܵܥ
߰
ܨ

(9)

where X (F m-2) is the capacity density, S (m2 g-1) is the specific surface area, a (g L-1) is the
suspension density of the solid and F (C mol-1) is the Faraday constant.
In the CCM, the protonation and deprotonation reaction of the surface functional group can be
determined by
 ܪܱܵ ؠ  ܪା ՜ܪܱܵ ؠଶା

(10)

 ܪܱܵ ؠ՜ ିܱܵ ؠ  ܪା

(11)

The intrinsic conditional equilibrium constants expressing the protonation and deprotonation
reactions are:
 ௧
ା ൌ

ሾܪܱܵ ؠଶା ሿ
ȟ߰ܨݖ
ሺ
ሻ
ሾܪܱܵ ؠሿሾ ܪା ሿ
ܴܶ

(12)

 ௧
ି ൌ

ሾ ିܱܵ ؠሿሾ ܪା ሿ
ȟ߰ܨݖ
ሺ
ሻ
ሾܪܱܵ ؠሿ
ܴܶ

(13)

The surface complexation reactions for specific ion adsorption have similar definitions as
shown in Equations (10) to (13).
Both the NEM and CCM models can be used for Se sorption studies under specific experimental
conditions. For example, Ervanne et al. (2016) modelled Se(IV) and Se(VI) sorption on
kaolinite and illite in synthetic groundwaters with NEM successfully. The CCM was applied to
Se(IV) sorption on various kinds of soils with different chemical properties (Goldberg et al.,
2007). By optimizing one monodentate Se(IV) surface complexation constant and the surface
protonation constant, the CCM was able to give satisfying fitting results of Se(IV) adsorption.
Gabos et al. (2014) studied both Se(IV) and Se(VI) sorption on soil samples from São Paulo
State, Brazil as a function of varying pH with CCM, and reasonable fitting results for both Se
species were achieved.
2.2.4.5 The 2SPNE SC/CE model
The 2 site protolysis non-electrostatic surface complexation and cation exchange (2SPNE
SC/CE) sorption model, developed by Baeyens and Bradbury, has been used successfully to
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describe quantitatively the uptake of radionuclides (e.g., Zn, Ni, Co, Eu and Sn) on
montmorillonite (Baeyens and Bradbury, 1997; Bradbury and Baeyens, 1995, 2002; Michael
H. Bradbury and Baeyens, 2005) and illite (Bradbury and Baeyens, 2009a, 2009b; M. H.
Bradbury and Baeyens, 2005) as a function of pH, ionic strength and concentration of sorbates
having oxidation states between II and VI. In the model, the cation exchange and surface
complexation mechanisms are operating at the same time.
The model assumes two categories of sorption sites existing on the surface of a mineral. The
first category of sorption site contains permanent negative charge arising from isomorphous
substitution of lattice cations by cations of lower valance. The second category of sorption site
is perceived as being surface hydroxyl groups ( )ܪܱܵ ؠsituated along the edges of the mineral’s
platelets. A detailed introduction of these two categories of sorption sites is presented in Section
2.2.1.
For the permanent negative charge sites (first category), charge neutrality is maintained by the
presence of an excess of cations in solutions held electrostatically in close proximity around the
surface. The electrostatically bound cation can undergo exchange with cations in solution, thus,
cation exchange is assumed to be the dominant mechanism for the first category of sorption
sites. In the general case, cation B with valance zB in the aqueous phase can exchange with
cation A with valance zA which is bound to the mineral surface. The cation exchange reaction
can be written as,
ݖ ή  ݈ܽݎ݁݊݅ܯ ؠ ܣ  ݖ ή  ܤ՜ ݖ ή  ݈ܽݎ݁݊݅ܯ ؠ ܤ ݖ ή ܣ

(14)

The reaction equilibrium constant or selectivity coefficient,  ܭ, is defined to describe the
reaction,

ܭ

ൌ


ܰ ಲ ሾܣሿಳ
 ή
ܰ ಳ ሾܤሿಲ

(15)



where [A] and [B] are the molar solution concentrations of cations A and B respectively, while
NA and NB are equivalent fractional occupancies, defined as the equivalents of A or B sorbed
per unit mass divided by the cation exchange capacity (CEC).
A selectivity coefficient can be derived from experimental data in the following way. The
distribution ratio of cation B, BKd, can be written as,


ܭௗ ൌ

ݏ
ܰ ή ܥܧܥ
ൌ
ሾܤሿ ή ܼ
ሾܤሿ

(16)

At trace sorbate concentration, NA ~ 1, Equation (15) can be rearranged to give,

ܭ

ൌ

ሺ ܭௗ ሻಲ ή ܼ ಲ ή ሾܣሿ ಳ
ሺܥܧܥሻಲ

(17)

For the second category of sorption site, which is pH-dependent, strong (ŁSSOH) and weak
(ŁSWOH) sorption site types were considered. The strong sorption sites are assumed to have a
much smaller capacity but form considerably stronger complexes with sorbates and dominate
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the sorption at trace concentrations. While at high concentrations, the effect of strong sorption
sites is minimal and the weak sorption sites will dominate the sorption behaviour of ions.
A surface complexation reaction representing for example the sorption of M with valence z M
on the strong sorption sites is written as,
 ܵ ؠௌ ܱ ܪ ܯಾ ՜ ܵ ؠௌ ܱ ܯ௭ಾ ିଵ   ܪା

(18)

The corresponding surface complexation constant, KM, can be expressed as:
ܭெ ൌ

ሾ ܵ ؠௌ ܱ ܯ௭ಾ ିଵ ሿ ή ሼ ܪା ሽ
ሾܵ ؠௌ ܱܪሿ ή ሼ ܯ௭ಾ ሽ

(19)

Outer sphere complexes of nuclides on different surface sites are not considered in the 2SPNE
SC/CE model either. According to the modelling results, good agreement with the experimental
data had been achieved over a wide range of conditions: pH, background electrolyte
concentrations and sorbate concentration. Thus, on the basis of the currently available
experimental evidence, it was not considered a necessity to introduce an additional parameter
describing the formation of outer-sphere complexes.
In this thesis, a similar model was developed for Se(IV) sorption on biotite but with modified
parameter acquisition and fitting procedures. A more detailed description of the model
development is shown in Paper 2.
2.2.4.6 Molecular modelling
Molecular modelling including the density functional theory (DFT) method has been widely
used to obtain the sorption mechanisms at the molecular level. DFT is a method to determine
the electronic structures and properties of materials. For example, DFT molecular modelling
has been applied to estimate chemical reactions, solid material surface properties and surface
sorption behaviour of various nuclides (Dash and Rath, 2020; Puhakka et al., 2020, 2019).
Besides, the DFT method can be combined with spectroscopic characterization techniques such
as X-ray absorption spectroscopy (XAS) including Extended X-ray Absorption Fine Structure
(EXAFS) and X-ray Absorption Near-Edge Structure (XANES) to reveal the underlying
phenomena and fundamentals of the sorption processes on mineral surfaces (Bower et al., 2019;
Watts et al., 2019). For example, Watts et al. (2019) studied sorption of Cd(III) on gibbsite and
kaolinite based on a combination of DFT molecular simulation and experimental data obtained
from XAS. The DFT simulation results can reveal most bonding properties such as bond
length/coordination numbers observed by XAS data. However, the author also pointed out that
just DFT molecular modelling cannot capture all the true chemistry of the bidentate
mononuclear interactions. A comparison of more molecular dynamics simulation methods
could improve the simulation results.
In this thesis, molecular modelling was applied to provide sorption site information, such as
sorption site types and site densities, for the development of SCM. In addition, molecular
modelling was also performed to examine, at the molecular level, the complexation reactions
assumed in the SCM, thus, providing more theoretical support of the SCM developed.
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2.3 Diffusion Process
In order to understand the spatial and temporal variability of a radionuclide migrating through
bedrock, it is essential to have an overall perception of the chemical and physical processes
happening in the flowing fracture water and in the matrix pore water. The radionuclides in the
fracture water are retarded compared to the velocity of water along a flow path by chemical
processes like cation exchange reactions and surface complexation reactions on the minerals of
the bedrock. Furthermore, physical processes, like flow, diffusion and dispersion, will cause
mixing and smoothen concentration changes. Because the pore openings of bedrock are in
micrometre and nanometre scale which caused that the pore water is stagnant, the main process
for retarding the nuclides’ transport compared to water movement is matrix diffusion.
2.3.1 Definitions and Fick’s laws
Diffusion is defined as the net movement of ions and molecules from a region of higher
concentration (or high chemical potential) to a region of lower concentration (or low chemical
potential) caused by the random Brownian movement of atoms and molecules. The movement
of molecules by diffusion is described by Fick’s laws (Crank, 1979). Fick’s first law relates the
flux of a chemical to the concentration gradient:
 ܨൌ െܦ

߲ܿ
߲ݔ

(20)

where F is the flux (mol/s/m2), D the diffusion coefficient (m2/s), and c the concentration
(mol/m3).
Fick’s second law describes the rate at which concentration is changing at any given point in
space. In one dimension, Fick’s second law can be written as,
߲ܿ
߲ ଶܿ
ൌ ܦଶ
߲ݐ
߲ݔ

(21)

where t is the time of diffusion (s).
Compared to diffusion in “free” water, nuclides diffusion through a water saturated porous rock
matrix is a complex process where the geometrics of porosity, tortuosity and constrictivity has
to be taken into account. The effective diffusion coefficient, De, was proposed to account for
the entire pore space. In a saturated porous medium, De is related to the free water diffusion
coefficient and defined as,
ܦ ൌ

ܦ௪ ߝ௧ ߜ
߬ଶ

(22)

where ܦ௪ is the diffusion coefficient in “free” water; ߝ௧ is the porosity available for the
transport; ߜ is the constrictivity and ߬ is the tortuosity.
The effective diffusion coefficient can also be related to formation factor, ܨ , which is the ratio
of the specific electrical resistance of sediment with a solution and the specific resistance of the
free solution. The formation factor is defined by the geometry of the porous system and
dependent on the porosity, constrictivity and tortuosity,
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ܨ ൌ

ߝ௧ ߜ
߬ଶ

(23)

Thus, the effective diffusion coefficient can be expressed as,
ܦ ൌ ܦ௪ ή ܨ

(24)

2.3.2 Measurements of diffusion parameters
The diffusion of nuclides migrating through the bedrocks can be studied experimentally by
various techniques. The block scale diffusion experiment (García-Gutiérrez et al., 2006; Ikonen
et al., 2016) and through-diffusion experiment (Kuva et al., 2015; Puukko, 2014; Tachi et al.,
2015) are the two traditional techniques for diffusion studies in crystalline rocks. The common
problem with these techniques is that the experiments are quite time consuming and normally
months or even years is required before enough samples can be collected at the outlet position.
The reason is that the permeability of the rock matrix is very small due to the very low porosity
of the bedrock samples. Normally, the porosity of a crystalline bedrock rock sample is in the
order of 10-3 and the apertures of its micropores are in the order of micrometres to nanometres
(Möri et al., 2003). Thus, the pore water in the rock matrix can be considered as stagnant and
the main process for retarding the nuclides’ transport compared to water movement is matrix
diffusion by Brownian motion. As a result, long time will be used for studied nuclides migrating
from the source position to the sampling position.
New techniques have been developed to reduce the experimental time to a laboratory acceptable
level. For example, hydraulic pressure can be used to accelerate the transport of the studied ions
in rock matrix. However, because of the low permeability of the rock sample, high hydraulic
pressure is often required to accelerate the movement of tracer ions. Gas phase through
diffusion experiments using He atom as a tracer has been developed at the University of
Jyväskylä some years ago (Kuva et al., 2016, 2015). The method can reduce the experimental
time by about 11,000 times based on the fact that the diffusion coefficient of He in nitrogen is
about 11,600 times larger than that of He in water. However, water-based experiments can
provide more realistic results because in the gas phase experiments, the chemical effects and
other water-phase related interactions (e.g. solute-mineral surface interactions) are ignored. The
gas phase through diffusion experiments are more suitable for providing bulk diffusion
coefficients for safety case calculations from pure physical point of view. Compared with the
above-mentioned techniques, the electromigration method is more advantageous. The
electromigration device, designed by Löfgren and André, can be shown schematically in Figure
11 (André et al., 2009; Löfgren and Neretnieks, 2006). An electric field is applied to accelerate
the migration of charged ions in pore water inside the studied rock sample which is placed
between two chambers, one holding an electrolyte with high tracer concentration and one
holding an electrolyte initially free of the tracer. The speed of the studied ion can be controlled
by applying a proper potential over the intact rock sample and a small electrical field is efficient
enough to accelerate the migration of charged ions in pore water inside a low-permeability
granitic rock core (Maes et al., 1999; Mitchell and Soga, 2005). As a result, the experimental
time could be reduced significantly to several days or weeks.
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The electromigration technique has been used for studies such as De, Kd, CEC and Ff in
crystalline bedrocks (André et al., 2009; André et al., 2009; Puukko et al., 2018) and clay soils
(Beauwens et al., 2005; Maes et al., 2002, 1999). However, some critical flaws still exist in the
current design of the device and results analysis methods as we pointed out in Paper 4. In this
thesis, we modified the electromigration device based on the current problem. The new device
was tested by determining the De and Ff values of Se(IV) species migrating through an intact
rock sample from the Äspö underground laboratory (Paper 4). In addition, a new model called
advection-dispersion model was developed for better analysis of the electromigration
experimental results (Paper 5).

Figure 11. Schematic setup for electromigration experiments modified from Löfgren and
Neretnieks (2006).

2.3.3 Modelling of diffusion in the rock matrix
Normally, both diffusion and sorption should be taken into account when we talk about
modelling of diffusion because of the dramatic retardation effect for sorbing nuclides. To assure
strict mathematical description, four assumptions are made based on the geometry and
hydraulic properties of the system. First, the aperture is assumed to be much smaller than the
length of the fracture; second, transverse diffusion and dispersion within the fracture always
ensure complete mixing across its aperture; third, transport within the matrix is dominated by
molecular diffusion owing to the low permeability of porous rock; fourth, transport along the
fracture is much faster than that within the matrix. The first two assumptions ensure that it is
reasonable to describe the solute transport along the fracture in one dimension and the
remaining two assumptions indicate that the direction of tracer migration in the matrix is
perpendicular to the fracture coordinate x. Based on these assumptions, the commonly used
advection-dispersion model can be formulated in mathematical term, neglecting hydrodynamic
dispersion, by the following differential mass balance.
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Diffusion in the rock is given by,
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For flow and solution from the water in the fissure we have
߲ܿ
߲ܿ ܦ ߲ܿ
ݑ
ൌ
ή
ฬ
െ ߣܿ
߲ݐ
߲ݔ
ܾ ߲ ݖ௭ୀ

(26)

where ܿ is the concentration in water in pores; ܿ the concentration in water in fissures;  ݔthe
distance along a fissure;  ݖthe distance into the rock from fissure surface; ܾ the half-width of
fissure;  ݑthe water velocity in fissure; ߩ the rock density; ߣ the decay time constant; ܦ the
apparent diffusivity.
In Equation (26), the water flows in the x direction while the diffusion happened in the z
direction into the rock matrix. The Equations (25) and (26) are the basic equations upon which
most solute transport models are based. The models differ mostly in how the equations are
implemented in different conceptualisations of the rock mass. For example, for a system which
is initially free of nuclide and where the nuclide concentration suddenly is increased to C0 at
the inlet of the fissure (x=0), the initial and boundary conditions are defined as,
Initial condition
ܿ ൌ ܿ ൌ Ͳ ݐ൏ ݐ ݈݈ܽݖ݀݊ܽݔ

(27)

Boundary condition 1
ܿ ൌ ܿ ൌ Ͳ ݐ݄݊݁ݓ Ͳ݂ ݖݎ՜ λ

(28)

Boundary condition 2
ܿ ൌ Ͳ݂ ݐݎ൏ ݐ ܽ ݔݐൌ Ͳ

(29)
ܿ ൌ ܿ ή ݁ ିఒ௧ ݂ݐݎ   ݐ ݐ  ο ݔݐܽݐൌ Ͳ
ܿ ൌ Ͳ݂ ݐݎ ݐ  ο ݔݐܽݐൌ Ͳ
For ߣ  Ͳ the solution is obtained by the Laplace transformation method (For a stable species
(ߣ ൌ Ͳ), for ݐ ൌ Ͳ andȟ ݐ՜ λ, the solution is available in the literature (Carslaw and Jaeger,
1959),
ܿ
ܩ
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where
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(30)

 ܩൌ ሼሾܦ 
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(31)

The solution applied only for  ݐ ݐ௪  ݐ for the first erfc expression, which otherwise is 0,
and  ݐ ݐ௪  ݐ  ο ݐfor the second erfc expression, which otherwise is 0.
For the fluid in the fissures of the rock, ܿ Ȁܿ is obtained by setting z = 0. Boundary condition
2 (Equation (29)) is used here because it simulates a constant leach rate of a body containing a
decaying nuclide. This is one of the important cases to study. Equations (30) and (31) apply
only when the penetration thickness is considerably smaller than the fissure spacing.
A detailed introduction of the basics of the model is available in Neretnieks (1980) and Liu et
al. (2006). The analysis of the analytical solution to the governing equations (Equations (25)
and (26)) can be found in Tang et al. (1981) and Sudicky and Frind (1982). In this thesis, we
have developed an advection-dispersion model based on Equations (25) and (26) for accurate
analysis of the electromigration results. In the model development, both convection and
dispersion were involved as a result of the application of an electric field to accelerate the
movement of studied nuclides.
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3 Experimental
3.1 Characterization of rock samples and groundwaters
The rock samples for sorption experiments, Grimsel granodiorite, was supplied by the
underground research laboratory in Grimsel test site where a long-term in-situ diffusion
experiments were conducted (from 2013 to 2017). The results from this work were meant to
supply laboratory scale data for effective evaluation of both the laboratory and in-situ
experimental results (Muuri et al., 2018, 2016; Soler et al., 2015). Granodiorite is a medium
grained and slightly foliated granite. The composition of its main mineral was analyzed by Xray Powder Diffraction (XRD) method, and the results show that plagioclase (40%), potassium
feldspar (25%), quartz (20%) and biotite (10%) are the main mineral composition of Grimsel
granodiorite. The remaining minerals, chlorite, green amphibole (hornblende), muscovite,
epidote etc., are less than 5%. The porosity of Grimsel granodiorite varies from 0.5% to 1.5%
(Kelokaski et al., 2006) and permeability is (1.3±0.3) × 10-7 m2 (Ikonen et al., 2016).
The pure minerals for sorption experiments, plagioclase, biotite and K-feldspar, were provided
by the Geological Survey of Finland. Quartz was bought from UKGE which is a geological and
expedition supplier in the UK. All the pure minerals as well as the Grimsel granodiorite were
crushed by milling and the part with particle size between 0.071 mm and 0.3 mm were sieved
out for later analysis and experiments. Mineral composition analysis of the rock and mineral
samples was performed by XRD method at the Geological Survey of Finland. Specific surface
area (SSA) measurement was determined at Chalmers University with Kr gas adsorption
Brunauer-Emmett-Teller model (Kr-BET) method using gas adsorption analyzing instrument.
Cation exchange capacities (CEC) of all the rock and mineral samples were measured with
ammonium acetate method (Dohrmann, 2006).
The porosity of intact the rock sample was measured by a water weight difference method as
shown in Ohlsson (2000) and Löfgren (2005). The rock sample was first dried in a vacuum
drier for 3 weeks and the weight of the totally dried sample was recorded. Then the sample was
fully saturated with 0.2 M NaCl solution using the method shown in Löfgren (2005). After
achieving fully saturation, the weight of the rock sample was followed as a function of time
until the surface of the rock sample was fully dried. The surface dry weight was obtained from
the intersection between the two lines drawn from the drying curve, as shown in Figure 20. The
porosity of the rock sample can be calculated by the difference of the weight of rock sample
with dried surface and the weight of totally dried rock sample as well as the density of the
electrolyte.
A Grimsel groundwater simulant (GGWS) was prepared as background electrolyte in the batch
sorption experiments. The elemental composition of the groundwater simulant was presented
in Table 1.
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Table 1. The elemental composition of GGWS and the compostion of fracture water in Grimsel
test site.
pH

Na+

K+

Ca2+

Mg2+

HCO3-

Cl-

SO42-

Br-

F-

Si**

Grimsel water
(mg/L)

9.7

15.87

0.195

5.60

0.015

27.45

5.67

5.86

0.03

6.84

7.00

GGWS (mg/L)

9.5*

25.53

0.195

5.60

---

27.45

5.67

5.76

---

6.84

7.00

3.2 Sorption studies
3.2.1 Titration and sorption experiments
The purpose of the sorption studies is to make a multi-site surface complexation model that can
be used to predict the sorption of Se(IV) species on the bedrock of a nuclear waste repository
(Grimsel granodiorite in this work) under a wide range of groundwater conditions. Three sets
of experimental data were required for deducing a multi-site surface complexation model, as
shown schematically in Figure 12. Each set of experimental data will provide different
parameters necessary for the sorption model development.
3.2.1.1 Titration measurements
The titration results give information about the amount of net-consumed H+ or OH- by different
sorption sites in the protolysis reactions (Equations (2) and (3)). Thus we can deduce the mineral
surface site capacities and intrinsic surface protonation and deprotonation constants (Kint(+),
Kint(-)) for amphoteric ŁSOH type surface sites. The titration experiments were carried out in
an inert N2 atmosphere glovebox with the concentration of CO2 being < 10 ppm and the
concentration of O2 being < 1 ppm. The purpose was to minimise the influence of CO2 on the
pH measurements and mimic the redox conditions of underground water. Titration was carried
out in a batch-wise manner to ensure the achievement of equilibrium during the titration process.
First, K-converted biotite was equilibrated with 0.01 M KClO4 solution for 3 days. Then,
standard acid or base was added to get a series of initial pH conditions from 3 to 11. The whole
system was left for equilibrium for another 3 days during which time additional acid or base
was added to compensate for the pH changes because of mineral dissolution and surface
reactions. After titration, the cation concentrations (Na, K, Ca, Mg, Al) in the solution phase
were checked, at the same time the solution phase was back-titrated to initial pH 7 to calibrate
the mineral dissolution during the titration process. The titration results were also further
calibrated with cation exchange and proton exchange effects by determining the selective
coefficients of cation/proton exchange reactions between corresponding cations and K+ ions on
the biotite surface.
3.2.1.2 Sorption edge measurements
The sorption edge studies provide the information of Se(IV) sorption behaviours as a function
of pH at fixed ionic strength in a trace concentration. According to the assumptions, strong
sorption sites (ŁSSOH) will dominate the Se(IV) species behaviours in the low concentration
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Titration

Sorption edge

Sorption isotherm

Net H+/OH- ~ pH

Kd ~ pH

Kd ~ conc.

Surface site

Surface

Surface

capacities; intrinsic

complexation

complexation

surface

constants for strong

constants for weak

ŁSSOH; SKint(M)

ŁSWOH; WKint(M)

ŁSOH; Kint(+), Kint(-)

Multi-site surface complexation

Sorption isotherm at pH 9.5

Model validation

Figure 12. Schematic figure of the experimental procedures of surface complexation modelling.
area (< 10-7 M) while the weak sorption sites (ŁSWOH) will dominate the Se(IV) species
behaviours in the high concentration area (>10-6 M). Thus, we can deduce the surface
complexation reactions that happened on the strong sorption sites and the corresponding
reactions constants. Sorption edge measurements were carried out with a trace amount of
radioactive Se-75 in a glovebox. First, K-converted biotite was equilibrated with 0.01 M KClO4
for 3 days. Then standard acid and base were added together with a proper amount of Se-75 and
a series of samples with pH from 3 to 11 and Se concentration at 10-9 M were made. The
samples were shaken to achieve equilibrium for 7 days during which time the pH was adjusted
by adding acid and base. After sorption experiments, the amount of Se-75 in the solution phase
was checked by the Hidex-AMG gamma counter and the Kd values were calculated by the
equation,
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ܥ െ ܥ ܸ
(32)
ൈ
ܥ
݉
where ܥ is the initial concentration of Se in the solution; ܥ is the final concentration of Se
after sorption equilibration; V is the volume of the solution and m is the mass of the solid phase.
Sorption isotherm measurements
ܭௗ ൌ

The sorption isotherm data shows the sorption of Se(IV) ions on mineral surfaces on both high
and low concentrations areas at a fixed pH and temperature condition. Combined with the
strong sorption site information provided by sorption edge results, we can deduce the surface
complexation reactions and the corresponding reaction constants for weak sorption sites. The
sorption isotherm measurements were carried out at fixed pH conditions (̱7.8) with batch
sorption methods. After equilibrating the biotite samples and 0.01 M KClO4 solution, a series
of samples with the Se concentrations from 10-10 M to 10-3 M were made by adding proper
amount of stable Se and radioactive Se-75. Then the mixtures were shaken for another two
weeks to achieve fully sorption equilibration. The Kd values of Se species in the samples were
calculated by Equation (32) shown above.
3.2.2 Surface complexation modelling (SCM) development
The main purpose of the modelling processes is to find a set of parameters that can fit all the
experimental data. If a set of parameters can be reached, it is believed that it can reasonably
reflect the real properties of Se(IV) sorption processes on biotite.
The modelling procedure was carried out in an iterative way (Figure 13). The set of parameters
fitted in one step will be fixed in the subsequent steps. If a “break down” appears, the fitting
process will go back to some earlier steps for modification of the modelling parameters until a
set of parameters can fit all the experimental data.
The titration results should be fitted first since it provides the most basic parameters
(protonation/deprotonation constants, Kint(+), Kint(-)) for further sorption edge and sorption
isotherm simulations. In this work, three types of sorption sites were considered; one type of
strong sorption sites (ŁSSOH) and two types of weak sorption sites (ŁSW1OH and ŁSW2OH).
The reason why we assumed two types of weak sorption sites existing on biotite surfaces is
based on the fact of molecular modelling results (Section 3.2.3). The modelling results show
that one type of the weak sorption site exists on the basal surface of biotite with site density of
3.2 sites/nm2 while the other one on the edge surface of biotite with site density of 1.4 sites/nm2.
The sorption edge and sorption isotherm data are considered to give information of reaction
constants between different Se(IV) species and the three types of sorption sites. For all the
fitting and optimization processes, a code that coupled PHREEQC and Python was developed.
PHREEQC is a computer program that can perform calculations of a wide variety of
geochemical processes, such as speciation, surface complexation, ion exchange, 1-D diffusion
etc. Python is a high-level computer programming language which was used in this work to
control the modelling flow and perform optimization of the modelling results by “fmin”
function in the Scipy package. The “fmin” function can find the optimized modelling results by
minimizing the squares of the difference between experimental and modelling simulated data.
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Start - Sorption model

Modification modelling
parameters

Titration data

ŁSOH fixed

Calculate Kint(+), Kint(-)

Fix parameters and compare model predictions
for additional experimental data

Sorption edge data

ŁSOH, Kint(+), Kint(-) fixed

Calculate SKint(M), ŁSSOH

Fix parameters and compare model predictions
for additional experimental data

Sorption isotherm data

ŁSOH, Kint(+), Kint(-), SKint(M), ŁSSOH fixed

Calculate W Kint(M), ŁSW OH

Fix parameters and compare model predictions for
additional experimental data

End - Consistent sorption parameters for modelling

Figure 13. Schematic figure of the iterative procedure of multi-site surface complexation
modelling.
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3.2.3 Molecular modelling with DFT methods
Molecular modelling was performed to investigate the crystalline surface structures and
sorption sites on biotite surfaces, give support parameters for the development of SCM, and
examine the complexation reactions that happened on biotite surface. Thus, molecular
modelling can not only give support parameters such as sorption site types and site densities
for SCM, but can also provide theoretical support for the assumed reactions in the SCM. The
calculations were performed with the CASTEP (CAmbridge Serial Total Energy Package by
Clark et al. (2009)) code implemented into Materials Studio version 8.0. The modelling is based
on solving total electronic energy and overall electronic density distribution in order to define
energetically stable structures for minerals and sorbing species (Leach, 2001). The exchangecorrelation was described with generalized gradient approximation GGA-PBE. As a
compromise between the accuracy and computational time of calculations, the ultrasoft
pseudopotentials were used for each element. The potentials used were Al_00PBE.usp for
aluminium, H_00PBE.usp for hydrogen, O_soft00.usp for oxygen, Se_00.usp for selenium, and
Si_soft00.usp for silicon. The kinetic cut-off energy for a plane wave expansion of the wave
function was 230 eV. The cut-off values correspond to fine quality for all the atoms, except for
oxygen and selenium.

3.3 Diffusion studies
3.3.1 Modification of the electromigration device
The design of the electromigration device by Löfgren and André is shown in Figure 11. In our
work, we performed several modifications based on their design by considering some critical
flaws existing in it. The modified device has the functions of voltage-self-controlling,
continuous-current-recording and solution-pH-stabilization, which are lacking in Löfgren and
André’s design.
First, we introduced a potentiostat (Figure 14, left) to automatically control the voltage over the
rock sample precisely (±0.01 V) within the whole experimental period. The precise controlling
of the voltage was achieved by applying the four-electrode function of the potentiostat (Figure
14, right). The four-electrode function enables the potentiostat to adjust automatically the whole
voltage applied over the electromigration device to give a constant potential over the rock
sample according to the change of the resistance of pore solution. Thus, the stability of the
device can be improved significantly and long-term running of the device becomes possible.
Second, the current flowing through the rock sample can be recorded automatically and
continuously by the potentiostat. The variation of the current gives information on the
movement and distribution of ions inside the rock sample under an electric field, thus, it is an
important factor to be considered when analyzing the experimental results and future reactive
transport modelling.
The controlling of pH of background electrolyte during the running of the electromigration
device is crucial. If the pH is changed, firstly, some ionic tracers, such as SeO32-, may become
protonated and deprotonated. This will change the overall charge of the selenite ions. Secondly,
the minerals may become altered and may dissolve significantly if a rock sample is subjected
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to large pH changes, which may affect the transport properties of the rock. Thirdly, the
efficiency of transferring current from the electrode surfaces to the electrolytes will change if
pH changes are allowed in the electrolytes.
However, electrolysis of background electrolytes occurs at the anode and cathode during the
running of the electromigration experiments,
ǣ ʹܪଶ ܱ െ Ͷ݁ ି ՜ Ͷ ܪା  ܱଶ

(33)

ǣ ʹܪଶ ܱ  ʹ݁ ି ՜ ʹܱ ି ܪ ܪଶ

(34)

As a result of electrolysis, the pH will change with the running of the device, though the anode
and cathode are separated in different chambers to reduce the effect of electrolysis. In our
experiment, we buffered the background electrolyte by adding proper amount of NaHCO3 to
the NaCl solution which was commonly used as background electrolyte in previous studies.
The addition of NaHCO3 has two functions. Firstly, NaHCO3 simulates the pH level of real
groundwater while the concentration of NaCl simulates the ionic strength. Secondly, HCO3- ~
CO32- in the solution is a pH-buffer pair. Even if some amount of H+ or OH- migrate into the
tracer chambers from the electrode chamber, they would not cause significant changes in the
pH value because of the buffer effect of HCO3- ~ CO32- pair.

W

R

W

Figure 14. Left: the potentiostat introduced to the electromigration device system to keep a
constant voltage over the rock sample and record the current. Right: the connection of the
four-electrode system.
3.3.2 Development of data analysis approach
The traditional approach of data analysis for electromigration experimental results, the ideal
plug-flow model, involves many unrealistic assumptions and therefore, it had better be used to
make a rough estimate of the diffusion and sorption properties of the solute species. Since it
commonly gives large uncertainties in parameter identification, one may use the results to
define the lower and upper bounds of the corresponding parameters for a better evaluation by
an advanced model.
In this work, an advection-dispersion model was developed with the purpose to interpret the
experimental results with more confidence. It accounts for the most important mechanisms
governing the movement of the tracer ions, i.e. electromigration, electroosmosis and dispersion.
By comparison, the ideal plug-flow model just considered electromigration effect in the model
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development. The advection-dispersion model was formulated on the basis of the equation of
continuity describing the mass balance of the tracer ions over a rock sample perpendicular to
the direction of mass transport. An analytical solution in the Laplace domain was derived and
then the inverse Laplace transform of the solution can be obtained by use of e.g. De Hoog
algorithm (de Hoog et al., 1982) to numerically transform back to the time domain. The solution
in the time domain gives the tracer concentration at the recipient chamber, cR, which was
measured by the updated electromigration device. By fitting of the numerical solution, cR, to
the experimentally determined data, the parameters like effective diffusion coefficient, De, and
retardation factor, R, can be evaluated with suitable lower and upper bounds.
3.3.3 Electromigration measurements
The modified electromigration device was tested by running with three kinds of tracers:
quinoxaline for electroosmosis measurements, NaI for I- measurements and Na2SeO3 for Se(IV)
species measurements. The background electrolyte used was 0.2 M NaCl + 0.002 M NaHCO3
(pH was adjusted to be ~ 8.5 before using). The potential difference over the rock samples was
set to be 2V and 4V which were controlled to be constant by the potentiostat as discussed above.
Before running with the tracers, the electromigration device was stabilised by running with
background electrolyte for 3 days. After stabilisation, proper amount of tracers were added into
the source chamber and the final concentration of the tracers was 0.1 M. Same amount of NaCl
was added to the recipient chamber to balance the ionic strength. The initial conditions of the
experiments are summarised in Table 2. During the running of the electromigration experiments,
2 mL samples were taken from the recipient chamber from time to time to follow the
concentration change of the tracers. At the same time, same amount of background electrolytes
was added into the recipient chamber to keep the hydraulic pressure and the volume of solutions
to be constant between the source and recipient chambers.

Table 2. Summarise of the electromigration device parameters and initial experimental
conditions. The tracers were tested separately with the electromigration device.
Experimental set-up
Source/Recipient chamber
volume
152 mL
Rock sample
Length
1.12 cm
Background electrolyte
pH

Diameter of the source/recipient Working temperature
chambers
5 cm
̱25 Ԩ
Diameter of the rock sample
5 cm

Porosity
0.7%

NaCl concentration

NaHCO3
concentration
0.002 M

0.2 M
̱8.5
Tracers and working conditions
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Quinoxaline/NaI/Na2SeO3
in source chamber
0.1 M

Quinoxaline/NaI/Na2SeO3
recipient chamber
0

in Voltage over the rock
sample
2V and 4V

The experimental results were analysed by both the traditional ideal plug-flow model and the
advection-dispersion model developed in this thesis. For the analysis with the ideal plug-flow
model, a linear regression line was drawn with the last several data points where a pseudo steady
state seems to be established. The intercept of the regression line with the time axis is an
estimation of the breakthrough time (ݐ ) of the tracer ion and the slope of the linear regression
ௗ

line (ௗ ) is describes the concentration change of it in the recipient chamber under the steady

state condition. The effective diffusivity, De, of tracer ion in the rock sample can be determined
using Equation (35).
݀
݀௧
ܦ ൌ
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(35)

The formation factor, ܨ , was then determined with Equation (24) in the ideal plug-flow model.
The advection-dispersion model, instead, analyses the whole breakthrough curve by fitting with
Equation (66) shown in this thesis. The De and Ff values can be obtained by the best fitting of
the modelling results to the experimental data points.
The parameter identification results (De and Ff) with the traditional ideal plug-flow model and
the newly developed advection-dispersion model were compared. The migration behaviours of
iodide, which was considered to be a non-sorbing ion, and Se(IV) ions, which are slightlysorbing ions, were also compared in this thesis.
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4 Results and Discussion
4.1 Results of sorption studies
4.1.1 Characterization results of rock and mineral samples
The mineral characterization (XRD) of Grimsel granodiorite shows that plagioclase, K-feldspar,
quartz and biotite are the main mineral compositions of it (Table 3). The purities of the main
minerals used for batch sorption experiments are also listed in Table 3. The SSA results show
that biotite has the largest SSA value which is due to the layer sheet structure of it, providing
roughness to the surface and large area of inner surface. Plagioclase has the largest CEC value;
while the CEC value of biotite is the second largest. Considering both SSA and CEC values
among all the rock and mineral samples, we can predict that biotite may play an important role
in the sorption of radionuclides such as Se-75. This result has been confirmed in the work of
Yang et al. (2018), in which it shows, by the studies with EPMA (Electron Probe MicroAnalyzer) analysis, that biotite can be representative of the Se(IV) sorption in complex mineral
assemblages such as granite and biotite contents are critically important to evaluate Se(IV)
transport in granite.

Table 3. Characterization results (XRD, SSA, CEC) of Grimsel granodiorite and its main
minerals.
Rock/mineral

XRD
Main minerals in samples as percentages

SSA
(m2/g)

CEC
(meq/Kg)

Grimsel
granodiorite

40% plagioclase, 25% K-feldspar, 20% quartz, 10% biotite
0.1268 3.32
and 5% chlorite

Plagioclase

75% plagioclase; 5% biotite, 5% K-feldspar, 5% amphibole;
0.1150 22.69
chlorite, quartz, magnetite, ilmenite altogether < 10%

Biotite

100%

1.0323 12.64

Quartz

100%

0.0486 0.01

K-feldspar

90% K feldspar, 8% plagioclase and 2% quartz

0.1084 1.68

4.1.2 Selenium speciation in the sorption experiments
The long time scale of sorption and diffusion experiments makes it possible that selenite (SeO32-)
ions added into the experimental device could be oxidized to selenate (SeO42-), according to the
Eh-pH diagram of Se species (Figure 4), though the transformation between Se(IV) and Se(VI)
ions is believed to be slow and kinetically hindered because it involves the transfer of multiple
electrons and oxygen atoms, in this thesis,
HPLC-ICP-MS technique was applied to separate the Se(IV) and Se(VI) species after sorption
isotherm experiments which took up to one month period; and the amount of Se species in both
valance states were measured with ICP-MS. The results (Figure 15, left) showed no sign of
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selenate and it confirmed that all Se(IV) ions remained in their +IV oxidation state during the
period of sorption experiments.
The aqueous speciation of Se(IV) (SeO32-, HSeO3-, H2SeO3) was calculated as a function of pH
from 3 to 11, based on the speciation data from Ervanne et al. (2016) and the calculated
speciation distributions are shown in Figure 15, right. HSeO3- is the dominant species when
pH is below 8.5, while for pH above 8.5, the main species is SeO32-. For the pH conditions of
natural groundwater which is slightly basic, both SeO32- and HSeO3- can exist in groundwater.

Se(IV) peak

Se(IV) peak

Figure 15. Left: HPLC-ICP-MS results of selenium species after one month stabilization time
with crushed plagioclase and a reference water sample containing only Na2SeO4 at 10-7 M
concentration level; Right: the result of selenium speciation as a function of pH from 3 to 11
calculated with PHREEQC.

4.1.3 Titration results
One of the most difficult problems when performing titration experiments with minerals is
mineral dissolution. The ignorance of mineral dissolution will cause two high H+ and OHconsumption in the extreme pH areas (pH < 5 or pH > 10). Figure 16a shows clearly that the
consumed H+ and OH- rises sharply at extreme pH areas, indicating severe dissolution of biotite.
In order to overcome the problem of mineral dissolution, we used a batch titration coupled with
backtitration method in this thesis. In this method, the titration was performed in batch-wise
manner, instead of a continuous manner, and the supernatants from forward titration samples
were back-titrated to a common endpoint. The quantities of acid or base consumed in the
backtitration are subtracted from the quantities of base or acid consumed in the forward titration.
In the case of acid titration, biotite the composition of which is characterized as
(KMg1.76Fe0.7Ti0.54)(Al1.08Si2.92O10)(OH0.44F0.56O), will dissolve in the acidic solution in the
forward titration process,
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ሺଵǤ Ǥ Ǥହସ ሻሺଵǤ଼ ଶǤଽଶ ଵ ሻሺ

Ǥସସ Ǥହ ሻ
3+

 ͳǤ͵ʹ

ଶ

 ͺǤ

ା

֞ K+ +1.76Mg2+ +0.7Fe2+ +0.54TiO2 +1.08Al +2.92H4 SiO4 +0.56F-

(36)

and 8.6 mol of H+ are consumed by dissolution reaction of 1 mol of biotite. While in the
backtitration process, by titrating with base to the neutral conditions, the following species are
formed,
ܭା ฺ ܭା
ͳǤ݃ܯଶା ฺ ͳǤ݃ܯଶା
ͲǤ ݁ܨଶା  ͳǤͶܱͲ ฺ ି ܪǤ݁ܨሺܱܪሻଶ
(37)
ͲǤͷͶܱܶ݅ଶ ฺ ͲǤͷͶܱܶ݅ଶ
ଷା
ି
ͳǤͲͺ ݈ܣ ͵ǤʹͶܱͳ ฺ ܪǤͲͺ݈ܣሺܱܪሻଷ
ʹǤͻʹܪସ ܱܵ݅ସ ฺ ʹǤͻʹܪସ ܱܵ݅ସ
ͲǤͷͲ ฺ ି ܨǤͷି ܨ
and 4.64 mol OH- are consumed by backtitration to neutral pH. This leaves 3.96 mol H+ per
mol of dissolved biotite not accounted for by backtitration. This part of H+ should be added to
the backtitration data.
Similarly, in the forward titration to the basic direction, 2.96 mol of OH- is consumed by
dissolution reaction of 1 mol of biotite,
ሺଵǤ Ǥ Ǥହସ ሻሺଵǤ଼ ଶǤଽଶ ଵ ሻሺ Ǥସସ Ǥହ ሻ  ʹǤͻ ି 
ͳͳǤͻʹ ଶ    ା  ͳǤ ଶା  ͲǤ ሺ ሻଶ  ͲǤͷͶଶ  ͳǤͲͺሺ ሻି
ସ
ି
 ʹǤͻʹଶି

ͲǤͷ
ଷ
Then in the backtitration to neutral conditions,

(38)

ܭା ฺ ܭା
ͳǤ݃ܯଶା ฺ ͳǤ݃ܯଶା
ͲǤ݁ܨሺܱܪሻଶ ฺ ͲǤ݁ܨሺܱܪሻଶ
(39)
ͲǤͷͶܱܶ݅ଶ ฺ ͲǤͷͶܱܶ݅ଶ
ି
ା
ͳǤͲͺ݈ܣሺܱܪሻସ  ͳǤͲͺͳ ฺ ܪǤͲͺ݈ܣሺܱܪሻଷ
ʹǤͻʹܱܵ݅ଷଶି  ͷǤͺͶ ܪା  ʹǤͻʹܪଶ ܱ ฺ ʹǤͻʹܪସ ܱܵ݅ସ
ͲǤͷͲ ฺ ି ܨǤͷି ܨ
6.92 mol H+ are consumed in the backtitration processes and this leaves 3.96 mol H+ more are
consumed in the backtitration per mol of dissolved biotite.
The results of forward and back titrations are summarized in Table 4. The amount of mineral
dissolved was calculated according to the concentration of Si dissolved into the background
solution. After the calibration of backtitration data, the titration curve is in the form of Figure
16b and it shows that most of the mineral dissolution has been calibrated.
However, the more H+ consumption of Figure 16b at pH < 5 shows that the whole H+/OHconsumption in the extreme pH areas can not be compensated by just backtitration. Other
factors, cation exchange and proton exchange, will affect the consumption of H+ in strongly
acidic conditions as well. The theory can be explained by the following. In the forward titration,
M(OH)3, which represents the composition of mineral, will dissolve and consume H+,
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(a)

(b)

(c)

Figure 16. (a) The moles of HNO3 or NaOH consumed in the original titration results without
calibration processes; (b) the amount of HNO3 or NaOH consumed after calibration with
backtitration results; (c) the net consumed amount of HNO3 or NaOH calibrated with
backtitration, cation exchange and proton exchange results.
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ܯሺܱܪሻଷ  ͵ ܪା  ܯଷା  ͵ܪଶ ܱ

(40)

In the backtitration to the neutral conditions, OH- will be consumed,
ܯଷା  ͵ܱ ି ܪ ܯሺܱܪሻଷ

(41)

In the ideal condition, the amount of OH- consumed in the backtitration can indicate all the
amount of H+ consumed by mineral dissolution. However, because of the existence of cation
exchange reactions between the dissolved M3+ and the K+ on the surface of biotite,
͵ܭ௧௧  ܯଷା  ܯ௧௧  ͵ ܭା

(42)

part of the dissolved M3+ will be removed from the solution and this part of M3+ will not be
compensated by backtitration.
The proton exchange reaction is defined as the exchange reactions between H+ and the surface
K+ of biotite,
ܭ௧௧   ܪା  ܪ௧௧   ܭା

(43)

The amount of sorption sites of biotite occupied by different cations can be calculated according
to the measured selective coefficients of cation/proton exchange reactions and the equilibrium
cation concentrations. The results (Table 5) show that Al3+ is the most abundant cation that can
react with the K+ on biotite surface and the reactions of other cations can be omitted compared
with Al3+. Thus, the amounts of Al3+ and H+ were used for the calibrations of cation exchange
and proton exchange reaction, respectively, to calculate the net consumed H+ in the strong
acidic region. The results are also summarized in Table 4.
After taking into account the calibrations of backtitration, cation exchange and proton exchange
reactions, the net consumed amount of H+/OH- is listed in the last column of Table 4 and the
final titration curve is shown in Figure 16c.

Table 4. Summary of the forward titration (mol), backtitration (mol), minerals dissolution (mol),
cation exchange (mol), proton exchange (mol) data for calculating the net consumed H+/OH(mol)in the titration experiments. The quantities of the net consumed H+ or OH- are calibrated
by backtitration, mineral dissolution, cation exchange and proton exchange.
Acid/Base
added

Backtitration
added

Mineral dissolution

Cation
exchange

Proton
exchange

Net
consumed

6.41

7.0E-06

3.3E-07

--

--

--

6.7E-06

6.05

1.1E-05

1.3E-06

--

--

--

9.7E-06

5.72

1.3E-05

2.0E-06

--

--

--

1.1E-05

5.38

1.7E-05

4.0E-06

1.7E-06

--

--

1.1E-05

5.35

1.6E-05

3.8E-06

1.9E-06

--

--

1.1E-05

5.13

3.2E-05

7.7E-06

7.8E-06

2.4E-06

1.8E-09

1.4E-05

pH
Acid
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4.67

4.3E-05

1.4E-05

8.4E-06

2.5E-06

4.3E-09

1.8E-05

4.32

6.0E-05

2.7E-05

1.1E-05

2.7E-06

8.1E-09

2.0E-05

3.97

8.5E-05

4.4E-05

1.5E-05

2.8E-06

1.5E-08

2.3E-05

3.50

9.3E-05

4.6E-05

1.9E-05

2.9E-06

1.9E-08

2.5E-05

8.37

2.2E-06

1.7E-06

--

--

--

4.8E-07

8.96

4.0E-06

1.7E-06

7.3E-07

--

--

3.1E-06

9.55

7.0E-06

2.8E-06

4.8E-07

--

--

4.7E-06

9.73

8.0E-06

3.8E-06

5.2E-07

--

--

4.8E-06

9.88

1.0E-05

5.0E-06

9.6E-07

--

--

6.0E-06

10.26

1.5E-05

9.7E-06

1.9E-06

--

--

7.3E-06

10.38

2.0E-05

1.3E-05

2.6E-06

--

--

9.3E-06

10.70

3.0E-05

2.3E-05

5.1E-06

--

--

1.3E-05

10.88

4.0E-05

3.3E-05

6.8E-06

--

--

1.4E-05

Base

Table 5. The amount of sorption sites occupied by cations on converted biotite.
pH

Cation occupancies (meq/Kg)
H

K

Ca

Mg

Na

Al

5.13

0.0037

4.9

0.029

0.120

0.028

14.4

4.67

0.0087

4.1

0.020

0.096

0.190

15.1

4.32

0.016

3.4

0.012

0.076

0.013

16.0

3.97

0.030

2.8

0.009

0.060

0.075

16.5

4.1.4 Sorption edge and sorption isotherm results
The sorption edge measurements were carried out by measuring the sorption of 10-9 M total
Se(IV) with a radioactive Se-75 tracer on converted biotite in 0.01 M KClO4 solution. Figure
17 (a) shows the experimental results and clear strong pH dependence of Se(IV) sorption was
observed. This indicates that the sorption of Se(IV) ions on biotite surface undergoes the surface
complexation mechanism.
The sorption isotherm experimental results (Figure 17, b) show a clear increasing trend of Kd
values with the decrease of Se(IV) concentration from 10-3 to 10-10 M. Two platforms exist at
the low concentration area (10-10 ~10-8 M) and high concentration area (10-6 ~ 10-3 M). This
may indicate the change of sorption mechanisms when concentration changed.
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(a)

(b)

Figure 17. Titration (a), Sorption edge
(b) and sorption isotherm (c)
experimental data (●) and modelling
results (■).

(c)

4.1.5 Analysis with multi-site surface complexation model and validation
The titration results were modelled in terms of protonation/deprotonation reactions (Equations
(2) and (3)). The reaction constants can be described without an electrostatic term like,
ܭ௧௧ ൌ

ሾܪܱܵ ؠଶା ሿ
ሾܪܱܵ ؠሿ ή ሼ ܪା ሽ

(44)

ሾ ି ܱܵ ؠሿ ή ሼ ܪା ሽ
ሾܪܱܵ ؠሿ

(45)

and
ܭௗ௧௧ ൌ

where [] represents concentrations in M and {} represents activities. Table 6 (right) shows the
protonation and deprotonation reactions of the assumed three kinds of sorption sites with the
respective modelled reaction constants. The basic parameters of modelling such as site types,
site densities and SSA were listed in Table 6 (left) and these basic parameters were fixed in the
whole modelling procedures.
The sorption edge results were modelled with the surface complexation reactions between the
strong sorption sites ≡SSOH and the three different Se(IV) species as shown in Figure 15 right
in the experimental pH range from 3 to 11. Depending on the distributions of the strong sorption
sites in the same pH range as shown in Figure 18 left, different surface complexation reactions
were assumed in different pH ranges.
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Table 6. Basic parameters used in the modelling of titration and sorption data (left); and the
protolysis reactions of hydroxyl surface functional groups (≡SOH) and the corresponding
reaction constants (right).
Parameter

Biotite

Protolysis reactions
S

+

log K

S

OH2+

SSA(m2/g)

1.0323

≡S OH + H ֞ ≡S

Mass (g)

0.5

≡SSOH ֞ ≡SSO- + H+
W1

+

-8.78

W1

0.00068 (S_sOH)
Sorption sites densities
3.2
(Sw1OH)
(sites/nm2)
1.4
(Sw2OH)

≡S OH + H ֞ S OH2

CEC (meq/Kg)

≡SW2OH ֞ ≡SW2O- + H+

12.64

W1

W1

5.05

+

≡S OH ֞ ≡S O + H

+

5.05
-8.78

≡SW2OH + H+ ֞ ≡SW2OH2+ 6.10
-11.22

Figure 18. The strong sorption sites distribution as a function of pH (left) and the distribution of different
sorption species on the surface of biotite as a function of pH (right).

At pH > 9, SeO32- is the main Se species and reaction,
ܱܵ݁ଷଶି  ܵ ؠௌ ܱ ܪ ܵ ؠௌ ܱܱ݁ܵܪଷଶି

(46)

is considered as the main reaction as SeO32- and ܪܱܵ ؠ/ ିܱܵ ؠare the main species at this pH
conditions. When pH is between 7 and 9, both SeO32- and HSeO3- exist in the aqueous phase.
The reaction between HSeO3- and ≡SSOH,
 ି͵ܱ݁ܵܪ ܵ ؠௌ ܱ ܪ ܵ ௌ ܱܪଶ ܱܵ݁ଷି

(47)

will become more and more important with pH decreasing.
At pH between 4 and 7, the amount of SeO32- is minimal and the protonated sorption hydroxyl
groups  ܵ ؠௌ ܱܪଶା will become popular. The complexation reaction is expressed as,
ܱ݁ܵܪଷା   ܪା  ܪܱܵ ؠ  ܵ ؠௌ ܱܪଶ ܱ݁ܵܪଷ
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(48)

When pH < 4, the H2SeO3 species will appear and the complexation between H2SeO3 and
 ܵ ؠௌ ܱܪଶା will be considered,
ܪଶ ܱܵ݁ଷ   ܪା  ܵ ؠௌ ܱ ܪ ܵ ؠௌ ܱܪଶ ܪଶ ܱܵ݁ଷା

(49)

The selectivity coefficients of the complexation reactions (Equation (46) to (49)) calculated
from the modelling processes are summarized in Table 7, and the modelling data are shown in
Figure 17 (b). One can summarize from the trend of the selective coefficients of the
complexation reactions that the complexation ability of different Se species follows in the order
H2SeO3 > HSeO3- > SeO32-. This result is in accordance with the calculated sorption energies
by molecular modelling.
The sorption isotherm results were modelled based on the parameters from titration and sorption
edge modelling results as well as the surface complexation reactions between HSeO3- and
ŁSW1OH / ŁSW2OH sorption sites, as shown in Table 7. In the high concentration region, where
most of the surface complexation reactions happen on the two types of weak sorption sites,
HSeO3- is regarded as the main Se species. One reason is that at the experimental pH conditions
(7.7), HSeO3- is the most abundant Se species; the other reason is that HSeO3- has more
complexation ability than SeO32-, as we got from the modelling of sorption edge results.

Table 7. Surface complexation reactions between different Se species with strong and weak
sorption sites. The selectivity coefficients are calculated by the multi-site surface complexation
model.
Reactions
2-

log K
S

S

SeO3 + ŁS OH  ŁS OHSeO3

2-

-2.23

HSeO3- + ŁSSOH  ŁSSOH2SeO3+

-

S

7.89

S

13.46

H + HSeO3 + ŁS OH  ŁS OH2HSeO3
+

S

S

H + H2SeO3 + ؠS OH  ؠS OH2H2SeO3

+

HSeO3- + ŁSW1OH  ŁSW1OH2SeO3+

-

W1

W1

H + HSeO3 + ŁS OH  ŁS OH2HSeO3
-

W2

W2

HSeO3 + ŁS OH  ŁS OH2SeO3

-

H+ + HSeO3- + ŁSW2OH  ŁSW2OH2HSeO3

13.02
2.78
3.78
2.48
2.62

The modelling results are shown in Figure 17 (c). The site occupation calculations show that
the site density of the strong sorption sites is 0.00068 sites/nm2, which is much lower than that
of the two types of weak sorption sites. This is in accordance with the assumption that the strong
sorption sites dominate the sorption behaviours in the low concentration region while the weak
sorption sites dominate the sorption behaviours in the high concentration region.
The multi-site surface complexation model developed in this work was validated by the sorption
isotherm data measured at pH 9.5. The best fit was achieved at pH 9.34 which is in fair
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agreement with the experimental conditions. This proves that the surface complexation model
developed here could be used to describe the Se(IV) sorption on bedrock over a pH range from
7.5 to 9.5 which covers most of the pH values of groundwaters in bedrocks of a nuclear waste
repository.
4.1.6 Molecular modelling of surface sites and reactions
The structures of the basal and edge surfaces of phlogopite were investigated by DFT molecular
modelling. The basal (001) and edge (110) surfaces were identified as the active sorption
surface of Se species. The structures of the sorption sites on corresponding surfaces are shown
in Figure 19. These two kinds of sorption sites were studied as weak sorption sites in the multisite surface complexation modelling. By optimizing the sorption geometries, the number of
sorption site for sorption of Se species were calculated. The sorption site density of the basal
(001) surface was estimated to be 3.2 sites/nm2 and the sorption site density of the edge (110)
surface was estimated as 1.4 sites/nm2 (Table 6).
A molecular level illustration of the sorption of the three Se species, SeO32-, HSeO3- and H2SeO3
on the two kinds of sorption sites were studied and the optimized bonding geometries are shown
in Figure 19. According to the modelling process, electron transfer reactions happen between
the biotite surface and Se(IV) species when coordination reactions happen on the (110) edge
surface, and during the reaction processes, anionic and neutral Se(IV) species can transfer to
cationic species HSeO2+. In contrast, at the (001) basal surface, electron transfer processes are
not thought to be dominant.
The energies of the corresponding surface sorption reactions are summarized in Table 8. The
results indicate that Se will be sorbed on phlogopite surface via the oxygen atom of the oxyanion.
The sequence of the sorption energies for both types of sorption sites follow the order of H2SeO3
< HSeO3- < SeO32-, which is in the same order of the logK values of the reactions calculated by
the multi-site surface complexation model. The result indicates that HeSeO3 is the most
favourable sorption Se species onto phlogopite surface and then HSeO3-, while SeO32- is the
least favourable. Because of the rare occurrence of H2SeO3 in normal groundwaters, this
explains the common experimental observations that Se will be sorbed in the form of HSeO3by many researchers.

a)

b)

c)
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d)

f)

e)

Figure 19. Optimized sorption geometries of Se species: SeO32-, HSeO3- and H2SeO3 on
phlogopite basal (a, b, c) and edge (d, e, f) surfaces.

Table 8. Sorption energies (eV) calculated in the DFT molecular modelling of Se (IV) species
on phlogopite basal (001) and edge (110) surfaces.
Se species

Phlogopite
(110)

(110)

(001)

‒O‒Se

‒Se‒O

‒O‒Se

Se(IV)O32-

4.6

6.4

5.7

HSe(IV)O3-

-1.8

4.5

3.4

H2Se(IV)O3

-5.2

0.7

-2.3

4.2 Results of diffusion studies
4.2.1 Characterization results of the intact rock sample
The intact granitic rock sample used in the electromigration experiment was collected from
Äspö underground laboratory (borehole KLX11F, 17m) in collaboration with Linnaeus
University. The geometry of the rock sample was determined with a calliper (1.12cm length, 5
cm diameter). The lithology distribution of the rock sample was quartz monzodiorite (95.5%)
and fine-grained granite (4.5%). More detailed information could be checked in the report
Mattsson et al. (2007).
The porosity of the intact rock sample was determined by the water weight difference method.
The weight of the background electrolyte saturated rock sample in the open air was followed
as a function of time until the surface of the rock sample was fully dried. The drying curve is
shown in Figure 20. The orange lines represent the process of out-surface dryness while the
green line represents the evaporation of the pore water. The intersection of the two lines
indicates the weight of the rock sample with totally dry surface when pore water has been fully
evaporated. The porosity of the rock sample was calculated by the difference of the weight of
rock sample with dried surface (evaluated from Figure 20) and the weight of totally dried rock
sample as well as the density of the electrolyte. The porosity determined was 0.7%.
42

Figure 20. The weight of the water saturated rock sample measured in the open air as a function
of drying time.
4.2.2 Updated electromigration device presentation
The updated electromigration device, designed based on the ideas listed in Section 3.3.1, is
shown in Figure 21 left. The volume of the source and recipient chambers, built with poly
(methyl methacrylate) (PMMA), is 152 mL and the volume of the two electrode chambers at
both ends is 250 mL. Compared with the pore volume of the rock sample, the volume of the
chambers can be considered as infinitely large. Thus, the concentration change of the tracer in
the source chamber can be regarded as constant during the whole experimental period.
The electrodes in the four chambers, connected and controlled by a potentiostat in a fourelectrode system, were made of titanium metal. A sample holder (Figure 21 right), made of
PMMA, was also designed to make sure that all tracer ions migrate only through the intact rock
sample by its micropores. A similar holder design was also applied to the two filters which have
similar mineralogical compositions of the rock sample. The two filters were used to separate
the two electrode chambers from the source/recipient chambers.

Sample

Figure 21. Setup of the electromigration experiments (left). The sample is in the middle of the
setup between the source chamber and the recipient chamber. At both ends are the two
electrode chambers separated by two rock filters from the tracer chambers. Right is the
Sample/filter holder designed for the electromigration setup.
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Due to the introduction of the potentiostat (Figure 14) and the stabilization of the pH values of
the background electrolyte by adding NaHCO3 buffer, the modified device has the functions of
voltage-self-controlling, continuous-current-recording and solution-pH-stabilization which are
lacking in former designs. It enables to provide more accurate and reproducible results of
electromigration experiments. Long term running of the device also becomes possible, because
the voltage over the rock sample will be adjusted automatically by the device itself to keep a
constant value whenever the resistance of the rock sample changes.
4.2.3 New models for accurate electromigration analysis
The ideal plug-flow model used by former researchers for analysing electromigration
experimental results contains lots of assumptions, which gives large uncertainties in parameter
identifications. To interpret the experimental results more accurately, we developed an
advection-dispersion model that accounts for not only the dominant effect of electromigration
but also the contribution of electroosmosis and dispersion on ionic transport. The processes of
the modelling development are shown briefly below.
The mass balance on the ions over a thin shell of the rock sample perpendicular to the direction
of mass transport follows the general convection-dispersion equation which is expressed as,
ሺߝ்ௌ  ߩௗ ܭௗ ሻ

߲ܿ
ͳ ߲ܿ
ͳ ߲ ଶܿ
ൌ െߝ் ݒ ଶ
 ߝ் ߜ  ܦଶ ଶ
߲ݐ
߬ ߲ݔ
߬ ߲ݔ

(50)

where ݒ is the convection velocity composed of both ݒ and ݒ , i.e. ݒ ൌ ݒ  ݒ , ߩௗ is
the dry bulk density of the rock sample, ܭௗ is the distribution coefficient, ߝ்ௌ is the porosity
available for both transport and storage, ߝ் is the porosity associated with the transport, ߜ is
the constrictivity, considered to depend on the ratio of the diameter of the ions to the pore
diameter, and ߬ is the tortuosity, defined as the ratio between the real distance of the transport
path and the experimentally measured end to end distance.
With the assumption of a linear sorption isotherm, a retardation factor is defined as,
ܴ ൌͳ

ߩௗ ܭௗ
ߝ்ௌ

(51)

Then we introduce an effective convection velocity
ߝ்
ݒ
߬ଶ 

(52)

ܦ ൌ ܨ ܦ

(53)

ߝ் ߜ
߬ଶ

(54)

ݒ ൌ
and an effective dispersion coefficient

with the formation factor defined as
ܨ ൌ
Then the Equation (50) reduces to
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ߝ்ௌ ܴ

߲ܿ
߲ܿ
߲ଶܿ
ൌ െݒ
 ܦ ଶ
߲ݐ
߲ݔ
߲ݔ

(55)

To facilitate analysis of experimental results, it is often preferable to define an apparent
convection velocity
ݒ ൌ

ݒ
ߝ்ௌ ܴ

(56)

ܦ ൌ

ܦ
ߝ்ௌ ܴ

(57)

and an apparent dispersion coefficient

Consequently, Equation (55) reduces to
߲ܿ
߲ܿ
߲ଶܿ
ൌ െݒ
 ܦ ଶ
߲ݐ
߲ݔ
߲ݔ

(58)

Equation (55) can be solved with the initial condition,
ܿሺݔǡ Ͳሻ ൌ Ͳ

(59)

ܿሺͲǡ ݐሻ ൌ ܿ ሺݐሻ

(60)

ܿሺܮǡ ݐሻ ൌ ܿோ ሺݐሻ

(61)

and the boundary conditions,

and

where  ܮis the length of the rock sample; ܿ and ܿோ are the tracer concentration in the source
and recipient chambers, respectively.
The evolution of ܿ with time can be determined in terms of a macroscopic mass balance over
the source chamber as,
ܸ

݀ܿ
ൌ െ ܰܣ ȁ௫ୀ
݀ݐ

(62)

along with the initial condition:
ܿ ሺͲሻ ൌ ܿ

(63)

where ܸ is the volume of the left chamber and  ܣis the cross-section area of the rock sample.
Similarly, the evolution of ܿோ with time can be described by a macroscopic mass balance over
the right chamber, which receives the tracer, i.e.,
ܸோ

݀ܿோ
ൌ  ܰܣ ȁ௫ୀ
݀ݐ

along with the initial condition,
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(64)

ܿோ ሺͲሻ ൌ Ͳ

(65)

Equations (58) to (65) give a full description of the dynamic process of electromigration, which
can be solved by the Laplace transform method. The detailed solution process is illustrated in
Paper (IV). The Laplace transformed solution of ܿோ is
ܲ݁ ݄ܵܿܿݏሺܵሻ
ቁ
ܲ݁
ʹ
ܿோ ൌ െ
തതത
ଶ ߚ ܿ
ͳ
݄ܵܿݐሺܵሻ ͳ
݄ܵܿݐሺܵሻ
݄ܵܿܿݏሺܵሻ
ʹ  ߚ  ݏ
൨

െ
ߚ
ݏ
െ
൨


൨
ோ
ܲ݁
ܲ݁
ܲ݁
ʹ
 ቀ

(66)

where  ݏis the Laplace variable, ܵ is a ݏ-dependent variable defined as,
ܵൌ

ܲ݁
Ͷ߬ ݏ
ඨͳ  
ܲ݁
ʹ

(67)

ܲ݁ is the Péclet number, ߚ and ߚோ are the relaxation times of the source and recipient
chambers, respectively.
The inverse Laplace transform of Equation (66) gives the tracer concentration ܿோ at the
recipient chamber and it can, for a given experimental setup, be generally written as,
ܿோ ൌ ݂ሺݒ ǡ ܦ ǡ ߝ்ௌ ܴǡ ܿ ǡ ݐሻ

(68)

This result indicates that the numerical solution of ܿோ , obtained by use of e.g. De Hoog
algorithm (de Hoog et al., 1982) to numerically transform Equation (66) back to the time
domain, would depend only on ݒ ǡ ܦ and ߝ்ௌ ܴ. As a consequence, these parameters can
readily be evaluated by fitting the numerical solution ܿோ to the measured data of the
breakthrough curve using e.g. a nonlinear least squares algorithm supplemented with suitable
lower and upper bounds.
4.2.4 Electromigration experimental results and model analysis
The experimental conditions and critical parameters of the electromigration device were
summarised in Table 2. The quinoxaline tracer was tested for the determination of
electroosmosis. The iodide, which was regarded as a non-sorbing ion on mineral surfaces, was
tested secondly because iodide was the most tested ion in the former electromigration studies.
Thirdly, Se(IV) species, which are slightly sorbing ions according to our sorption studies, were
run with our electromigration device. The results running with different tracers were modelled
with three models we developed in our work, the ideal plug-flow model, advection-dispersion
model and reactive transport model.
4.2.4.1 Electroosmosis measurement results
Quinoxaline was used as the tracer for measuring the effect of electroosmosis on ionic transport
inside the intact rock sample. After 5 days of continuous running for several times before the
running with Se and I tracer, no obvious detection of quinoxaline was observed in the recipient
chamber. The highest observation was that electroosmosis might account for 4.1% of the total
electromigration processes compared with the running with iodide tracer afterwards. However,
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this observation just appeared once. It was, therefore, deemed that the effect of electroosmosis
can be omitted in the electromigration processes under our experimental conditions.
4.2.4.2 NaI and Na2SeO3 experimental results and modelling with IPF model
Two voltages (2V and 4V) were applied and controlled automatically (±0.01V) by the
potentiostat over the rock sample. Thus, the potential gradients of the rock sample were 179
V/m and 357 V/m, respectively. After following the concentration of the tracer ions in the
recipient chamber for about 2 days, we got the breakthrough curves of these tracer ions as a
function of experimental time recorded by the potentiostat. The experimental results of the
tracer ions as well as the modelling results with different models are shown in Figure 22. The
results show that iodide can migrate through the rock sample more quickly than selenite ions,
which can be seen from the breakthrough time of these tracers clearly. Before the breakthrough
time, the concentration of tracer ions in the recipient chamber remained apparently at the
background level. This indicates that the electromigration device was in a good condition of
tightness and thus all the tracer ions have migrated through the rock sample by the connective
pore network.
In order to interpret the experimental results more precisely and quantitatively, different
modelling methods were applied to fit the experiment results and derive diffusion parameters.
The ideal plug-flow model was tried first, since it is the simplest and most commonly used
modelling method to interpret electromigration results. One just needs to make a linear
regression line of the late-time data of the breakthrough curve over which the tracer
concentration increases seemly at a constant rate and a pseudo-steady-state was considered to
be established (Figure 22). The intercept of the regression line with the time coordinate (ݐ )
gives the breakthrough time of the tracer ions, i.e. ݐ ൎ ߬ , where ߬ is the characteristic
advection time. The slope of the linear regression line (ߢ) gives approximately the concentration
change rate of the tracer ions in the recipient chamber, i.e. ߢ ൎ ܿ Ȁߚோ . As a result of these
assumptions, the effective diffusion coefficient of the tracer ions can be calculated with
Equation (35). To better describe the diffusion properties of the intact rock sample, formation
factor, ܨ , which describes the pore system configuration and the rate of transport through the
pore system of the rock sample, is also calculated by Equation (24) in this thesis. The calculated
results for both tracer ions are summarised in Table 9.
Table 9. Summary of the modelling results of molecular effective diffusion coefficients, De and
formation factors, Ff, applied with the ideal plug-flow model, advection-dispersion model and
reactive transport model.
Iodide

Se(IV) species

Model applied

ܦ (10-14 m2s-1)

ܨ (10-5)

ܦ (10-14 m2s-1)

ܨ (10-5)

Ideal plug-flow model

8.33±3.25

4.06±1.59

2.30±0.89

2.30±0.89

Advection-dispersion model

11.5±0.60

5.61±0.29

3.50±0.86

3.50±0.86

Reaction transport model

12.4±1.05

6.06±0.51

3.75±0.35

3.75±0.35
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Tracer: iodide

Tracer: selenite

Model: IPF

Model: IPF

Tracer: iodide

Tracer: selenite

Model: AD

Model: AD

Tracer: iodide

Tracer: selenite

Model: RT

Model: RT

Figure 22. The concentration of iodide (left) and Se(IV) species (right) (ߤM) followed in the
recipient chamber as a function of experimental time and the modelling results with ideal plugflow model (IPF), advection-dispersion model (AD) and reactive transport model (RT).

4.2.4.3 Modelling with advection-dispersion model
According to the above results, the ideal plug-flow model can only be used to give a quick but
rough estimate of the parameters such as ݒ ǡ ܦ ǡ ܨ and ܴ etc. The results can be used in
defining the lower and upper bounds of the corresponding parameters. To perform a more
precise analysis, the advection-dispersion model developed in this work is recommended
because it takes into account more influencing factors in the electromigration processes, i.e.
electromigration, electroosmosis and dispersion. By numerically transform Equation (66) to the
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time domain and fitting the solution ܿோ to the experimental data of both iodide and selenite, one
can get the modelling results as shown in Figure 22.
The difference of the modelling results between the ideal plug-flow model and the advectiondispersion model is quite clear. The ideal plug-flow model simply makes a linear regression
line of the data at which a pseudo-steady-state seems to be achieved after breakthrough time.
However, it is noted that the measured breakthrough curves show a clear curvature at the
moment around the breakthrough time, which is certainly overestimated by the ideal plug-flow
model. This indicates that dispersion played a non-negligible role in the ionic transport through
the rock sample. As a consequence, the application of the ideal plug-flow model for parameter
identification can be problematic because it ignores the effect of dispersion and uses only a
small part of the late-time experimental results. The advection-dispersion model, on the
contrary, analyses the whole breakthrough curve instead, and more factors that can affect the
results can be taken into account when fitting the breakthrough curve with the advectiondispersion model.
4.2.4.4 Modelling with the reactive transport model
The inherent ignorance in the advection-dispersion model of the speciation of the aqueous
solution and ionic equilibrium (aqueous chemistry) gives rise to the question that the neglect of
aqueous chemistry may influence the results of parameter identification to some extent. To
examine how severe the deviations could be, a reactive transport model tailored for the
electromigration cell (Figure 11) was developed. The method is to reformulate the advectiondispersion model by replacing ܿ as ܿ , the concentration of the ݅th species, in the governing
equations as well as in the initial and boundary conditions, in addition to include mass-action
equations, mass and charge balance equations etc., as the geochemical model of PHREEQC
does. The implementation of such a reactive transport model is not straightforward, especially
in the cases considering individual diffusion coefficients for the solute species. To address this
problem in a simple means, one can couple the Iphreeqc modules with the Python script, same
as we performed in developing the multi-site surface complexation model. The coupling of
Iphreeqc modules with Python script facilitates specific treatment of the boundary conditions
and calculation of the reactive transport in a stepwise and coupled manner.
The flux due to the gradients in concentration, electric potential as well as electroosmosis and
dispersion can be written with,
ܰ ൌ െܦ ሺ


߲ɗ
߲ܿ ݖ ݁ܿ ܦǡ

ሻ

߲݇ ݔ ܶ ܦ ߲ݔ

(69)

where ܰ is the effective flux of ion i, ܦ is the effective dispersion coefficient, ܿ is the
concentration,  ݔis the distance,  ݖis the charge number, ݁ is the electron charge, ݇ is the

is the effective molecular diffusion
Boltzman constant, ܶ is the absolute temperature, ܦ
coefficient, ߰ is the electric potential.
At this moment, the development of the reactive transport model has not been fully completed
yet. However, PHREEQC provides a module for electromigration which we can use for
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calculations of chemical reactions in electromigration processes. In order to utilize the

Τܦ is a constant, based
PHREEQC electromigration module, we assumed that the ratio of ܦǡ
on the expectation that the electroneutrality condition is more dominant than the ratio of

Τܦ in determining the local mass flux. Thus, Equation (69) can be written as
ܦǡ
ܰ ൌ െܦ ሺ

߲ܿ ݖ ݁ܿ ߲ɗԢ

ሻ
߲݇ ݔ ܶ ߲ݔ

(70)

with
߰ᇱ ൌ


ܦǡ
߰
ܦ

(71)

The introduction of the modified electric potential ߰Ԣ, instead of ߰, makes it possible to use the
PHREEQC module of electromigration for interpretation of our experimental results. The
modelling results are also summarized in Figure 22 and Table 9.
By comparing all the modelled results shown in Table 9, it is seen that the ideal plug-flow
model show a larger difference than the other two models in both the mean values and
uncertainties. This is caused by the neglect of the dispersion process and other simplifications
behind the model. The advection-dispersion model gives nearly the same estimates of the
parameters as the reactive transport model. The findings suggest that the effect of aqueous
chemistry is unimportant compared with the effect of electromigration and dispersion in
governing ionic transport in the electromigration processes. The advantage of the reactive
transport model is its capability and flexibility in accounting for the effect of water chemistry,
individual diffusion coefficients of the solute species and multiple sorption mechanisms
simultaneously, giving a more detailed analysis of the ion transport processes. However, the
reactive transport model is more time consuming in computation and more intricate in
implementation. As a consequence, the advection-dispersion model is recommended, in our
opinion, to be in the first place for interpreting the electromigration experimental results.
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5 Conclusions and Outlook
The sorption and diffusion behaviour of Se(IV) species in granitic rock samples were
investigated with both experimental and modelling methods. A multi-site surface complexation
model was developed based on the titration data, sorption edge data and sorption isotherm data
measured in laboratory to illustrate the sorption processes of Se(IV) species on Grimsel
granodiorite rock samples and its main minerals, especially biotite. An electromigration device
was updated and tested by running with iodide and Se(IV) ions to determine the diffusion and
sorption properties of them in intact granitic rock samples. The electromigration experimental
results were modelled with the traditional ideal plug-flow model and two newly developed
models, the advection-dispersion model and reactive transport model.
The Kd values of Se(IV) ions on Grimsel granodiorite and its main minerals were determined
by batch sorption experiments. The sorption abilities of these rock and mineral samples
followed the order: biotite > K-feldspar > Grimsel granodiorite § plagioclase > quartz. It was
therefore assumed that the Se(IV) sorption on biotite could represent its sorption on granitic
rock samples. SSA was found to play an important role in Se(IV) sorption because a linear
relation between SSA and Kd values were found for all the rock and mineral samples.
In order to develop a multi-site surface complexation model, three sets of experimental data
were measured: titration data, sorption edge data and sorption isotherm data. The titration
experiments were carried out in a batch-wise manner to measure the mineral surface site
capacities and intrinsic surface protonation and deprotonation constants for the amphoteric ؠ
ܱܵ ܪsurface sites of biotite from 3 to 11. To compensate for the effect of mineral dissolution,
the forward titration results were calibrated with backtitration, cation exchange and proton
exchange processes. The results show that backtitration is the main calibration to the H+/OHconsumptions. The calculations of the amount of sorption sites occupied by cations on the
biotite surface show that dissolved Al3+ is the most abundant cation that is sorbed on the biotite
surfaces. As a result, Al3+ and H+ occupancies were used as further cation exchange and proton
change calibrations.
Sorption edge measurements were carried out by measuring the sorption of 10-9 M total Se with
a radioactive Se-75 tracer on biotite from pH 3 to 11. Se(IV) sorption showed a strong
dependency on the pH conditions of background solutions. The Kd values of Se sorption on
biotite were found to decrease when pH increases from 3 to 11.
Sorption isotherm measurements were carried out at around pH 7.7 from Se(IV) concentrations
from 10-10 M to 10-3 M. The Kd values were found to be increasing with the decreasing Se(IV)
ion concentrations, however, two platforms were observed in the low and high concentration
regions. A drastic change of Kd happened at concentrations around 10-7 M.
A multi-site surface complexation model was derived by fitting a set of modelling parameters
for all the experimental data. A kind of strong sorption sites and two kinds of weak sorption
sites were assumed in the surface complexation modelling according to the DFT molecular
modelling calculation results. A computer code PHREEQC coupled with Python was used for
all the fitting and optimization processes. The fitting procedure was performed in an iterative
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way until a group of parameters that is able to describe all the experimental results satisfyingly
was found. The model was validated by the Se(IV) sorption data at pH ~9.5 and it describes
well the Kd values at both high and low concentration regions. This proves that the modelling
methods shown in our work can be used to successfully derive a surface complexation model
for the sorption of the radionuclides on the crystalline rock in deep geological repositories. In
the future, the model could be used to validate the Se(IV) sorption in a wide range of
groundwater conditions.
DFT molecular modelling was performed to provide surface site information for surface
complexation modelling and to examine the complexation reactions happened on biotite surface.
DFT molecular modelling was carried out by a CASTEP code implemented into Materials
Studio Software. The modelling results showed two types of weak sorption sites on the biotite
surfaces with site densities of 3.2 sites/nm2 and 1.4 sites/nm2. Thus, the structures of the
sorption sites assumed in the surface complexation model were illustrated at the atomic level.
The surface complexation reactions of different Se species at the two kinds of weak sorption
sites were examined and corresponding sorption energies were calculated. The possible
sorption reactions on the specific crystalline surfaces were estimated according to the sorption
energies and the possible surface charge transfer reactions were also considered. The results
deepened our understanding of the assumed reactions in the surface complexation model and
provide theoretical support for the development of the surface complexation model.
The diffusion studies were performed with the electromigration method since it has been proved
to be a simple and fast technique and can avoid problems encountered using crushed rock
samples. A new electromigration device was developed by introducing a potentiostat to the
traditional electromigration system and better control of the background solution pH conditions.
By applying a four-electrode system, the potentiostat can keep the voltage over the rock sample
to be constant during the experimental period by adjusting the overall voltage applied to the
whole device automatically. The potentiostat can also record the current data which facilitates
the analysis of the ion distribution and diffusion of different ions inside the rock sample.
The updated electromigration device was tested by running with three tracers: quinioxaline,
iodide and Se(IV), under two different potentials, 2V and 4V, over the rock sample. The
quinoxaline results indicate that the effect of electroosmosis can be omitted when analysing the
electromigration results. In order to facilitate a more accurate interpretation of the experimental
results than the traditional ideal plug-flow model which account only for the effect of
electromigration, an advection-dispersion model was developed. The new model accounts for
three dominant effects of ionic transport under the influence of a potential gradient,
electromigration, electroosmosis and dispersion. Thus, the advection-dispersion model
provides better parameter identification with smaller uncertainties than the ideal plug-flow
model. To further develop the electromigration modelling method, a reactive transport model
was developed by taking into account the effect of aqueous chemistry which was neglected in
the advection-dispersion model. The De values from ideal plug-flow modelling have larger
uncertainties and they differ significantly from the new models. The advection-dispersion
model can give nearly the same modelling results as the reactive transport model, however, the
reactive transport model is more time-consuming in computation and more intricate in
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implementation. Thus, the advection-dispersion model is applied in the first place to interpret
the electromigration experimental results. The modelling results also show that Se(IV) species
migrate relatively slow in comparison with iodide ions which is attributed to their smaller
effective diffusion coefficient due to larger and unsymmetrical dissension. Our analysis also
shows that both iodide and Se(IV) species should be considered as non-sorbing ions when
transporting through the intact rock sample.
The work summarised here covers both sorption and diffusion aspects which are the two most
important mechanisms that can retard the migration of radionuclides from a nuclear waste
repository in the groundwater system of the bedrock. However, the work is just the beginning
of a series of studies and leaves many questions behind. For example, the multi-site surface
complexation model uses different mechanistic uptake processes to describe sorption, while the
exact nature of the surface binding sites and surface complexes remains unknown. In order to
check the “strong/weak sorption sites” hypothesis, structural information for the ions sorbed at
the mineral-water surface should be studied. This kind of information can be provided by
spectroscopic characterization techniques like XAS including EXAFS and XANES. We have
assessed that the electromigration technique is a fast and simple method to obtain De values of
iodide and Se(IV) species. However, further application of the technique for strongly sorptive
cations in variable groundwater conditions should be performed to explore the limitations of
the technique. In addition, the reactive transport model should be further studied and better
implemented to construct more confidence for the parameter evaluation.
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