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Abstract 20 

 21 

1. Community responses to and recovery from disturbances depend on local (e.g. presence of refuges) 22 

and regional (connectivity to recolonization sources) factors. Droughts are becoming more frequent 23 

in boreal regions, and are likely to constitute a severe disturbance for boreal stream communities 24 

where organisms largely lack adaptations to such hydrological extremes. 25 

2. We conducted an experiment in 24 seminatural stream flumes to assess the effects of local and 26 

regional factors on the responses of benthic invertebrate communities to a short-term drought. We 27 

manipulated flow (drought vs. constant-flow), spatial arrangement of leaf litter patches (aggregated 28 

vs. evenly distributed) and colonization from regional species pool (enhanced vs. ambient 29 

connectivity) to test the combined effects of disturbance, connectivity, and resource arrangement on 30 

the structural and functional responses of benthic invertebrate communities. 31 

3. We found that a drought as short as one week reduced invertebrate richness and abundances, mainly 32 

through stochastic extinctions. Such changes in richness were not reflected in functional diversity. 33 

This suggests that communities were characterized by a high degree of functional redundancy, which 34 

allowed maintenance of functional diversity despite species losses. Feeding groups responded 35 

differently to drought, with organic matter decomposers responding more than scrapers and 36 

predators.  37 

4. Three weeks were insufficient for a complete invertebrate community recovery from the drought. 38 

However, recovery was greater in channels subjected to enhanced connectivity, which increased 39 

taxonomic diversity and abundance of certain taxa. Spatial configuration of resources explained the 40 

least variation in our response variables, having a significant effect only on invertebrate abundance 41 

and evenness (both sampling occasions) and taxonomic richness (end of recovery period).  42 

5. Even a short drought, if occurring late to the season, may not allow communities to recover before 43 

the onset of winter, thus having a potentially long-lasting effect on stream communities. For boreal 44 

headwaters, extreme dewatering poses a novel disturbance regime that may trigger substantial and 45 

potentially irreversible changes. An improved understanding of such changes is needed to underpin 46 

adaptive management strategies in these increasingly fragmented and disturbed ecosystems. 47 

 48 
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Introduction 53 

Hydrological disturbances may leave a strong imprint on stream community composition and 54 

ecosystem processes (Poff et al., 1997; Woodward et al., 2016). For example, drought enhances 55 

fragmentation and loss of aquatic habitats (Lake, 2003), often leading to reduction of biodiversity, 56 

impairment of ecosystem functioning (Ledger, Edwards, Brown, Milner, & Woodward, 2011), and 57 

even a partial collapse of the stream food web (Lu et al., 2016). The resistance of a community to 58 

drying depends on a combination of species’ resistance capacities and local environmental factors, such 59 

as habitat shrinkage and refuge availability. Conversely, community recovery is driven by species’ 60 

recolonization abilities and connectivity of a habitat to colonization sources, both within a single 61 

stream and from other systems within the broader landscape (Bogan et al., 2017; Lake, 2003). The 62 

relative importance of connectivity vs. local-scale habitat filters in regulating biological responses to 63 

drying has been much explored in arid and semi-arid landscapes (Chester & Robson, 2011; Vander 64 

Vorste, Malard, & Datry, 2016). However, little is known about these processes in the boreal climate 65 

where drying is relatively uncommon but is predicted to occur more frequently (and unpredictably) in 66 

the future (Spinoni, Vogt, Naumann, Barbosa, & Dosio, 2018).  67 

An organism’s capacity to persist in drought-affected systems is regulated by a combination of 68 

morphological, behavioural, and life history traits, including capacity to enter diapause or accelerate 69 

development, dietary flexibility, body size, mobility, oxygen acquisition mode, and thermal tolerance 70 

(Aspin et al., 2019). For example, small invertebrates are better able to maneuver within the substrate 71 

and may therefore persist during drying events by seeking subsurface refuges (Stubbington, 72 

Sarremejane, & Datry, 2019). Furthermore, organisms with specialist feeding habits might be more 73 

affected by drought than generalists, as drying limits access to some resources (Aspin et al., 2019; 74 

Ledger et al., 2011). For example, as flow ceases, algae disappear and the inflow of organic matter 75 



  

stops, likely reducing abundances of invertebrates feeding on algal biofilms (e.g. scrapers) or on 76 

suspended organic matter (filter-feeders), whereas densities of detritivores feeding on deposited organic 77 

matter may increase. Different responses by different feeding groups may mediate complex changes 78 

within and across trophic levels if extinctions of top predators drive trophic cascades (Ledger, Brown, 79 

Edwards, Milner, & Woodward, 2013). A better understanding of which traits confer greater tolerance 80 

to drought will thus aid in predicting the consequences of drought on ecosystem functioning.  81 

The presence of refuges allows organisms to persist locally and recolonize after disturbance 82 

(Lake, 2000). During drought, stream organisms may find refuge within the subsurface sediments 83 

(Stubbington et al., 2019) or among patches of leaf litter (Chester & Robson, 2011) where humidity is 84 

retained longer. Community response to disturbance depends on the size, quality, and arrangement of 85 

habitat patches (Altermatt & Holyoak, 2012), suggesting that the spatial arrangement of resources and 86 

refuges may affect the resistance of a community to, and recovery from, drought. Aggregated patches 87 

should offer greater potential for population persistence than more sparsely distributed patches, because 88 

they may be better buffered against disturbance (e.g. by retaining moisture) and because higher local 89 

connectivity should promote species exchange and recolonization processes (Vuilleumier, Wilcox, 90 

Cairns, & Possingham, 2007). Another factor affecting recovery from disturbance is connectivity of the 91 

local community to regional species pool (Starzomski & Srivastava, 2007), with better connected 92 

communities being likely to recover faster through rescue effects. Despite a growing literature on the 93 

combined effects of dispersal and disturbance on communities in experimental ponds (Howeth & 94 

Leibold, 2010) and natural pools (Vanschoenwinkel, Buschke, & Brendonck, 2013), their interaction in 95 

riverine systems remains largely unknown (but see Tornwall, Swan & Brown, 2017). An improved 96 

understanding of how dispersal modifies the recovery of riverine communities from drought may 97 

therefore inform us about the resilience of communities relative to their positioning and connectivity 98 

within the river network. 99 



  

A combination of stochastic and deterministic factors likely drives the spatial variability of 100 

communities in response to drying (Ruhí, Datry, & Sabo, 2017). Hence, drying may homogenize 101 

communities (i.e. reduce β-diversity) by selecting the most tolerant species from the regional species 102 

pool (Chase, 2007). Alternatively, drought could lead to higher community variability via stochastic 103 

extinctions if no (or only few) species possess tolerance traits (Sarremejane et al., 2018). In the latter 104 

case, density dependent extinctions are likely to occur, i.e. rare species with low abundances are most 105 

likely to go extinct (Vellend, 2010). Functional and structural community composition may both 106 

decrease in response to disturbance if species extinctions are driven by trait selection (Flynn et al., 107 

2009). Alternatively, under stochastic extinctions, functional community composition may be more 108 

stable and recover more rapidly than structural composition if functional redundancy among taxa 109 

allows traits to be preserved although some species go extinct (Flynn et al., 2009). 110 

We conducted an experiment in seminatural stream flumes to investigate whether local resource 111 

arrangement and regional connectivity influence the responses of benthic invertebrate communities to a 112 

short-term drought. We manipulated flow (drought vs. constant-flow), spatial arrangement of resources 113 

(aggregated vs. evenly spaced leaf patches) and regional connectivity (enhanced vs. ambient 114 

colonization). Firstly, we expected drought to reduce α-diversity and homogenize communities (reduce 115 

β-diversity) as a result of selective extinction of the most vulnerable taxa. We thus expected drought 116 

responses to be linked to a specific set of traits that confer an advantage (or disadvantage) as flow 117 

drops. For example, we predicted large organisms and those adapted to high flows and/or with feeding 118 

habits affected by flow cessation (e.g. filter-feeders) to be more sensitive to drought than small 119 

organisms and those adapted to low flows and/or possessing feeding habits that allow access to food 120 

resources despite flow cessation (e.g. deposit-feeders). Secondly, we hypothesized that aggregated 121 

resource patches promote community recovery by providing refuges during drought. Finally, we 122 



  

expected invertebrate communities to recover from drought more rapidly when connectivity to the 123 

regional species pool was enhanced.  124 

Methods  125 

Experimental set up 126 

The experiment was conducted in six open-air experimental channels at Kainuu Fisheries Research 127 

Station (Paltamo, northern Finland). Each of the 1.5 m wide, 24 m long channels (main channels) has 128 

been constantly supplied for >10 years by water pumped from a nearby lake and flowing through a 30 129 

m long, permanently flowing stream before entering the channels. Water supply can be controlled 130 

independently for each channel through a valve. Substrates in the main channels are composed of a 20 131 

cm layer of gravel and cobbles that sustain biological communities similar to those in the nearby 132 

Varisjoki river (Turunen et al., 2018). We placed four 6 m long, 0.2 m wide subchannels in the 133 

downstream section of each main channel, resulting in 24 experimental units. The subchannels were 134 

gently filled with the same substrate material that was present in the main channels, taking care not to 135 

disturb epilithic periphyton, to enable invertebrates to immediately start colonizing the subchannels. 136 

Colonization mainly occurred via drift and crawling from the surrounding substrates in the main 137 

channels and the source stream. The experiment started on 19th of August 2015 and ran for 51 d until 138 

9th of October.  139 

The experiment consisted of a 2x2x2 factorial design with three replicates for each combination 140 

of the three treatments, i.e. flow (drought vs. constant-flow), spatial arrangement of resources 141 

(aggregated vs. evenly spaced) and connectivity to regional species pool (enhanced vs. ambient). 142 

Discharges were homogenised across all subchannels on day five. We then placed ten leaf bags filled 143 

with 3.0 (± 0.14; 1 SD) g of birch (Betula pendula Roth) leaves – a dominant riparian tree species in 144 

the area – in each subchannel. We manipulated resource patchiness by either spacing the leaf bags 145 



  

evenly along the subchannel (one litterbag every 50 cm) or by aggregating them in groups of five at the 146 

beginning and end of a subchannel (average distance between bags in each cluster = 5 cm; Fig. S1). 147 

Presa Abós, Lepori, Mckie, & Malmqvist (2006) showed that the distance of 0.8 m was sufficient to 148 

detect intraspecific aggregation among leaf bags, suggesting that our evenly spaced treatment 149 

constitutes significant patchiness of resources at the spatial scales most invertebrates operate over. 150 

Allocation of the patchiness treatments to subchannels was randomized within each main channel.  151 

We applied our drought treatment 22 days after placement of the subchannels. This period was 152 

deemed sufficiently long to allow adequate colonization of the subchannels because several studies 153 

have demonstrated that invertebrate communities recover from local scale disturbances in two to four 154 

weeks (e.g. Death, 1996; Matthaei, Uehlinger, & Frutiger, 1997; Vander Vorste et al., 2016). In that 155 

sense, our experiment might be regarded as assessing the effects of drought on streams that have been 156 

recolonized from a recent hydrological disturbance. The drought treatment was applied at the main 157 

channel level (Fig. S1). Three of the main channels were randomly selected for exposure to an 8-d 158 

drought, whereas flow was left unmodified in the remaining main channels. In the drought-affected 159 

channels, water supply was reduced from a mean of 5.5 ± 0.01 Ls-1 until only a trickle of water was 160 

flowing through the substrate. This treatment mimics the short-term drought events expected to become 161 

common in boreal streams (Spinoni et al., 2018). At the end of the flow treatment, discharge was 162 

progressively increased (within 12 h) to the pre-drought level and equalized among all channels. All 163 

channels were then kept at a constant discharge for the rest of the experiment (22 d). 164 

One day after discharge was restored in the drought affected channels, the enhanced 165 

connectivity treatment was applied to one evenly spaced and one aggregated subchannel, randomly 166 

selected, in each main channel (Fig. S1), through addition of the contents of a 2-min kick-net sample 167 

(mesh size 0.5 mm) collected from the nearby Varisjoki river. The sample was first transferred to a 168 

bucket and, after removing mosses and substrate particles, invertebrates were poured homogeneously 169 



  

along the upstream half of a subchannel. Four extra samples were collected to assess the relative 170 

abundance and species identity of invertebrates added to the channels (Table S1).  171 

Environmental conditions (conductivity, pH, chlorophyll a, dissolved oxygen content, current 172 

velocity, water depth, water temperature) within the subchannels were monitored regularly throughout 173 

the experiment, as detailed in Truchy et al. (2020). Briefly, water temperatures were similar between 174 

the main channels prior to flow manipulation and during the post-recovery period, being only slightly 175 

higher in the constant-flow treatments during the drought (constant-flow: 105.31 ± 0.44; drought: 176 

102.97 ± 0.47; mean degree days ±1 SD). Discharge did not differ between the main channels during 177 

either the pre-disturbance or recovery periods. Discharge was marginally higher (16% on average) 178 

when litterbags were evenly spaced, but in the constant-flow treatments only. Dissolved oxygen was 179 

not affected by the treatments. 180 

Benthic invertebrates 181 

Benthic invertebrates were sampled on two occasions: after the end of the flow treatment (hereafter 182 

“post-stressor”, i.e. before enhanced colonization) and at the end of the experiment (“post-recovery”). 183 

Benthic invertebrates were collected at 1, 3 and 5 m from the downstream end of a subchannel on both 184 

sampling occasions, at slightly different locations each time, using a Surber sampler (20x20 cm, 0.5 185 

mesh size). Substrate within the sample frame was collected to a bucket and the remaining material 186 

(including invertebrates) was sieved (mesh size 0.5 mm) and preserved in 70% ethanol. Benthic 187 

invertebrates were later sorted and identified, mainly to species or genus level, with the exception of a 188 

few Platyhelminthes, Hemiptera, Diptera, and Trichoptera families (Table S1).  189 

Functional traits 190 



  

We used functional traits to determine if the functional community structure differed among treatments. 191 

We used seven traits (34 trait categories; Table S2) reflecting species’ flow disturbance tolerances, 192 

habitat/resource preferences and mobility: i.e. body size, respiratory system, dispersal strategy, 193 

mobility and substrate relationship, resistance form, flow preference and feeding type (Tachet, 194 

Richoux, Bournaud, & Usseglio-Polatera, 2010). For body size, we used only four categories (instead 195 

of seven in Tachet et al. 2010) because very few taxa had values in the smallest and biggest size 196 

categories. When only family level identification was available, we averaged the trait values of all 197 

genera in a given family (Limnephilidae, Corixidae, Simuliidae and Ceratopogonidae). A fuzzy coding 198 

approach was used and affinities for each category were standardized as percent affinities within a trait. 199 

Chironomids were also identified at the family level and because they represent a wide range of species 200 

with variable traits, they were excluded from all trait-based analyses; analyzing the data with 201 

chironomids included did not change our main conclusions (Appendix 1).  202 

Taxonomical and functional community response variables 203 

The three benthic samples per subchannel were pooled to estimate invertebrate functional diversity, β-204 

diversity, abundances, taxa richness and evenness (Pielou’s evenness). We used fuctional dispersion 205 

(FDis) to measure functional diversity (Laliberte & Legendre, 2010). FDis was calculated as the 206 

average distance of each species (weighted by species abundances [FDisab] or incidences [FDispa]) to 207 

their community centroid in a multidimentional trait space based on Gower distance (Pavoine et al. 208 

2009) calculated between species’ trait categories. We determined the optimal number of dimensions 209 

(here, n=5) using principal coordinates analysis (PCoA) on Gower distance (Maire, Grenouillet, 210 

Brosse, & Villéger, 2015; Soria et al., 2020) for each sampling occasion. We also compiled a trait 211 

abundance matrix by multiplying trait category percentage affinities with invertebrate abundances.  212 



  

We used Bray-Curtis and Sorensen dissimilarity indices, based on log-transformed 213 

abundance (BCab) and incidence (Sorpa) data, respectively, to assess structural community 214 

composition and variability (i.e. β-diversity). Correspondingly, we used Gower distance on trait 215 

abundance (Goab) and incidence (Gopa) matrices to quantify among-treatment differences in 216 

functional community composition and variability. We used PCoA to summarize community 217 

composition (i.e. BCab, Sorpa, Goab and Gopa) in two-dimensional space and used the PCoA axes to 218 

measure differences in community composition.  219 

Statistical analyses 220 

Between-treatment differences in benthic invertebrate abundance, richness, evenness, functional 221 

diversity and community composition (i.e. PCoA axes) were analysed using linear mixed effect (LME) 222 

models. These models comprised flow (drought vs. constant-flow), spatial arrangement of resources 223 

(aggregated vs. evenly spaced), connectivity (enhanced vs. ambient; post-recovery period only) and 224 

their interactions as fixed factors and main channel identity (n=6) as a random factor. Separate models 225 

were built for each sampling occasion (i.e. post-stressor and post-recovery) because fixed effects 226 

differed among sampling occasions, with connectivity being included in the post-recovery models only. 227 

Abundance data were square root transformed to ensure normal distribution. Random effects were 228 

estimated using restricted maximum likelihood (REML), with degrees of freedom for fixed factors 229 

estimated using Kenward-Roger’s approximation.  230 

We performed Permutational Analysis of Multivariate Dispersions (PERMDISP) to determine 231 

if benthic invertebrate community variability (β-diversity) differed among treatments within each 232 

main factor (i.e. drought vs. constant-flow, aggregated vs. evenly spaced, enhanced vs. ambient 233 

connectivity). PERMDISP uses F-statistic to compare among-group differences in the distance from 234 

individual observations to their group centroid and tests the significance of among-group differences 235 



  

through permutation (here 999) of least square residuals. PERMDISP does not allow for analysis of 236 

interactions. PERMDISP was performed separately for BCab, Sorpa, Goab Gopa. Variation in benthic 237 

invertebrate functional and structural composition based on abundance data (i.e. BCab and Goab) was 238 

visualized using Nonmetric Multidimensional Scaling (NMDS) 239 

We used a null model to simulate random community assembly and determine whether the 240 

observed β-diversity deviates from that expected by chance (Chase & Myers, 2011; Myers et al., 241 

2013). Null models were generated separately for each sampling occasion using either (i) 242 

abundance data on a swsh_both_r algorithm, which swaps the community matrix by maintaining 243 

row frequency (i.e. α-diversity), column frequency (i.e. taxon frequencies) and row sum (site total 244 

abundance) or (ii) incidence data on a quasiswap algorithm which conserves both original species 245 

frequencies and site-specific species richness (Miklós & Podani, 2004). For each randomly generated 246 

community (n=999), we calculated pairwise Bray-Curtis (Bcab) or Sorensen (Sorpa) dissimilarities, 247 

which were compared to pairwise deviations from the null model (β-devs). Beta-devs are expressed 248 

as the difference between observed pairwise dissimilarities and 999 expected dissimilarities divided 249 

by the standard deviation of expected dissimilarities. We then conducted a PERMDISP analysis on 250 

β-devs to assess if the differences in β-diversity among treatments resulted from stochastic or 251 

deterministic processes. Non-significant PERMDISP tests indicate that observed differences in β-252 

diversity are driven by random processes owing to differences in species richness and abundance 253 

among treatments (Sarremejane, Mykrä, et al., 2017). For functional data, we calculated Gower’s 254 

distance on the trait abundance (Goab) and incidence (Gopa) matrices (see Functional traits section 255 

above) for each randomly generated community. We then calculated β-dev and performed 256 

PERMDISP analyses as previously for structural data. 257 

To identify taxa that contributed most to the observed variability between treatments, we 258 

performed multivariate generalized linear models (MGLMs; Wang, Naumann, Wright, & Warton, 259 



  

2012) for each taxa with negative binomial family and using treatments and their interactions as fixed 260 

factors, separately for each sampling occasion. As MGLMs do not include random factors, we used 261 

channel identity and its interaction with each treatment as fixed factor to control for our experimental 262 

design. The effect of each treatment on taxa abundances was assessed using ANOVA, and P values 263 

were adjusted using a resampling procedure (Warton, Thibaut, & Wang, 2017) to account for the 264 

correlation between response variables (i.e. species/traits) in MGLM. If the effect of a treatment and the 265 

interaction between the treatment and channel identity were significant, we considered the response 266 

inconclusive. We performed the same analysis on trait abundance matrix to identify the individual trait 267 

categories that responded most to our treatments. Since trait categories are strongly correlated, we only 268 

present results for three key traits potentially most responsive to short-term drought: feeding habit, 269 

body size and flow preference (excluding trait categories with Pearson correlation > 0.6, i.e. medium 270 

and fast flow preferences; Fig S2).  271 

All analyses were performed in R using function “lmer” from lmerTest (Kuznetsova, 272 

Brockhoff, & Christensen, 2017) for LME, function “manyglm” from mvabund (Wang et al., 2012) for 273 

MGLM, and functions “betadisper”, “oecosimu” and “metaMDS” from vegan (Oksanen et al., 2019) 274 

for PERMDISP, null model and NMDS analyses, respectively. We also used several functions from 275 

ade4 (Dray & Dufour, 2007) and scripts from Soria et al. 2020 for functional analyses.  276 

Results 277 

Benthic invertebrate abundance and diversity 278 

A total of 44 benthic invertebrate taxa were identified across both sampling occasions. Kick-net 279 

samples collected from Varisjoki river (the source for our enhanced connectivity treatment) contained 280 

32 taxa, six of which did not appear in the benthic samples collected before the connectivity treatment 281 



  

was initiated (Table S1). Seven more taxa were found at the end of the experiment (post-recovery) than 282 

in the post-stressor samples. 283 

Immediately post-stressor, richness and abundance were 23% and 36% lower in the drought 284 

than in the constant-flow treatment, respectively (Table 1; Fig. 1; Table S3). Post-recovery, total 285 

abundance no longer differed between the flow treatments, while richness remained significantly (22%) 286 

lower in the drought-affected subchannels (Table 1, Fig. 1). Drought had no effect on evenness (Fig. 1) 287 

or functional diversity (Table 1). Aggregation of resources had a positive effect on invertebrate 288 

abundance (Table 1, Fig. 1) and a negative effect on evenness on both sampling occasions (Tables 1 289 

and S3). Richness was also higher in the subchannels with aggregated resources but only after the 290 

recovery period (Table 1). Enhanced connectivity increased invertebrate richness and incidence-based 291 

functional diversity post-recovery (Table 1). Also post-recovery, evenness was higher in subchannels 292 

with enhanced connectivity but only under constant flow (Table 1). No further interactions between 293 

flow, connectivity and/or spatial arrangement of resources were significant.  294 

Structural and functional composition of invertebrate communities 295 

Both structural (BCab and Sorpa) and functional (Goab and Gopa) composition of invertebrate 296 

communities differed between flow treatments immediately post-stressor (Table 2, Fig. 2). Apart from 297 

Sorpa, these differences persisted but were less marked at the end of the recovery period. Connectivity 298 

also had a significant main effect on structural and functional community composition, and spatial 299 

arrangement of resources had a weak effect on Gopa post-recovery (Table 2). Post-recovery, 300 

subchannels exposed to drought and enhanced connectivity resembled structurally those in constant-301 

flow treatments (Fig. 2), with the interaction term for BCab near (p=0.058) significance (Table 2). 302 

Structural and, to a lesser extent, functional composition exhibited a temporal trend, such that post-303 

stressor and post-recovery communities differed also in control treatments (Fig. 2).  304 



  

Both taxonomic and functional community variability (based on both incidence and abundance 305 

data) were higher in the drought than in constant-flow treatments immediately post-stressor, but not 306 

post-recovery (Table 3, Fig. 2). In contrast, β-devs (i.e., pairwise deviations from the null model) did 307 

not differ significantly between the drought and constant-flow treatments post-stressor, either for 308 

taxonomic (PERMDISP abundance F1,22 = 0.02, P = 0.88; incidence: F1,22 = 0.78, P = 0.39) or 309 

functional communities (abundance: F1,22 = 2.62, P = 0.12; incidence: F1,22 = 3.70, P = 0.068). 310 

There were no differences in community variability among other treatments (Table 3). 311 

Taxon- and trait-specific responses 312 

Several taxa adapted to fast-flowing habitats (e.g. larval blackflies, the caddisfly Neureclipsis 313 

bimaculata and the mayflies Baetis rhodani and Heptagenia sulphurea) were found in significantly 314 

higher abundances in the constant-flow treatment post-stressor (Table 4, Fig. S3). Post-recovery, H. 315 

sulphurea and, more weakly so, B. rhodani (P = 0.06) remained less abundant in the drought treatment 316 

whereas N. bimaculata seemed to benefit from enhanced connectivity (Table 4). There were no 317 

significant interactions between treatments for any taxa (Fig. S4).  318 

Immediately post-stressor, most trait categories were negatively impacted by drought (Fig. 3, 319 

Table 4). However, the smallest (< 0.5 cm) and largest (> 2 cm) taxa, no-flow adapted organisms, as 320 

well as shredder and deposit-feeder abundances were unaffected by our flow treatments. By the end of 321 

the recovery period, scrapers remained and shredders became less abundant in the drought-affected 322 

channels, whereas filter-feeder and predator abundances no longer differed among the flow treatments 323 

(Fig. 3, Table 4). Post-recovery, medium-sized organisms of the size class 0.5 – 1 cm and with slow-324 

flow preference remained less abundant in the drought-affected channels but less so than immediately 325 

post-stressor (Fig. 3, Table 4). Filter-feeders and slow-flow adapted organisms were more abundant in 326 

the enhanced than in ambient connectivity treatment (Table 4). 327 



  

Discussion 328 

Understanding the factors driving community responses to short-term drying events is critical as 329 

climate change drives an intensification and increased frequency of drought, even in currently wet and 330 

cold regions of the world (Nilsson, Polvi, & Lind, 2015; Spinoni et al., 2018). Community resistance to 331 

and recovery from disturbance depend not only on the intensity of disturbance, but also on the 332 

connectivity to local refugia and regional sources for recolonization (Huttunen et al., 2017). In this 333 

mesocosm experiment, we tested the combined effects of disturbance, connectivity, and spatial 334 

arrangement of resources on the structural and functional responses of benthic invertebrate 335 

communities. We showed that a one-week drought reduced invertebrate richness by 23%, and that 336 

these species extinctions were largely stochastic with respect to tolerant vs. sensitive response traits. 337 

Enhanced connectivity to the regional species pool promoted the recovery of structural and, to a lesser 338 

extent, functional community composition because certain traits (e.g. scrapers) remained less abundant 339 

in the drought-exposed communities irrespective of connectivity.  340 

Disturbances typically reduce species abundances and diversity through selective extinction of 341 

the least adapted species (Chase, 2007) or through random extinctions if species do not possess traits 342 

conferring resistance, as is often reported in studies where disturbance intensity has been particularly 343 

high (e.g. Lepori & Malmqvist, 2009). We demonstrated that even a short-term drying event can lead to 344 

increased variability among communities (i.e. increased β-diversity) through stochastically driven 345 

changes in community composition. Similarly, community variability of boreal stream invertebrates 346 

was recently found to increase during drought years due mainly to random extinctions driven by 347 

reduction in network connectivity (Sarremejane et al., 2018). Such extinctions may result from non-348 

selective extinction of the least abundant taxa (Pimm, Jones, & Diamond, 1988). Indeed, several taxa 349 

recorded in low abundance in the constant-flow treatment were absent from the drought treatment (e.g. 350 



  

the mayfly Ephemerella sp. and the stonefly Taeniopterix nebulosa, Fig. S2), corroborating the 351 

hypothesis of density-dependent extinction. Nonetheless, abundances of many lotic taxa (e.g. 352 

Simuliidae, Baetis rhodani) decreased in response to drought, suggesting that reduced flow affected 353 

fast-flow specialists (Hille et al., 2014; Sarremejane et al., 2018). Recurrent or long-lasting drought 354 

cause selective extinction, and result in selection of species with drought-resistance traits, including 355 

desiccation resistance and diapause (Aspin et al., 2018). Taxa with such drought-resistance traits are 356 

common in arid regions, but far fewer species possess these traits in boreal regions, where droughts are 357 

less frequent. As a result, stochastic extinction should be more likely in boreal streams. It is possible, 358 

however, that many traits (e.g. small size) which evolved within a species’ lineage in response to other 359 

selective pressures may confer an advantage also against drought. For example, some of the same 360 

mechanisms that protect benthic invertebrates from desiccation in intermittent streams may also be 361 

beneficial in systems that periodically freeze (Tolonen et al., 2019). Boreal invertebrate communities 362 

may thus already possess some traits that could prove useful against more frequent and severe drying. 363 

The response of functional diversity to disturbance should be modest compared to species 364 

diversity if functional redundancy allows maintenance of key traits in the community despite species 365 

extinctions (Flynn et al., 2009). We observed a decrease in taxonomic richness but not in trait diversity 366 

under drought, suggesting that specific traits were not strongly associated with extinction risk and, 367 

conversely, that species with similar traits responded differently to the drought. Nevertheless, drought 368 

did alter the relative abundances of several traits, leading to changes in trait composition. Notably, 369 

different feeding groups responded differently to drought, with the abundances of filter-feeders, 370 

scrapers, and predators decreasing during drought, whereas those of shredders and deposit-feeders 371 

remained unchanged. Such contrasting responses may result from differences in food availability for 372 

different feeding groups. Leaf packs may have provided a stable food source for shredders and deposit-373 

feeders. In contrast, cessation of flow completely stopped the input of suspended matter and suppressed 374 



  

algal and invertebrate biomass (Truchy et al. 2020), which may have hampered food provisioning for 375 

filter-feeders, scrapers and predators (Bonada, Dolédec, & Statzner, 2007; Piano et al., 2019). 376 

Shredders did respond negatively to drought, suggesting their emigration, but only after a lag period 377 

which may reflect reduced palatability of leaves as fungi are affected by desiccation (Arias-Real, 378 

Menéndez, Abril, Oliva, & Muñoz, 2018; Truchy et al., 2020). The stability of functional diversity may 379 

allow a rapid resumption of ecosystem functioning post-drought, although strong reductions in certain 380 

trait abundances (e.g. scraper, filter-feeder) are likely to reduce processing rates and transfer of energy 381 

within the food web (Frainer & McKie, 2015; Ledger et al., 2013), with potential impacts also on 382 

downstream processes (Wallace, Webster, & Cuffney, 1982). These results suggest that different 383 

ecosystem processes may be differently affected by drought, with algal-based food webs being 384 

particularly sensitive to short term drying, whereas detritus-based processes may be less affected 385 

(Truchy et al. 2020), particularly where leaf litter resources are abundant (as in our experiment).  386 

Spatial arrangement of leaf resources affected fewer response variables than did the other 387 

treatments, having a significant effect only on invertebrate abundance and evenness (both sampling 388 

occasions) and taxonomic richness (post-recovery). The positive effect of aggregated resources on 389 

invertebrate abundance probably reflected the fact that leaf bags modified flow conditions within the 390 

flumes, with slightly slower flows in subchannels with aggregated resources (Truchy et al. 2020). Taxa 391 

abundances were less evenly distributed in subchannels with aggregated resources, likely because 392 

constant flow conditions allowed certain taxa (e.g. Chironomidae, Asellus aquaticus and Tricladida, 393 

Fig. S4) to gain higher dominance.  394 

Headwater streams are inherently variable ecosystems where community assembly is frequently 395 

interrupted by hydrological disturbances and extinction-colonization dynamics. Accordingly, stream 396 

communities are often characterized as non-equilibrial assemblages always on a track of recovery from 397 

a previous disturbance (Lake, 2000; Resh et al., 1988). Stream communities typically have low 398 



  

resistance to disturbances, but they are often highly resilient, as shown by several experimental studies 399 

reporting extremely rapid (within weeks) community recovery from small-scale disturbances (Death, 400 

1996; Matthaei et al., 1997; Vander Vorste et al., 2016). However, three weeks were insufficient for the 401 

invertebrate community to fully recover from our relatively short drought. In a field experiment, 402 

Vander Vorste et al. (2016) reported community recovery after two weeks from a one-week drought in 403 

semi-arid climate, with invertebrates that subsisted within substrate crevices contributing most to the 404 

recovery. The partial lack of recovery after three weeks in our experiment may reflect lack of 405 

adaptation in the boreal climate where droughts are relatively uncommon. Nevertheless, connectivity 406 

enhanced invertebrate richness and functional diversity even in the drought-affected channels and, after 407 

the recovery period, communities in the drought-affected channels that also received enhanced 408 

colonization resembled those under constant flow, indicating that connectivity does promote 409 

community recovery. This result thus supports the hypothesis that invertebrate assemblages in isolated 410 

headwater streams are more likely to be negatively affected by hydrological disturbances than are those 411 

in better connected sites lower in the river network (Tornwall et al., 2017).   412 

The rate of recovery might also vary according to when a disturbance occurs, relative to the 413 

life-histories of key organisms. For example, early larval stages may more easily find refuge within the 414 

substrate whereas flying adults can persist in the terrestrial environment and contribute to post-drought 415 

resilience through oviposition. In our study, diversity and abundance increased similarly in both 416 

drought and control channels over the course of the experiment. This might reflect growth of larval 417 

insects between the two sample dates, increasing the likelihood that more individuals were retained in 418 

our sieve at the second sampling. We previously observed that a drought late in the summer was 419 

particularly deleterious for algae, as there was not sufficient time for regrowth of algal biofilms prior to 420 

autumn dieback (Truchy et al., 2020), highlighting how the impact of drought might depend on its 421 

timing relative to species phenologies in the highly seasonal boreal environment. 422 



  

Droughts are expected to become more frequent and unpredictable in boreal regions, where the 423 

absence of adaptations to such hydrological extremes may lead to drastic changes in stream 424 

invertebrate community composition. Aspin et al. (2019, 2018) emphasized the importance of historical 425 

disturbance regime in shaping the ecological outcomes of drought in intermittent vs. perennial streams. 426 

Accordingly, an aseasonal drought in a perennial stream can have more far-reaching effects than 427 

seasonal drying of a comparable severity in an intermittent stream because unpredictable drought 428 

beyond the regional historical regime may compromise any adaptations organisms have for coping with 429 

more predictable disturbances (Hill et al., 2019). Such droughts, particularly if occurring late in the 430 

growing season, may not allow communities to recover before the onset of winter, thus having a long-431 

lasting legacy on stream communities and ecosystem functioning. Finally, our results suggest that 432 

headwater communities will be particularly vulnerable to drying because their relative isolation within 433 

the river network may hinder, or at least strongly delay, their recovery. For boreal headwaters, extreme 434 

dewatering will pose a novel disturbance regime that may trigger substantial and potentially 435 

irreversible changes that propagate across trophic levels (Ratajczak et al., 2018). Such abrupt shifts in 436 

response to exceptional hydroclimatic events have already been observed in other European freshwater 437 

ecosystems (Bertani, Primicerio, & Rossetti, 2016; Daufresne & Boët, 2007) and identifying situations 438 

where such extremes are likely to impact communities and ecosystem-level processes is one of the key 439 

challenges to ecological research.  440 
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Table 1: Output from linear mixed effect models testing the effects of flow (drought vs. constant-flow), spatial arrangement of 

resources (aggregated vs. evenly spaced leaf bags) and connectivity (enhanced vs. ambient: only post-recovery) and their interactions 

on biotic variables immediately after the drought treatment ended (post-stressor) and three weeks later (post-recovery). Fdis is the 

functional dispersion metric describing functional diversity, calculated using taxa abundance (ab) or incidence (pa). Degrees of freedom 

(df) were estimated with Kenward-Roger’s approximation. Significant results (P < 0.05) are highlighted in bold. 

  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  

    
   

 
 

 
 Richness Abundance Evenness Fdisab Fdispa 

Post-stressor df F P F P F P F P F P  

Flow (F) 1,4 15.16 0.018 11.55 0.027 0.97 0.381 4.00 0.116 2.08 0.222 

Spatial arrangement (R) 1,16 0.25 0.625 6.56 0.021 7.92 0.012 0.26 0.617 3.88 0.067 

F*R 1,16 0.11 0.744 0.03 0.87 2.54 0.131 1.50 0.239 0.10 0.756 

Post-recovery  df F P F P F P F P F P 

Flow  1,4 13.63 0.021 5.03 0.088 0.10 0.763 0.38 0.572 1.28 0.321 

Spatial arrangement 1,12 6.91 0.022 10.72 0.007 5.04 0.044 0.46 0.512 0.03 0.871 

Connectivity (C) 1,12 10.80 0.007 2.69 0.127 2.03 0.179 0.05 0.820 5.42 0.038 

F*R 1,12 0.05 0.830 0.27 0.613 0.16 0.701 0.87 0.370 0.02 0.883 

F*C 1,12 <0.01 1.000 1.91 0.192 5.32 0.039 0.07 0.789 1.18 0.299 

R *C 1,12 0.19 0.669 0.67 0.429 1.63 0.225 0.39 0.543 0.17 0.686 

F*R *C 1,12 0.43 0.523 0.19 0.670 0.42 0.531 1.03 0.328 0.02 0.901 



  

Table 2: Output from linear mixed effect models testing the effects of flow (drought vs. constant-flow), spatial arrangement of 

resources (aggregated vs. evenly spaced leaf bags) and connectivity (enhanced vs. ambient: only post-recovery) and their interactions 

on the two first principal coordinate (PCoA) axes summarizing taxonomic and functional community composition based on incidence 

or abundance data, immediately after the drought treatment ended (post-stressor) and three weeks later (post-recovery). The relative 

eigenvalues (Eig) for each PCoA axes are also reported. Degrees of freedom (df) were estimated with Kenward-Roger’s 

approximation. Significant results (P < 0.05) are highlighted in bold and near significant results (0.05<P<0.06) in italics. 

 

  

 

 

 

    
      

 Taxonomic community Functional community 

  Incidence Abundance Abundance Incidence  
 Axis1 Axis2 Axis1 Axis 2 Axis1 Axis2 Axis1 Axis 2 

Post-stressor 
Eig 0.29 0.19 0.41 0.11 0.58 0.13 0.29 0.21 

df F P F P F P F P F P F P F P F P 

Flow (F) 1,4 12.70 0.024 1.05 0.364 36.14 0.004 0.16 0.714 22.63 0.009 0.04 0.851 18.60 0.013 0.55 0.500 

Spatial arrangement (R) 1,16 0.16 0.699 0.32 0.580 0.48 0.495 2.07 0.169 1.58 0.227 0.16 0.693 0.36 0.555 0.94 0.347 

F*R 1,16 3.65 0.074 0.15 0.704 2.49 0.134 0.42 0.526 0.63 0.438 0.73 0.404 1.94 0.183 0.18 0.680 

Post-recovery  
Eig 0.23 0.22 0.25 0.16 0.35 0.25 0.25 0.19 

df F P F P F P F P F P F P F P F P 

Flow  1,4 1.52 0.285 0.39 0.566 18.74 0.012 0.33 0.598 0.28 0.622 14.07 0.020 11.40 0.028 0.13 0.739 

Spatial arrangement (R) 1,12 0.37 0.551 0.88 0.365 0.73 0.410 0.12 0.736 0.03 0.876 0.09 0.774 0.43 0.525 5.33 0.040 

Connectivity (C) 1,12 16.06 0.002 3.45 0.088 30.44 <0.001 0.05 0.821 7.35 0.019 0.07 0.797 2.05 0.178 49.89 <0.001 

F*R 1,12 2.71 0.125 <0.01 0.983 4.68 0.051 0.03 0.861 1.93 0.190 0.01 0.920 <0.01 0.978 3.87 0.073 

F*C 1,12 0.03 0.867 2.85 0.117 2.19 0.165 4.40 0.058 2.57 0.135 0.37 0.553 0.02 0.885 0.02 0.893 

R *C 1,12 1.56 0.236 0.08 0.778 0.93 0.355 0.11 0.742 0.54 0.475 0.01 0.910 2.56 0.135 1.04 0.327 

F*R *C 1,12 0.83 0.381 2.17 0.166 0.88 0.366 2.73 0.125 3.51 0.085 0.32 0.580 0.26 0.618 1.74 0.211 



  

Table 3: Tests of homogeneity of dispersion (PERMDISP) testing differences in taxonomic and functional variability among 

treatments (Flow: drought vs. constant-flow; spatial arrangement of resources: aggregated vs. evenly spaced; connectivity: enhanced 

vs. ambient), post-stressor (one day after the drought ended) and post-recovery (three weeks after the drought ended). Taxonomic 

variability was assessed using abundance-based Bray-Curtis [BCab] and incidence-based Sorensen dissimilarities [Sorpa], whereas 

functional variability was based on the Gower distance measured on trait abundance [Goab] and incidence [Gopa] data. As PERMDISP 

is not designed to assess interactions, only results comparing main effects within each treatment are reported.  

 

 
Taxonomic community Functional community 

 
 

BCab
 Sorpa

 Goab Gopa 

Post-stressor df F P F P F P F P 

Flow  1,22 8.10 0.009 6.46 0.019 4.96 0.037 15.39 <0.001 

Spatial arrangement  1,22 0.68 0.417 0.84 0.369 0.34 0.564 1.03 0.320 

Post-recovery          

Flow  1,22 0.41 0.528 0.58 0.454 0.07 0.793 0.84 0.369 

Spatial arrangement 1,22 3.85 0.063 1.92 0.180 1.98 0.174 1.04 0.320 

Connectivity 1,22 0.22 0.645 0.09 0.770 3.61 0.071 0.28 0.605 

 



  

Table 4: Results from multivariate generalized linear models to assess the effect of each treatment 

(Flow, spatial arrangement of resources and connectivity) on invertebrate taxa and trait categories 

immediately after the drought treatment (post-stressor) and three weeks later (post-recovery). Only taxa 

that showed a significant response (P < 0.05) to any of the treatments or their interactions are reported. 

CF = constant-flow, Agg = aggregated resources, C(+) = enhanced connectivity.  

 

 

 

 

 

 

  

 Treatment Taxa Deviance P Abundance 

higher in 

Post-stressor 

Flow Simuliidae 32.99 0.001 CF 

Neureclipsis bimaculata 40.82 0.001 CF 

Baetis rhodani 25.18 0.001 CF 

Heptagenia sulphurea 9.95 0.038 CF 

Resource Tricladida 10.71 0.050 Agg 

Post-recovery 

Flow Heptagenia sulphurea 13.87 0.014 CF 

Connectivity Pisidium sp. 13.08 0.024 C(+) 

Hydropsyche pellucidula 17.03 0.006 C(+) 

Neureclipsis bimaculata 12.82 0.027 C(+) 

 Traits 

Post-stressor 

Flow Size: 0.5-1 cm 18.81 0.002 CF 

Size: 1-2 cm 21.06 0.001 CF 

Scraper 28.59 0.001 CF 

Filter-feeder 23.98 0.001 CF 

Predator 9.41 0.041 CF 

Flow preference: slow 16.87 0.002 CF 

Post-recovery 

Flow Size: 0.5-1 cm 15.49 0.002 CF 

Shredder 8.22 0.042 CF 

Scraper 19.69 0.001 CF 

Flow preference: slow 10.50 0.019 CF 

Connectivity Filter-feeder 28.06 0.013 C(+) 

Flow preference: slow 9.78 0.045 C(+) 



  

  

Fig. 1: Means and 95% confidence intervals for benthic invertebrate abundance (A, B, C), richness (D, 

E, F) and evenness (G, H, I) immediately after drought (post-stressor) and by the end of the experiment 

(post-recovery) among flow (A, D, G), spatial arrangement of resources (B, E, H) and connectivity (C, 



  

F, I) treatments. CF = Constant-flow, Dr = Drought, Agg = Aggregated resources, Even = Evenly 

spaced resources, C(+) = enhanced connectivity and C(-) = ambient connectivity. 



  

 

Fig. 2: NMDS ordination for benthic invertebrate taxonomic (A) and functional (B) community composition. NMDS was based on 

Bray-Curtis dissimilarities on log-transformed species data (A) and Gower distance on log-transformed trait abundances. Ellipses 

are based on 95 % standard errors around the group mean centroids. NMDS are based on a two-dimensions and stress values are 

indicated at the bottom right of each plot. 



  

 

Fig. 3: Mean (± 1 SE) abundance (log(x+1) transformed) of the current preference, maximal size and 

feeding habit traits in constant-flow (circles) and drought (triangles) treatments, post-stressor (PS; grey) 

and post-recovery (PR; black).  


