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A B S T R A C T   

Wastewater treatment plants (WWTPs) transmit many chemical contaminants to aquatic environments. Quan-
titative data on micropollutant emissions via WWTPs are needed for environmental risk assessments and eval-
uation of mitigation measures. This study compiled published data on substances analysed in effluents from 
WWTPs in the Baltic Sea region, assessed country related differences in the data sets and estimated micro-
pollutant inputs to the Baltic Sea catchment. Concentration data were found for 1090 substances analysed at 650 
WWTPs. Heterogeneity and low number of data points for most substances hindered adequate comparisons of 
country specific concentrations. Emission estimates were made for the 280 substances analysed in at least five 
WWTPs in years 2010 to 2019. For selected substances, mass loads were compared to previously published 
estimations. The study provides data useful for national and Baltic Sea-scale pressure analysis and risk assess-
ments. However, it also highlights the need for broad scope monitoring of micropollutants in wastewater.   

1. Introduction 

Chemical pollutants in surface waters are negatively impacting 
aquatic ecosystems and water resources (Malaj et al., 2014; Posthuma 
et al., 2020; Schwarzenbach et al., 2006). These micropollutants enter 
waterways via several pathways including atmospheric deposition, 
surface runoff, shallow groundwater and direct emissions from point 
sources. Key questions for water managers responsible for monitoring 
and mitigation measures are to what extent different sources contribute 
to the environmental concentrations of these chemicals and to the total 
ecotoxicological effect of the chemical mixture (Van den Brink et al., 
2018). 

Urban wastewater treatment plants (WWTPs) are collection points 
for chemicals present in our homes, workplaces, public buildings and 
industries which eventually end up in the sewers, and in the case of 
combined sewer systems, stormwater that carries contaminants washed 
off urban surfaces (Botturi et al., 2020; Launay et al., 2016; Loos et al., 
2013; Luo et al., 2014; Rogowska et al., 2020; Tran et al., 2018). 

Although WWTPs are important filters between the urban and aquatic 
environments, many chemicals are effectively released from sewers into 
the environment due to i) physical chemical properties making them 
escape WWTP removal and/or ii) due to the use of vast quantities in 
society making absolute emissions via effluents large despite an efficient 
removal during the treatment process (Mackay et al., 2014; Margot 
et al., 2015; Reemtsma et al., 2016). Despite the fact that WWTPs 
transmit a wide range of micropollutants from the urban environments 
to both freshwater and marine waterbodies, this type of contamination 
is in general not covered by current European wastewater legislation. 
The Urban Wastewater Directive (Council Directive 91/271/EEC con-
cerning urban waste-water treatment) from 1991 sets requirements 
(maximum concentrations in effluents or percent reduction during 
treatment) for emissions of total nitrogen, phosphorous, suspended 
solids and biological and chemical oxygen demand, but not micro-
pollutants. The Environmental Impact Assessment (EIA) Directive from 
1985 (EIA 2011/92/EU as amended by 2014/52/EU) applies to public 
and private development projects and requires an EIA of WWTPs with a 
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capacity exceeding 150,000 population equivalents (PE). This directive 
potentially addresses risk of chemical contamination due to discharge of 
sewage or effluent, if national authorities consider this relevant. The 
presence of chemicals of emerging concern has been identified as a 
challenge that needs to be addressed in the currently ongoing revision of 
the UWWTD (European Commission, 2017). The recently adopted EU 
Regulation 2020/741 on minimum requirements for water reuse did not 
suggest quality criteria related to micropollutants as existing data was 
considered insufficient for setting limit values for micropollutants (Rizzo 
et al., 2018). 

Elevated concentrations of micropollutants transmitted via WWTPs 
are commonly observed in marine environments, in particular estuaries 
and coastal zones which are influenced by river outlets or sometimes 
direct WWTP emissions, but also in open waters (Nödler et al., 2014; 
Overdahl et al., 2021). Similar observations have been made in the 
Baltic Sea (Björlenius et al., 2018; Borecka et al., 2015; Chernova et al., 
2021; Fisch et al., 2017, 2021; Kötke et al., 2019; Siedlewicz et al., 2018; 
Skeff et al., 2017) where coastal zones are under a generally high 
anthropogenic pressure due to land-based pollution and maritime ac-
tivities (Korpinen et al., 2012). Furthermore, the Baltic Sea is, due to its 
slow water exchange with the North Sea, and hence long residence time 
of seawater (Stigebrandt and Gustafsson, 2003), an “aquatic end station” 
for persistent and mobile substances, i.e. chemicals that escape waste-
water treatment and have the potential to travel long distances in 
catchment waterways. Hence, the Baltic Sea constitutes an important 
environment for studying micropollutant impacts in marine ecosystems. 

The consequences for Baltic Sea ecosystems of the continuous input 
of micropollutants are largely unknown. Due to the limited range of 
contaminants analysed, lack of sufficiently sensitive analytical methods 
in relation to environmental thresholds for some substances and limited 
availability of ecotoxicological data (in particular for marine species), it 
is currently difficult to evaluate the environmental risk of the marine 
chemical mixture (Gustavsson et al., 2017). Environmental models 
developed to predict environmental concentrations can complement 
surface water monitoring of micropollutant concentrations and 
circumvent the limitations of targeted analytical chemistry, thereby 
enabling screening level risk assessments that guide higher tier assess-
ments (van Leeuwen and Vermeire, 2007). However, uncertainty in 
emission data has been identified as a main obstacle for modelling 
(Arnot et al., 2012; Breivik et al., 2012; van Gils et al., 2020). For 
example, a comprehensive study by van Gils et al. (2020), in which 
emissions of more than 5000 substances at the European market were 
estimated and their concentrations in the European river network 
calculated, concluded that the main uncertainty in predicted environ-
mental concentrations arose due to inaccuracies in emission data and 
recommended, amongst other, further studies of measured concentra-
tions in wastewater to reduce the uncertainty. Chemical emissions via 
WWTPs in the Baltic Sea catchment have previously been estimated for a 
limited number of defined substance groups like pharmaceuticals, with 
fairly well-known consumption and use patterns, from sales and pre-
scription statistics (Äystö et al., 2021; Lindim et al., 2016), some per- 
and polyfluoroalkyl substances (PFAS) from WWTP data (Filipovic et al., 
2013) and recently also for 13 micropollutants of various use (phar-
maceuticals, biocides, personal care products and industrial chemicals) 
(Bollmann et al., 2019). Nevertheless, information regarding emissions 
of a broader range of micropollutants is needed to assess the environ-
mental risk posed to the Baltic Sea environment by effluent discharges 
and the efficiency of management actions targeting WWTPs in the re-
gion. Emission estimates are useful for predictions of micropollutants' 
surface water concentrations in the Baltic Sea and its catchment, as 
supportive of both single substance and mixture toxicity risk assess-
ments, and additionally for mass balance exercises (pressure analyses) 
with the goal to guide development of measures as required e.g. in the 
EU Water Framework Directive, Marine Strategy Framework Directive 
and the regional Helsinki convention (HELCOM). 

In this study, we address these information gaps and make an 

inventory of substances analysed in effluents from municipal WWTPs 
located in the Baltic Sea countries and estimate substance mass loads to 
the catchment based on measured concentrations. Our study aims to 
cover an as broad as possible range of micropollutants and relies on data 
published in the scientific literature and in national monitoring data-
bases and reports. To identify differences between the Baltic Sea coun-
tries with respect to targeted analytes, we categorize all substances into 
groups depending on use (such as pharmaceuticals) or molecular 
structure (such as polychlorinated biphenyls, PCBs). Differences in 
country specific concentrations of the various substances are analysed. 
Emission estimates for selected substances are compared to previous 
studies, and difficulties associated with selection of central values and 
upscaling of emissions from individual WWTPs to the entire catchment 
are discussed. 

2. Materials and methods 

2.1. Compilation of wastewater data 

A database, CHEMPACT, was compiled from data on observed con-
centrations of micropollutants in municipal wastewater treatment plant 
effluents emitted in the Baltic Sea drainage basin, and meta data 
describing technical parameters for the sampled WWTPs (e.g. popula-
tion equivalents (PE), volume of treated wastewater treated per year (Q) 
and geographic location). To identify relevant data, a literature search 
was performed covering scientific publications, national monitoring 
databases and project reports from year 2000 to 2020. Generic search 
terms (rather than specific compound names) were used in Google 
Scholar and Web of Science, e.g. “micropollutants”, “organic contami-
nants”, “organic pollutants”, “pharmaceuticals”, “personal care prod-
ucts”, combined with keywords for matrix and location e.g. 
“wastewater”, “effluent”, “Sweden”, “Poland”, “Estonia”, “Latvia”, 
“Lithuania”, “Finland”, “Germany”, “Denmark”, “Belarus”, “Russia”, 
“Baltic Sea”. Relevant publications were identified by reading titles and 
abstract. Selected publications were read in depth to find relevant data. 
It was not within the scope of this study to do an exhaustive search for all 
potentially occurring compounds within the Baltic Sea region one by 
one. However, it was assumed that the studies identified using broad 
search terms constituted a representative sub-set of all available data. In 
addition, contact persons for national monitoring programs were 
approached and asked for publicly available national monitoring and 
screening data. Data excerpts, partly or fully published in national re-
ports (see electronic supplementary material), were in this way retrieved 
from national databases in Denmark, Germany, Finland, Lithuania, 
Latvia and Estonia. Data from Poland used in this study originate mainly 
from scientific papers and project reports, as existing national reports 
available to the public rarely include effluent concentrations of micro-
pollutants targeted here. Swedish monitoring and screening data are 
publicly available via an online database (see electronic supplementary 
material). Note that in a few cases, data from WWTPs located just 
outside the catchment were included in the database as these were part 
of larger datasets, e.g. the data from Schleswig-Holstein (see map in 
Fig. 1). MATLAB was used to analyse the dataset. The data processing 
included correction of errors and gaps in the dataset and calculation of 
average concentrations (central values) using different approaches as 
described in the supplementary material section S1. 

2.2. Calculation of total number of PE and Q 

Individual PE and Q values for all WWTPs in the Baltic Sea countries 
were retrieved from EU's Urban Waste Water Treatment Directive 
database – Waterbase (the 2019 edition with data from the year 2018), 
hosted by the European Environment Agency (EEA, 2019). ArcGIS was 
used to identify the WWTPs located in the Baltic Sea catchment. For 
WWTPs without reported PE or Q values, these values were estimated 
using correlations between PE and Q derived from the available data as 
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described in the supplementary material section S1. WWTPs flagged as 
not in operation or lacking both PE and Q were excluded. Correction of 
Q reported in the wrong unit was necessary in some cases. Parts of 
Russia, Belarus and Ukraine are located in the Baltic Sea catchment; 
however, these countries do not report to Waterbase as they are not EU 
Member States. Total PE for these countries was estimated from their 
respective population within the Baltic Sea catchment as provided in 
Hannerz and Destouni (2006) (i.e. Russia 9.7, Belarus 3.801 and Ukraine 
1.74 million persons) and a PE per person relationship derived from data 
in Waterbase, i.e. 1.23 PE person− 1 (Vigiak et al., 2020). The average Q 
per PE of the Baltic Sea countries reporting to Waterbase was 61 m3 

PE− 1 year− 1 (comparable to the average water consumption suggested 
by Bollmann et al. (2019); namely 30–80 m3 PE− 1 year− 1) and this 
number was used to estimate the total yearly Q for Russia, Belarus and 
Ukraine. 

2.3. Comparison of median concentrations between countries 

Differences in observed concentrations of micropollutants in effluent 
in different countries were evaluated by statistical analysis. Substances 
with measurements in at least two countries and at least five measure-
ments in each country were grouped and included in the analysis. Only 
data on total concentrations were included, and concentrations below 
the reported limit of the analysis were set to half this limit. The tests 
were performed both using log-transformed and non-transformed con-
centrations. The Shapiro-Wilk test was employed to assess if the 
observed concentrations in each group were normally distributed. This 
was usually not the case. Therefore, the non-parametric Kruskal-Wallis 
test was used to test whether the concentrations had the same 

distribution (i.e. in this case, if medians were similar) across all coun-
tries. When this was not the case, a post-hoc test, employing the MAT-
LAB multicompare command, was carried out using the Bonferroni 
method to find out between which countries there was a significant 
difference. This test performs a pairwise comparison of median con-
centrations for the countries to assess when these are significantly 
different at 1% significance level. 

3. Results and discussion 

3.1. Micropollutants analysed in municipal wastewater 

The data compilation effort resulted in a database containing 
⁓90,000 entries of reported concentration values for ca 1000 unique 
substances and 90 mixtures (sum parameters). The analyses were made 
for data reported between the years 2001 and 2019 in treated urban 
wastewater from 653 WWTPs located within the Baltic Sea catchment. 
The list of data sources is provided in the supplementary material. No 
data were accessible from Russia and Belarus (in English or Russian). 
Just below 2% of all entries addressed different sum parameters, e.g. 
sum of selected polychlorinated biphenyls (PCB) or polychlorinated 
dibenzo-p-dioxins and furans (PCDD/F) congeners, sum of organotin 
compounds or poly/perfluoroalkyl substances (PFAS). In each country, 
~100 to 300 substances were analysed (of which 9 to 37% were indi-
vidual congeners or sums of PCB PCDD/F and polycyclic aromatic hy-
drocarbons, PAH), except for Sweden where data for ~800 unique 
substances were retrieved (Fig. 1). The reason for this comparatively 
large number of analysed substances is partly that the Swedish envi-
ronmental monitoring program, unlike those of the other Baltic Sea 
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countries, includes regular screening campaigns aiming to give a snap-
shot of the presence of un-monitored contaminants of emerging concern 
in addition to the regular monitoring of more well-known substances, 
often targeting wastewater. 

All chemicals in the dataset were categorized according to their main 
use category (“pharmaceuticals and hormones”, “pesticides”, “house-
hold and personal care products”, “industrial”) or chemical structure 
class (“halogenated furans and dioxins, PAHs and PCBs”, “metals and 
organometallics”). For many substances, a sub-category could also be 
assigned, e.g. “phthalate” or “ultraviolet filter”. Industrial chemicals 
comprised about one third of the total number of analyses (entries) and 
substances/mixtures (parameters), whereas the more limited range of 
“Metals and organometallics” analysed yet made up 25% of all database 
entries (Fig. 1 and S1). Metals are regularly measured in several Baltic 
Sea countries and contributed the major share of the sub-datasets for 
Latvia and Denmark. The large number of congeners and long tradition 
of analysing “halogenated furans and dioxins, PAHs and PCBs” made 
data for these pollutants contribute a relatively large share of the dataset 
(15% of all entries and 13% of all parameters). In particular, the avail-
able Polish data were dominated by this group. Industrial substances 
were more common (33% of entries, 37% of analysed substances) and 
pesticides less common (7% of entries and 15% of analysed substances) 
to analyse in the Baltic Sea region effluents compared to a similar in-
ventory of micropollutants analysed in European surface waters (Busch 
et al., 2016). Approximately 20% of the individual substances contrib-
uted 70% of the database entries, a ratio similar to that observed in a 
previous study of data available for Baltic Sea fish, which were domi-
nated by a limited range of substances that were analysed repeatedly 
(Sobek et al., 2016). 

The number of database entries was highest for Denmark (41000) 
and Sweden (21000), but was generally not related to the number of 
unique substances analysed in each country (Fig. S2). In Estonia and 
Denmark, a smaller number of substances have been analysed relatively 
often compared to the other countries. It is also notable that the overall 
detection frequency varies between countries (Fig. S2). The analytical 
limit varies across substances, methods, studies and sampling occasions. 
Commonly, either the limit of detection (LOD) or limit of quantification 
(LOQ) was reported, but rarely both limits. Throughout this paper, we 
refer to LOD and LOQ jointly as reported limit (RL). The Polish dataset 
was small, however 90% of all measured concentrations were above RL. 
Concentrations measured in Sweden, Latvia and Denmark exceeded the 
RL in roughly 50% of the analyses. In Estonia, Lithuania and Germany, it 
was more common to analyse but not detect or quantify the targeted 
substances. This may be due to a tendency to frequently look for sub-
stances that are present at low concentrations or not at all, and/or due to 
a general use of analytical methods with high detection or quantification 
limits. 

Measured concentrations of micropollutants in wastewater can refer 
to the dissolved or particulate phase, or the total concentration 
including both fractions. Information regarding the analysed fraction 
was in many cases not clearly specified or not reported at all. Approxi-
mately 12% of the data entries were reported as dissolved concentra-
tions, 41% were total concentrations and in a few cases (0.2%) the 
concentration in the particulate phase was recorded. In 47% of the cases 
however, it was not possible to elucidate from reading the study's 
method section or monitoring guidelines whether the sample treatment 
included e.g. filtering or centrifugation to remove particles before 
extraction and instrumental analysis. This is a severe gap in many 
publications that hinders adequate use of the data and comparisons 
between studies. 

3.2. Concentrations of micropollutants in effluents 

The reported concentrations of various micropollutants in effluents 
of individual WWTPs covered a range exceeding 10 orders of magnitude, 
from just below 1 pg/L for dioxins to concentrations in the low mg/L 

range for some metals, pharmaceuticals and complexing agents. There 
are several conceivable options for summary statistics that include data 
from all sampled WWTPs, both regarding type of central value calcu-
lated and handling of concentrations below the reported limit in the 
calculations (i.e. censored data), as discussed in section S3 in the sup-
plementary material. Fig. S4 and Table S3 show a comparison of median 
concentrations of substances in samples analysed between years 
2010–2019 in at least five WWTPs with highest observed concentra-
tions, based on data entries reported either as a) total (tot), b) dissolved 
(diss) or c) total or unknown (tot&unknown) fraction. In the latter case, 
it is assumed that data entries lacking specification of analysed fraction 
refer to the total fraction, as this is common practice in analyses of 
wastewater. If the unknown fraction was in reality the dissolved frac-
tion, this leads theoretically to an underestimation of the average con-
centrations, however a general pattern of lower average concentrations 
when including data with unknown fraction analysed was not discerned 
(Fig. S4). Corresponding geometric means weighted according to WWTP 
PEs are also shown in Fig. S4 and TableS3. Fig. S5 shows total median 
concentrations of substances for individual countries and the entire 
region. 

3.3. Substances with comparatively high observed concentrations 

A few substances had high median concentrations compared to the 
rest of the dataset. Median concentrations of the complexing agents 
ethylene diamino tetraacetate (EDTA) and nitrilotriacetic acid (NTA) 
(also a degradation product of EDTA), which are highly polar substances 
used as chelating agents in a wide range of applications from industrial 
processes to consumer products (Sternbeck and Österås, 2012), were 
62,000 and 24,000 ng/L, respectively. This is in agreement with other 
observations of NTA and EDTA in European effluents (Margot et al., 
2015; Reemtsma et al., 2006). Diethylentriaminepentaacetic acid, 
another complexing agent, was also observed although in lower con-
centrations; median 2200 ng/L (fraction analysed not specified). The 
median total concentration of zinc was also high, 27,000 ng/L. 

Other substances in the dataset were generally observed in concen-
trations around or below the low μg/L-range (Fig. S4). Comparatively 
high median total concentrations (~500–4500 ng/L) were reported for 
some metals (Ni, Cu, Cr, V, Pb, As, Ag), industrial chemicals including 
organophosphates (tris-(2-chloroisopropyl)phosphate (TCPP) 1000 ng/ 
L and tris(2-butoxyethyl)phosphate (TBEP) 1700 ng/L), and pharma-
ceuticals (furosemide 4500 ng/L, tramadol 1200 ng/L, diclofenac 560 
ng/L, metoprolol 700 ng/L). Total metal concentrations of similar 
magnitude have previously been reported in the UK (Gardner et al., 
2012), except for copper; concentrations were a factor 3 lower in our 
Baltic Sea dataset. A previous study of organic contaminants in Euro-
pean effluents found TCPP and TBEP in median/average total concen-
trations 620/1231 and 190/2200 ng/L, respectively, and occasionally as 
high as 21,000 and 41,000 ng/L (Loos et al., 2013). Note that the dis-
solved median concentrations reported for TCPP (2200 ng/L) in our 
dataset were on average higher than the total concentrations. Median 
dissolved concentrations in the Loos-study for tramadol (218 ng/L) and 
diclofenac (43 ng/L, however the authors suspected this to be an un-
derestimation) were lower than the corresponding median dissolved 
concentrations in our dataset (824 and 600 ng/L, respectively). A 
number of x-ray contrast agents, iopamidol, iomeprol, amidotrizoate, 
iohexol, (470–2100 ng/L), and ingredients in personal care products 
(the galaxolide metabolite galaxolide lactone 1700 ng/L, and iso-
cyclemone E 1000 ng/L) were found in the same high concentration 
range; for these substances the fraction analysed was however not 
specified. Loos et al. (2013) found the same X-ray contrast agents in 
average concentrations 144–619 ng/L, at most in 6100 to 12,000 ng/L, 
but with low detection frequencies, making median concentrations 
equal zero. 

In most cases, data for a specific substance were only available for 
one or a few countries, giving rise to uncertainty in the ranking of 
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concentrations (Fig. S5). Concentrations reported as total concentra-
tions of organophosphates were only available from Sweden. However, 
including concentrations reported for unknown fractions for other 
countries in the medians confirmed the high rank of these substances 
(Fig. S4). Resorcin (also known as resorcinol or 1,3-benzenediol) and 
methylated versions of the molecule (2,5-dimethylresorcin, 5-methylre-
sorcin) were mainly analysed and also observed in high concentrations 
in Estonia (1000 to 6200 ng/L). In several Estonian samples, these 
substances were reported as not detected, however with reporting limits 
of similar magnitude as the detected concentrations. Compared to the 
Estonian measurements, concentrations of resorcin in Sweden were ca 
1000 times lower (both total and dissolved concentrations). These 
substances are characteristic of the oil-shale chemical industry operating 
in North-eastern Estonia (Lepik and Tenno, 2011), and used in various 
industrial processes such as rubber production, but also in e.g. hair-
dresser cosmetics (ECHA, 2021). The very high median concentrations 
of the diuretic drug furosemide were due to national monitoring reports 
from Danish WWTPs repeatedly listing considerably higher concentra-
tions compared to other countries. Only Swedish data were available for 
the fluorescent whitening agent DAS2, the anticorrosive/ultraviolet 
stabilizer additive methylbenzotriazole and antifoaming agent 2,4,7,9- 
Tetramethyl-5-decyne-4,7-diol; three substances always detected in 
the effluents when analysed and present in comparatively high median 
concentrations (1500, 840, 780 ng/L, respectively). Median methyl-
benzotriazole concentration in Europe previously reported was of 
similar magnitude, 2100 ng/L (Loos et al., 2013). 

Chemicals with only dissolved concentrations reported that never-
theless ranked high in the dataset included the UV-absorbent suliso-
benzone (1500 ng/L), and the pharmaceuticals hydrochlorothiazide, 
losartan, lamotrigine, desvenlafaxine and metformin. These displayed 
dissolved median concentrations in the range of 650 to 1500 ng/L. 

The rank of substances also depends on the summary statistics used. 
Corresponding geometric mean total concentrations, weighted accord-
ing to WWTP population equivalents for the abovementioned substances 
were in most cases lower or of similar magnitude compared to the me-
dians. However, sorting according to geometric mean concentrations 
instead of medians in Fig. S4 would rank substances like dichloro-
methane and tributyl phosphate higher as their geometric mean con-
centrations were 6 to 7 times higher than corresponding medians due to 

the higher sensitivity of geometric means to extreme values. For 
dichloromethane, the weighted geometric mean and median concen-
trations were 1350 ng/L and 190 ng/L, respectively. Dichloromethane 
was occasionally observed in very high concentrations in both Estonia 
and Lithuania (6500–28,800 ng/L). However, the majority of analyses 
were reported as below a detection limit of 6000 ng/L in Lithuania and 
100 ng/L in Estonia. 

3.4. Comparison of concentration ranges of chemical categories 

Fig. 2 provides an overview of the median total concentrations (tot) 
for substances belonging to some of the chemical sub-categories repre-
sented in the dataset (only data for which the analysed fraction had been 
explicitly specified was included). Similarly to other inventories of 
micropollutant concentrations in wastewater for specific geographical 
regions (Comber et al., 2015; Tran et al., 2018), the variability in our 
dataset was large, with 25th and 75th percentile concentrations 
commonly spanning 1 to 2 orders of magnitude. 

No chemical category displayed concentrations that were consis-
tently higher compared to those of other categories. The exception was 
dioxins, which were generally found at concentrations lower than all 
other substances except PBDEs, PCBs and some pesticides. The con-
centration ranges within the categories were wide, spanning several 
orders of magnitude, with a few substances dominating the total con-
centration within each category. Most metals were found at concentra-
tions similar to those of the pharmaceuticals with highest median total 
concentrations (⁓100–10,000 ng/L). Organophosphates, fluorescent 
whitening agents, phthalates, and most phenolic substances were also 
predominantly present at concentrations similar to most pharmaceuti-
cals (⁓10–1000 ng/L). Some PAHs and UV filters were also present in 
concentrations exceeding 10 ng/L, however most of these chemicals 
were on average observed below these concentrations. Median total 
concentrations of PFAS were in the range of 0.1 to 5 ng/L, which is lower 
than typical effluent concentrations previously reported in Europe 
(Margot et al., 2015), with perfluorooctanoic (PFOA), butanoic (PFBA), 
pentanoic (PFPA), hexanoic (PFXA), heptanoic (PFHA) acid, and per-
fluorooctane sulfonate (PFOS) in the top of this range. For PBDEs, BDE- 
209 was present in considerably higher concentrations (ca. 3–6 ng/L) 
compared to the constituents of penta and octaBDE mixtures (0.001–0.2 

Fig. 2. Boxplot of median concentrations of individual substances with total concentration analysed in at least five WWTPs in the time period 2010 to 2019, and 
grouped according to chemical category. Central marks indicate the medians, boxes indicate 25th and 75th percentiles and grey whiskers extends to maximum and 
minimum concentrations. Outliers (values exceeding 1.5 times the interquartile range) are not shown. The calculations include censored data as half the reported 
limit. Categories included and abbreviations: metals, organophosphates (OPs), pharmaceuticals (pharma), fluorescent whitening agents (FW), phthalates (phthal), 
bisphenols (BPs), phenols, pesticides, polyaromatic hydrocarbons (PAHs), ultraviolet filters (UV), organotin compounds (tinorg), hormones (horm), per- and poly-
fluoroalkyl substances (PFASs), polybrominated diphenyl ethers (PBDEs), polychlorinated biphenyls (PCBs) and polychlorinated dibenzo-p-dioxins and di-
benzofurans (dioxins). Note that names of the individual substances are listed in Table S3. 
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ng/L). This is consistent with the later restriction and dominating use of 
BDE-209 in the 2010s (Abbasi et al., 2019). Concentrations of many PCB 
congeners were similar to those of the penta and octaBDE constituents, 
whereas dioxins were the substances found at lowest concentrations in 
the dataset. The identical median concentrations of several substances 
within the groups of PAHs, phenols and organotin compounds reflect the 
high frequency of data reported as below a detection limit that was high 
compared to concentrations in other sampling campaigns, and/or 
reporting of concentrations at the reported limit as detects. 

3.5. Comparison of concentrations in different countries 

The dataset was tested for statistically significant differences be-
tween the median concentrations calculated for each country individu-
ally. The comparison was possible for 141 substances analysed in at least 
five WWTPs for each of two countries. First, the occurrence of sub-
stances in the dataset with median concentrations that were signifi-
cantly higher than in all other countries sampled was assessed. When 
data was available for more than three countries (32 substances), this 
occurred only for dibutyltin, with a median concentration in Finland 
that was significantly higher compared to Estonia, Lithuania, Sweden 
and Denmark, and for several of the dioxins that were present in 
significantly higher concentrations in Polish effluents. In most cases, the 
comparison was possible for just two countries. Many of these com-
parisons were for dioxins in Poland and Lithuania (Poland > Lithuania), 
PAHs in Lithuania and Denmark (Denmark > Lithuania), PFAS and or-
ganophosphates in Denmark and Sweden (no consistent pattern). In 
addition, the number of times the median concentrations of the analysed 
substances were significantly higher in a country compared to any other 
country was counted (Fig. S6). In this way, 832 pairwise comparisons 
were made for the 141 substances. Most commonly, the concentrations 
were not significantly different; there was a significant difference (p <
0.001) in just 150 cases. Lithuania “participated” in a comparatively 
large number of comparisons, and median concentrations were signifi-
cantly lower in 37% of the cases. Medians in Poland on the other hand 
were significantly higher in the pairwise comparisons in 24% of the 
cases due to the high concentrations and high number of dioxin con-
geners measured. Otherwise, no tendencies showing consequently 
higher or lower concentrations in the countries' effluents were apparent. 
However, the low number of samples and large variability, combined 
with the differences in type and number of substances analysed in the 
different countries, made the results of the analysis difficult to interpret. 

The heterogeneity of effluent data stems from numerous factors 
related to, for example, sampling strategies and analytical methods 
employed (Tran et al., 2018), and WWTP specific and country-wide 
conditions. WWTP specific factors that control inputs and impact elim-
ination during treatment include the number of persons and PEs con-
nected in relation to amount of wastewater treated, type of WWTP 
(combined system or not, type and level of treatment), temperature, 
season, time of day etc. (Luo et al., 2014; Musolff et al., 2009). 
Depending on their main sources in society, concentrations of some 
chemicals in effluents correlate to the number of persons connected, 
whereas other substances are more dependent on the share of industrial 
wastewater in the total amount of wastewater and type of industries 
connected. Economic wealth and the associated purchase capacity and 
consumption pattern of the population can also significantly influence 
the emissions (Filipovic et al., 2013; Lindim et al., 2015). For pharma-
ceuticals, prescription rules/recommendations, availability over the 
counter and tradition of using certain pharmaceuticals vary (Vieno et al., 
2017). 

3.6. Mass loads to the Baltic Sea catchment 

The annual total mass loads from municipal WWTPs located in the 
Baltic Sea catchment of all substances with total concentration (tot) 
analysed in at least five WWTPs were estimated (n = 280, see Table S3). 

These estimates are dependent on the choice of factor used for upscaling 
the emissions from sampled WWTPs to all WWTPs in the catchment. We 
estimated that in total, ⁓5.8 billion m3 of wastewater was emitted 
annually in the Baltic Sea catchment by the end of the 2010s (Table S2). 
The total number of PEs was estimated to ⁓95 million. Emissions of 
chemicals were calculated using i) concentrations multiplied by Q, and 
ii) mass per PE multiplied by total PEs (Table S3, note that this table is 
presented in Appendix B). Using wastewater volume as upscaling factor 
reduces uncertainty as transformation of concentration to mass per PE is 
not necessary. However, the estimated total Q in the catchment can be 
considered more uncertain than total PEs as Q is more often lacking in 
Waterbase, and this number is hence to a larger extent in this work 
estimated from the PE value. In addition, mass loads of the various 
substances were calculated using different central values for 
concentrations. 

Here copper is used to illustrate the impact the choices of scaling 
factor (PE or Q), central value, inclusion of censored data and ap-
proaches to weigh mean concentrations have on emission estimates 
(Fig. S7 A). For copper, estimates of total WWTP loads in the catchment 
ranged from 16 to 500 t. Use of weighted arithmetic mean concentra-
tions or arithmetic mean concentrations in the calculations resulted in ca 
3 and 20 times larger estimated mass loads, respectively, compared to 
estimates based on central values which dampens the influence of 
extreme values and hence likely better represents the overall and long- 
term average copper concentrations (i.e. medians, geometric means), 
irrespective of scaling factor and approach to include concentrations 
below the reported limit. The difference in estimated mass loads derived 
from medians and geometric means (weighted or not) was smaller; the 
load estimates ranged between 16 and 43 t. This range is of similar 
magnitude as that of loads calculated from the 25th, 50th (median) and 
75th percentile concentrations: 9, 17 and 43 t respectively (Q used for 
upscaling and non-detects set to half the reported limit). Note also that 
including data of unknown fraction in the averages resulted in ⁓50% 
higher concentrations. For comparison, copper inputs to the Baltic Sea 
from coastal point sources (WWTPs and industries) by the end of the 
2010s, i.e. excluding inland emissions, has been estimated to ⁓17–18 t, 
and the annual riverine copper input to the Baltic Sea has been estimated 
to ⁓800–900 t (HELCOM, 2021). A modelling study of annual inorganic 
copper release from leisure boats and commercial ships operating in the 
Baltic Sea coated with antifouling paints estimated the released amount 
to 429 t, however with unknown uncertainty arising from various model 
assumptions, and also calculated annual atmospheric copper deposition 
to 116 (±33) tonnes (Jalkanen et al., 2021; Ytreberg et al., 2022). 
Conclusions regarding the relative importance of WWTP emissions 
compared to other sources of copper are hence strongly dependent on, in 
particular, the choice of type of average concentration. Based on our 
medians or geometric mean concentrations, the contribution from 
WWTPs to the total load would be just ⁓1–3%. When using the un-
weighted average concentrations, this share would be ⁓20–35%. 

3.7. Comparison to other mass load estimates for WWTPs 

A few other studies that present estimates of micropollutant loads 
from WWTPs in the Baltic Sea region in the last decade are available in 
the literature. These studies take different approaches to calculate loads 
from WWTPs based on consumption data, measured concentrations in 
influents or effluents, total population, PEs or volume of wastewater, 
combined with various assumptions regarding emission factors, removal 
rates in WWTPs, wastewater generation, differences between countries 
and options for averaging concentrations. Tables 1-3 show comparisons 
of our emission estimates, based on median concentrations and emitted 
wastewater volumes, to estimates found in literature for a number of 
pharmaceuticals and industrial chemicals. 

Lindim et al. (2016) estimated emissions of a range of pharmaceu-
ticals to Swedish rivers based on sales data, pharmaceutical specific 
human excretion rates and typical range of removal rates in WWTPs 
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(Lindim et al., 2016). In a similar study, Äystö et al. (2021) estimated 
emissions from national per capita sales, population, pharmaceutical 
excretion rates, WWTP removal rates and considered, in addition, na-
tional information on fraction of sold pharmaceuticals that was left 
unused. Table 1 shows a comparison between emission estimates for 
Sweden from Lindim et al. (2016), Äystö et al. (2021) and this study. The 
estimated emission ranges overlapped for diclofenac, erythromycin, 
ibuprofen and sulfamethoxazole. Considerably lower emissions of 
atenolol and paracetamol (factor 6–14, and 13 difference between our 
median values and Lindim's range, respectively), and higher emissions 
of carbamazepine, propranolol and naproxen (factors 4, 7–140 and 
13–16 between median and ranges, respectively) were predicted in this 
study compared to Lindim et al. (2016). Äystö et al. predicted 4 times 
higher emissions of clarithromycin compared to this study. 

The emission range given in the Lindim-study reflects differences in 
assumed WWTP removal rates. The range in our study reflects the spread 
of concentration data from Swedish WWTPs. There are advantages and 
drawbacks associated with both approaches. An advantage of using 
measured concentrations in effluents as starting point is that this method 
circumvents the large variability and uncertainty associated with 
removal rates in humans and during WWTP treatment, and fraction of 
sold products that is consumed, i.e. parameters used to calculate effluent 
concentrations from sales data. A drawback of our approach is that the 
uncertainty of data on Q and PE required to calculate emissions from 
measured effluent concentrations can be considered larger than the 
uncertainty of sales data and the population size and distribution in the 
different countries, as the data on Q and PE reported to Waterbase are 
not complete and often not consistent between countries. There are also 
large variations in observed concentrations in effluents, making deri-
vation of a concentration representative for a specific country or the 
entire region difficult, as illustrated above. However, for other types of 
substances than pharmaceuticals, the availability of sales data, emission 
factors and fraction entering the sewage is considerably scarcer. For 
such substances, estimating the concentrations in effluents from use data 
is therefore associated with larger uncertainly and starting from 
measured effluent concentrations in load estimations can be considered 
a better option despite the abovementioned drawbacks of this approach 
(van Gils et al., 2020). Optimally, different approaches should be used to 
calculate the emissions and combined to constrain the results. 

Another study, employing an approach more similar to ours to esti-
mate total mass loads, was previously conducted by Bollmann et al. 
(2019). They calculated total loads of a number of antibiotics, industrial 
chemicals, pesticides and ingredients in personal care products to the 
Baltic Sea based on concentrations from studies of Danish WWTPs and 
measured removal rates. The wastewater volume was estimated from 
typical water consumption rates and infiltration-inflow from ground-
water surrounding sewer pipes in Europe. The Bollmann-mass loads 
were in all cases considerably larger than those calculated in this study. 
Exceptions were mass loads of the organophosphate compounds TDCP 
and TCPP, which were similar, and TBEP which was lower than in the 
current study. This was explained by generally higher observed con-
centrations in effluents, and a larger (i.e. 60% higher) estimated total 
wastewater volume. For example, concentrations of personal care 
product ingredients galaxolide and tonalide were ca 5–7 times higher 
than the medians for these substances estimated in our study (i.e. 
Swedish data on total concentrations in our database). Concentrations 
similar to those used by Bollmann and co-workers were also observed on 
many occasions in Sweden and Germany. However, the fraction ana-
lysed was unknown in these cases and therefore not included in our total 
median concentrations. The data for triclosan was dominated by 
numerous analyses in Danish WWTPs below a RL of 100 ng/L, making 
the 25th, 50th and 75th percentile equal (half the RL). When detected in 
Denmark, however, concentrations were in the range of 210–507 ng/L, 
whereas concentrations in Finland and Sweden were lower (25th, 50th 
and 75th percentiles were 5, 10 and 28 ng/L, respectively). 

Baltic Sea scale mass loads of some PFAS have been calculated in the 

Table 1 
Estimated mass loads (kg/year) of selected pharmaceuticals from Swedish 
WWTPs based on median, 25th and 75th percentile of all reported concentra-
tions in Swedish effluents multiplied by total yearly wastewater discharge (Q). 
The calculations were based on data from WWTPs sampled after year 2009 and 
reported as total concentrations. Concentrations below reporting limit were 
included as half the reporting limit. The mass loads are compared to emission 
estimates for Sweden by Lindim et al. (2016) and Äystö et al. (2021). Emissions 
from Äystö et al. (2021) are adapted from Tables 8 and 10 in the publication.  

Substance This study, median 
(25th–75th percentiles) 

Lindim et al. 
(2016) 

Äystö et al. 
(2021) 

Carbamazepine 530 (400–1053) 131–175  168 
Diclofenac 1168 (589–1465) 579–1240  1122 
Erythromycin 125 (86–167) 120–239  
Ibuprofen 220 (5–486) 0–763  82 
Naproxen 264 (170–1071) 21–76  
Paracetamol 17 (6–180) 225  
Propranolol 28 (15–41) 0.2–4  
Sulfamethoxazole 59 (8–101) 26–50  
Clarithromycin 26 (9–53)   122 
Atenolol 205 (95–324) 1197–2919   

Table 2 
Estimated central value for total concentrations (ng/L) in treated wastewater 
and mass loads (kg/year) to the entire Baltic Sea catchment. Median concen-
trations include concentrations reported as below the reporting limit as half this 
limit value. Values in brackets indicate 25th and 75th percentiles. Mass loads are 
estimated using total volume of treated wastewater emitted. Average concen-
trations and mass loads are compared to results from Bollmann et al. (2019).  

Substance This study, 
median conc. 
ng/L 
(25th–75th 
percentile) 

Bollmann 
et al. 
(2019), 
conc. ng/L 

This study, mass 
load kg/yr 
(25th–75th 
percentile) 

Bollmann 
et al. 
(2019), 
mass load 
kg/yr 

Clarithromycin 13 (5–58)  100 76 (29–337)  782 
Erythromycin 19 (5–82)  120 111 (29–475)  939 
Terbutryn 1 (1–5)  4 6 (6–29)  31 
Triclosan 50 (50–50)d  95 291 (291–291)  743 
TCPPa 1000 

(618–1675)  
699 5822 

(3600–9751)  
5469 

TDCPb 260 
(190–393)  

137 1514 
(1106–2285)  

1072 

TBEPc 1700 
(823–2800)  

210 9897 
(4788–16,301)  

1643 

Galaxolide 160 
(138–220)  

850 931 (800–1281)  6651 

Tonalide 18 (15–20)  130 105 (86–118)  1017  

a Tris-(2-chloroisopropyl)-phosphate (TCPP). 
b Tris(1,3-dichloro-2-propyl) phosphate (TDCP). 
c Tris(2-butoxyethyl) phosphate (TBEP). 
d Most values below a detection limit of 100 ng/L. 

Table 3 
Estimated mass loads (kg/year) of perfluorooctanoic acid (PFOA), per-
fluorooctanesulfonic acid PFOS), perfluorohexanoic acid (PFHxA), per-
fluorodecanoic acid (PFDA) from WWTPs in the Baltic Sea catchment, and 
comparison to data from the COHIBA project (2011) and Filipovic et al. (2013). 
Mass loads in this study were calculated from total median concentrations, 
numbers within brackets indicate the 25th and 75th percentiles. Concentrations 
reported as below reporting limits were included as half the reporting limit. Note 
that the emissions from Filipovic et al. (2013) for coastal cities (population 
⁓12,200,000) were here adjusted for the entire catchment population 
(⁓85,000,000) to enable comparison.   

COHIBA (2011) Adapted from Filipovic et al. (2013)a This study 

PFOA  200  78 38 (24–63) 
PFOS  100  180 19 (8–38) 
PFHxA   48 18 (9–28) 
PFDA   6 6 (6–12)  

a From upscaling to the total population in the Baltic Sea catchment. 
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COHIBA project (Menger-Krug et al., 2011) and, partly based on the 
same data, by Filipovic et al. (2013). Filipovic and co-workers calculated 
per PE emission rates and multiplied these by total PEs, calculated from 
population, in the major coastal cities around the Baltic Sea, i.e. 
comprising approximately 15% of the total population in the catchment. 
For comparison, we back-calculated emissions for the entire catchment 
based on their data (Table 3). Whereas PFOA emissions from the 
COHIBA project were twice as high as the corresponding PFOS mass 
loads, results from Filipovic et al. (2013) were of similar magnitude but 
with a reversed relationship between emissions of these two substances. 
Our calculated mass loads were made using more recent data and were 
generally lower compared to both studies. Note that calculating the 
PFOS mass loads from weighted arithmetic means or weighted geo-
metric means would result in 66–119 or 29–53 kg/years, respectively, 
depending on the approach employed for including censored data and 
upscaling factor (Fig. S7 B). Contrary to the case of copper, the mean 
concentrations of PFOS and PFOA weighted according to WWTP size 
were higher than the non-weighted. In a study focusing on Sweden, 
estimated PFOS and PFOA emissions from WWTPs via effluents in 
Sweden were 20 and 10 kg/year, respectively (Hansson et al., 2016). 
Our estimates for PFOS and PFOA in Sweden ranged from 2 to 14 and 4 
to 13 kg/year, respectively, depending on the summary statistics used 
and choice of the scaling factor (Q or PE). 

4. Conclusion 

This study provides an overview of the data available for years 
2000–2019 on micropollutants emitted via municipal WWTPs in the 
Baltic Sea region and the dataset facilitates both mixture risk assessment 
and mass balance exercises for a large number of substances. The in-
ventory of concentration data for a wide range of micropollutants shows 
that availability of national data is variable in the Baltic Sea countries. 
Ambiguity regarding which fraction (dissolved, particulate, total) the 
reported concentrations refer to hinders adequate use of data in many 
cases. Most substances for which data are accessible to the public have 
been analysed in less than five WWTPs in the region during the last 
decade. Several countries focus their analyses on metals and a limited 
number of well-known organic contaminants. Data from e.g. the 
Swedish screening program indicates, however, that many chemicals 
potentially of emerging concern, such as fluorescent whitening agents 
and UV stabilizers, are present in the wastewater, sometimes in con-
centrations comparable to the top range of more well studied waste-
water pollutants such as pharmaceuticals. The highest concentrations in 
effluents are generally observed for common metals; however, the 
concentration top-list is populated by a diverse range of substances from 
different chemical categories, where one or a few substances dominate 
the total concentration within the group. 

Emission estimates were made for a wide range of substances. These 
estimates can be used in e.g. pressure analyses and source apportion-
ment studies, such as in the Baltic Sea countries' assessments under the 
WFD and joint work in HELCOM. Our comparisons to literature emission 
estimates of selected substances in the Baltic Sea region illustrate that 
our calculated mass loads were in many cases in the same range as 
previous estimates, although for some substances the deviations excee-
ded a factor of 10. In addition to the uncertainty originating from 
variability of concentration data, the selection of average value and 
upscaling method make the range of possible results large. This has 
implications for example when comparing inputs from various sources 
to guide chemicals management actions, as shown for copper. Due to 
lack of data, it is in most cases not possible to determine if concentra-
tions of the micropollutants are significantly different in the various 
Baltic Sea countries, and hence if country specific concentrations are 
needed to estimate country specific emissions via WWTP effluents. A 
more coherent and wide-scope monitoring of micropollutants in efflu-
ents could be spurred by legal obligations to assess the quality of emitted 
wastewater with respect to chemical contaminants. However, 

considering the limited number of substances analysed in the region, 
even in Sweden, where target screening analysis of chemicals of 
emerging concern is included as a re-occurring activity in the national 
monitoring program, we stress the need for complementing current 
national monitoring programs and screening activities by employing 
effect-based methods and non-target/suspect screening approaches, as 
commonly advocated in academia (Dulio et al., 2018; Menger et al., 
2020). 

The CHEMPACT database is available upon request (emma.unde 
man@su.se). Supplementary data to this article can be found online at 
https://doi.org/10.1016/j.marpolbul.2022.113559. 
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