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A B S T R A C T   

Only scarce information is available about the abundance of microplastics (MPs) in Nordic lakes. In this study, 
the occurrence, types, and distribution of MPs were assessed based on the lake water and sediment samples 
collected from a sub-basin of Lake Saimaa, Finland. The main goal was to estimate the possible effect of the local 
wastewater treatment plant (WWTP) on the abundance of MPs in different compartments of the recipient lake 
area. Collected bottom sediment samples were Cs-137 dated and the chronological structure was utilized to relate 
the concentrations of MPs to their sedimentation years. Raman microspectroscopy was used for the MPs’ 
identification from both sample matrices. In addition, MPs consisting of polyethylene (PE), polypropylene (PP) 
and polystyrene (PS) were quantified from lake water samples by pyrolysis-gas chromatography-mass spec-
trometry to provide a complementary assessment of MPs based on two different analysis methods, which provide 
different metrics of the abundance of microplastics. MPs concentrations were highest in sediment samples closest 
to the discharge site of WWTP effluents (4400 ± 620 n/kg dw) compared to other sites. However, such a trend 
was not found in lake water samples (0.7 ± 0.1 n/L). Overall, microplastic fibers were relatively more abundant 
in sediment (70%) than in water (40%), and the majority of detected microplastic fibers were identified as 
polyester. This indicates that a part of textile fibers passing the WWTP processes accumulate in the sediment 
close to the discharge site. In addition, the abundance of MPs was revealed to have increased slightly during the 
last 30 years.   

1. Introduction 

By now, microplastics (MPs) have been found in virtually all parts of 
the aquatic environment, including sea water (Hidalgo-Ruz et al., 2012; 
Morét-Ferguson et al., 2010; Zobkov et al., 2019), lake water (Fischer 
et al., 2016; Koelmans et al., 2019; Uurasjärvi et al., 2019; Whitaker 
et al., 2019), and beach and bottom sediment (Fischer et al., 2016; Leslie 
et al., 2017; Matsuguma et al., 2017). In addition, MPs have been 
detected in various aquatic organisms, such as mussels and fish (Lusher 
et al., 2018; Yuan et al., 2019), and have been demonstrated to transfer 
within the planktonic food web (Setälä et al., 2014). Furthermore, 

microplastics may offer routes for other pollutants and pathogens, and 
allow them to disperse into the environment, and potentially affect or-
ganisms more easily (Besseling et al., 2019; Kirstein et al., 2016). 

Even though microplastics have been reported to exist in various 
environmental matrices, it has also been encouraged to assess their 
abundance in different parts of the same aquatic environment to assess 
the status of MPs pollution more comprehensively (Lusher et al., 2018). 
Because MPs consist of heterogeneous polymer mixtures of various 
shapes and sizes, they can be unevenly distributed in the aquatic envi-
ronment. Overall, plastics with a higher density than water, like poly-
esters (PES, 1.2–2.3 g/cm3) or polyvinylchloride (PVC, 1.2–1.6 g/cm3), 
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are more prone to sink to the bottom (Hidalgo-Ruz et al., 2012; Koel-
mans et al., 2019). In turn, the most produced polymers, such as poly-
propylene (PP), polyethylene (PE), and polystyrene (PS), have density 
lower than or similar to that of water (0.9–1.1 g/cm3) (Hidalgo-Ruz 
et al., 2012), and they are more likely to disperse from their sources 
(Claessens et al., 2011). In addition to properties of MPs themselves, 
biofouling, and ambient conditions such as currents, wind, and salinity, 
can affect the distribution of MPs (Morét-Ferguson et al., 2010; Prata 
et al., 2019). For example, MPs concentrations were the highest in the 
surface and bottom layers of stratified water columns in the Baltic Sea 
(Zobkov et al., 2019). Furthermore, sediments can be significant sinks 
for MPs in both marine (Matsuguma et al., 2017; Zobkov and Esiukova, 
2017) and freshwater environments (Corcoran et al., 2015; Lusher et al., 
2018; Vaughan et al., 2017; Yuan et al., 2019). Therefore, organisms 
living in different compartments of the aquatic environment can be 
exposed to different types of MPs load. 

Furthermore, the full potential of sediment samples in assessing the 
MPs pollution is rarely utilized. MPs data is usually reported for the bulk 
sediment sample without considering the chronological structure of the 
bottom sediment. As Martin et al. (2022) concluded, only 20 studies 
have related MPs concentrations with the sedimentation year to assess 
the history of MPs pollution via sediments. Out of them, only three 
studies have focused on lakes (Dong et al., 2020; Luoto et al., 2019; 
Turner et al., 2019). 

However, from the aspect of environmental pollution, it is crucial not 
only to assess the MPs concentrations in the environment but also to link 
them to their sources. Wastewater treatment plants (WWTP) are one 
major route for microplastics into both terrestrial and aquatic environ-
ments, as they concentrate everyday microplastics from households and 
industries into treated wastewaters and sludges (Lares et al., 2018; Leslie 
et al., 2017; Talvitie et al., 2017b). The removal efficiency of MPs at a 
certain WWTP depends on the combination of the utilized treatment 
techniques. At its best, the commonly applied conventional activated 
sludge (CAS) process may remove around 98–99% of MPs from water to 
sludge (Lares et al., 2018; Talvitie et al., 2017b). Advanced treatment 
methods, like membrane bioreactors, can further improve the removal 
of MPs (Lares et al., 2018; Talvitie et al., 2017a). However, most of the 
processes still leave a small percentage of MPs to be continuously dis-
charged with the treated effluents to the recipient waterbody. 

From the analysis point of view, many challenges are still faced both 
in conducting the MPs studies and in comparing the reported results, 
since neither the sampling methods, the pretreatment of environmental 
samples nor the identification of MPs have yet been standardized 
(Cowger et al., 2020; Hanvey et al., 2017; Li et al., 2018). One of the 
issues is related to the various options for the analysis of MPs. Generally 
used spectroscopic methods, namely Raman and FTIR spectroscopy, 
provide information about polymers as particle counts per volume or 
weight with certain size limitations. Alternatively, analysis methods 
based on the thermal degradation of the sample, such as pyrolysis-gas 
chromatography-mass spectrometer (Py-GC/MS), provide detailed in-
formation about the mass of polymers per sample. However, the sample 
is destroyed, and no information about sizes, particle counts, or 
appearance of MPs can be collected (Hanvey et al., 2017). Hence, more 
information about the environmental MPs could be collected by utilizing 
multiple analysis techniques, as has been done previously in MPs anal-
ysis of river and lake sediment samples (Käppler et al., 2018; Lusher 
et al., 2018). 

In this context, this study investigates the abundance of microplastics 
in both lake water and sediment in a suburban area of Lake Saimaa, 
Finland, which is exposed to discharges from a municipal WWTP. The 
main objectives were 1) to investigate the influence of WWTP effluents 
on the microplastics abundance in the lake water and bottom sediment, 
2) to assess the history of MPs pollution by examining sediments rep-
resenting accumulation years 1990–2018, and 3) to complement the 
particle-based information gained with Raman spectroscopy with the 
mass-based data collected by Py-GC/MS. 

Considering Nordic lakes, only a couple of MPs studies have been 
reported for lake water (Uurasjärvi et al., 2019) and sediment (Luoto 
et al., 2019; Lusher et al., 2018; Scopetani et al., 2019). To our knowl-
edge, this is the first study assessing the effect of WWTP discharge on 
MPs concentrations in both lake water and sediment in a Finnish lake, as 
well as pointing out the history of MPs pollution via sediment cores. 

2. Materials and methods 

2.1. Study area 

The sampling area covered a small part of Lake Saimaa, located near 
the city of Mikkeli, Finland. The area is urbanized with some peripheral 
industry, but it is also affected by agricultural activities. Due to 
anthropogenic pollution, the ecological state of the studied lake basin is 
classified as moderate according to European Union Directive (2000)/ 
60/EY. 

By the time of the sampling, the main municipal WWTP in Mikkeli 
was Kenkäveronniemi WWTP. It was operated from 1962 to 2021, and 
recently treated wastewaters of approximately 42 000 inhabitants. The 
water treatment process consisted of step screening, 6 mm sieving, grit 
separation, primary clarification with grease separation, biological 
treatment with activated sludge, final sedimentation, and disinfection. 
Approximately 11 000 m3 of treated effluents were discharged daily to 
the lake bay close to the city center. 

Lake water and sediment samples were collected from three (1, 2, 4) 
and four sites (1–4), respectively (Fig. 1). These sampling sites were 
selected to have one site in each of the lake basins that surround the 
discharge site of the studied WWTP. Sampling site 1 was located up-
stream from the WWTP close to an urbanized area, 2 km northeast of the 
WWTP discharge area. Site 2 was within 600 m downstream from the 
discharge area. Sites 3 and 4 were located 3 and 7 km downstream from 
the WWTP, respectively. In addition, one extra sediment sample was 
collected close to site 2 for method and recovery testing. The depths of 
the sediment sampling sites were 6–14 m. 

2.2. Sampling 

Lake water samples were collected in triplicate 0.5 m below the 
surface. For assessing the effect of effluent plume at site 2, samples were 
also collected 1 m above the bottom, i.e., 5.0 m below the surface. The 
sampling was conducted 11.–19.9.2019 using a Limnos water sampler 
operated from a motorboat. To minimize disturbance of the surface 
water, the motor of the boat was shut down roughly 5 min before 
sampling. 

Water samples were filtered on a stainless-steel mesh (aperture of 20 
μm) placed on a glass filter holder. The sampling unit was rinsed on the 
same filter with ultrapure water after each subsample. Five subsamples 
were collected for each composite sample (totaling 10.4 L), after which 
the filter was transferred into a glass bottle. Samples were stored at 
+4 ◦C until further treatments. Temperature, pH, and conductivity of the 
water were measured on-site with multimeter (Palintest Micro 800 
MULTI). Information about water properties is available in Table S5. 

Sediment sampling was conducted 13.–14.9.2018. Samples were 
collected with a Limnos sediment core sampler from a motorboat. 
Samples were transferred from the sediment sampler into glass jars 
(0.25–1.0 L) with a metal spoon. For each core, the uppermost 10 cm 
was separated into 1 cm thick subsamples and sediment below 10 cm 
was separated into 2 cm subsamples. Samples were stored at +4 ◦C until 
subsamples for loss-on-ignition analysis (LOI) and dating were collected, 
and then stored at − 20 ◦C until further treatment. 

2.3. Sample pretreatment 

2.3.1. Lake water 
Filtered lake water samples were treated with the universal 
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enzymatic purification protocol (Löder et al., 2017). The protocol 
included 1–3 d incubations with sodium dodecyl sulphate (SDS), pro-
tease, cellulase, 30% hydrogen peroxide (H2O2) and chitinase with 
proper buffers at varying temperatures. After the last incubation in 
H2O2, samples were filtered on the same 20 μm metal meshes and stored 
in glass bottles with small amounts of ultrapure water. Then, samples 
were filtered on glass microfiber filters (Whatman GF/C, 1.2 μm, Ø 25 
mm), which were placed on microscope slides in glass petri dishes. A 
detailed description of pretesting, conducting the treatment, a flow chart 
of the procedure and information about used chemicals are available in 
Supplementary material. 

2.3.2. Sediment 
Sediment samples (29.6–74.1 g ww, 2.4–18.1 g dw) were treated 

according to the method by Frias et al. (2018), using H2O2 for degra-
dation of organic material and sodium tungstate dihydrate 
(Na2WO4⋅2H2O) for density separation. The lower size limit was set to 
63 μm. A comprehensive pretesting was conducted with samples 
collected close to site 2 and subsequent treatment methods were selected 
based on the results of the pretests. Details and results of pretesting are 
discussed in Supplementary material. 

Organic material was degraded by adding 50 mL of 10% H2O2 (Ph. 
Eur., VWR) to each sample. The suspension was left for 1 h to allow the 
reaction to complete. Afterwards, another 50 mL of H2O2 were added. In 
case of excessive gas formation and foaming, samples were gently 
mixed, and a small amount of ultrapure water was added. After 18 h, 
samples were rinsed onto a 63 μm stainless steel mesh using ultrapure 
water. The retained material was then flushed into a 100 mL separatory 
funnel. 

Next, microplastics were extracted with density separation by using 
Na2WO4⋅2H2O (≥98%, Merck) solution adjusted to a density of 1.4 g/ 
cm3. Samples were shaken for 2 min and allowed to settle for 2 h, after 
which denser, settled material was carefully released from the separa-
tion funnel and discarded. The whole supernatant was vacuum-filtered 
on a glass microfiber filter (Whatman GF/C, 1.2 μm, Ø 47 mm), which 
was placed on a microscope slide in a glass Petri dish and dried in a 
desiccator. 

2.4. Identification of MPs 

2.4.1. Microscopy 
All material retained on the filters were examined with a stereomi-

croscope (Zeiss, SteREO discovery.V8 with Axiocam 503 color), and 
fragments and fibers without a clear natural origin (e.g., water flea and 
diatom shells) were recorded by shape (fragment or fiber), color, and 
measured by their longest dimension with ZEN 2.3 software. For sedi-
ment samples, fragments and fibers were collected on another GF/C 
filter due to the high amount of sediment material that was retained on 
the filters. Due to the white color of the glass fiber filter, transparent and 
white particles were classified as one group. 

Because the sample pretreatment did not remove all non-plastic 
materials and sample examination included manual sorting of poten-
tial MPs, it was not possible to include the smallest fragments and fibers 
in the analysis. Hence, the lower size limit was estimated to be around 
100 μm instead of the mesh sizes of 20 and 63 μm described above. Due 
to the optical sorting method undertaken in this study, transparent and 
small MPs were most likely underestimated herein. 

2.4.2. Raman microspectroscopy 
After microscopic examination, all recorded fragments and fibers 

were analyzed with a Raman microscope (Horiba Jobin Yvon, Labram 
HR), using a green laser (514.53 nm). Spectra were recorded at wave 
numbers 200–3000 cm− 1 with LabSpec 5 software and matched with the 
spectral libraries available from the KnowItAll Informatics System (Bio- 
Rad Laboratories, 2018). Fragments and fibers with obviously matching 
peaks with reference plastic spectra were counted as MPs. Some spectra 
matched with multiple polymers or mixed plastics during comparison 
with the spectral library, and those MPs were marked generally as 
“plastics” without detailed information about polymer. 

2.4.3. Py-GC/MS 
After Raman analysis of water samples, PE, PP and PS were quanti-

fied by Py-GC/MS based on Steinmetz et al. (2020, 2022). In brief, 
wetted filters were transferred into glass culture tubes equipped with a 
polybutylene terephthalate (PBT) cap and a PTFE coated seal. After 

Fig. 1. The maps of the sampling area with the locations of A) Mikkeli, and B) the sampling sites (1–4) and Kenkäveronniemi WWTP. (Software: QGIS 3.12.3, data: 
DIVA-GIS, Finnish Environment Institute, National Land Survey of Finland) 
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drying at 60 ◦C, 2.5 mL of 1,2,4-trichlorobenzene (TCB) containing 
0.015% butylated hydroxytoluene and 2.5 mL of p-xylene were topped 
off. The polymers were extracted from the filters at 150 ◦C for 60 min. 
Once cooled down to room temperature, the supernatant was trans-
ferred into ND9 glass vials for analysis. Sample extracts were pyrolyzed 
at 700 ◦C using a Pyroprobe 6150 filament pyrolyzer (CDS Analytical, 
Oxford, United States) coupled with a Trace GC Ultra with DSQII mass 
spectrometer (Thermo Fisher Scientific, Bremen, Germany). PE, PP and 
PS concentrations were determined via their indicator pyrolysates 1, 
22-tricosadiene, 2,4-dimethyl-1-heptene and α-methylstyrene, respec-
tively. The theoretical limits of detection (LODs) for target polymers in 
lake water were 6.1 μg/L for PE, 7.9 μg/L for PP and 2.4 μg/L for PS. 

2.5. Contamination control 

Multiple measures were taken to prevent and assess contamination 
during sampling, sample pretreatment and analysis. Cotton lab coat and 
clothes together with nitrile gloves were used during sample pretreat-
ment and identification, and plastic equipment were avoided whenever 
possible. 

Dishes were rinsed thrice with ultrapure water and kept covered with 
foil or glass caps to prevent aerial contamination before use. Metal sieves 
were cleaned in an ultrasonic bath between sediment samples. When 
samples were transferred from one dish to another, all related dishes 
were rinsed thrice with ultrapure water, to collect possibly attached MPs 
back to the sample. In addition, all used filters, microscope slides and 
petri dishes were checked under a microscope and all visible particles 
were removed before use. Pretreatment steps for water and sediment 
samples were conducted in a laminar flow cabinet and fume hood, 
respectively. H2O2 and buffers were filtered through glass microfiber 
filters (Whatman GF/C, 1.2 μm, Ø 47 mm) and SDS solution through a 
stainless-steel filter (20 μm). Enzyme solutions, stored in PE bottles, 
were not filtered. Because an ultrapure water system has final filtration 
(Sartorius, polyethersulfone, 0.45 μm), no additional filtration was 
conducted for ultrapure water (Frias et al., 2018). 

To assess contamination during sampling and pretreatment, field 
blanks (n = 4) were conducted along with lake water samples. They 
were collected after each set of replicates in the field by rinsing the 
Limnos sampler with ultrapure water on stainless-steel filters (20 μm). 
For sediment samples, separate blank samples were conducted to assess 
contamination caused exclusively during pretreatment (n = 6) and 
during sampling, storing and pretreatment (n = 4). In addition, the 
lowest subsamples from sites 1, 2 and 3 were included, as they presented 
sediments from the years 1864–1941, in other words, from the time 
before the acceleration of mass production of plastics (PlasticsEurope, 
2013). Hence, they offered more information about possible contami-
nation during sampling and pretreatment. 

In addition, aerial contamination during pretreatments of samples 
was assessed by placing a GF/C filter on an open Petri dish next to the 
working space; for water samples (n = 7) and sediment samples (n =
31). For all contamination samples, fragments and fibers were identified 
directly from the filter and, therefore, some particles and fibers smaller 
than 100 μm were included in the examination. 

2.6. Dating of sediment cores 

The age of sediment cores was calculated according to the Cesium- 
137 activity in each 1–2 cm layer. Cs-137 analyses were conducted for 
dried subsamples (2.1–29.9 g dw) at the Geological Survey of Finland 
using a gamma spectrometer BrightSpec bMCA-USB pulse height 
analyzer coupled with a well-type NaI(TI) detector. Cesium was 
measured starting from the uppermost layers and continued until the Cs 
level of individual layers decreased to nearly zero. The Cs-137 peak 
caused by the Chernobyl nuclear power plant accident in 1986 was 
located for each sediment core and sedimentation rates were calculated 
according to the location of that peak (Fig. S4 in Supplementary 

material) (Callaway et al., 1996). The uppermost subsamples (0–1 cm) 
were excluded from the dating, due to the small amount of solid material 
left for MPs analysis. According to the dating, the sediment layers rep-
resenting the years 1990, 2000, 2010 and 2018 were included in this 
study from all four sites. As mentioned above, the lowest subsamples 
from sites 1, 2, and 3 were also included to estimate the contamination. 

2.7. Statistical testing 

MPs concentrations with standard errors (SE) were calculated for 
each sampling site and all sites combined. For sediment samples, MPs 
concentrations were examined for different layers representing the years 
1990, 2000, 2010 and 2018. Statistical testing was conducted with 
OriginPro 2018 (OriginLab Corporation). Differences between groups 
were tested with 1-way ANOVA. For data sets, which did not fulfill the 
demands for normality (Kolmogorov-Smirnov tests) and homogeneity of 
variance (Levene test), a pairwise comparison with the non-parametric 
Mann-Whitney test with Bonferroni correction was conducted. When a 
data set was normally distributed, but variances were heterogenic, a 
pairwise comparison with Welch’s test was conducted. The limit for 
significance was set to 0.05 in each test. 

3. Results and discussion 

3.1. Contamination monitoring 

In aerial contamination samples, altogether four and seven MPs were 
detected for water and sediment samples, respectively. In the lake water 
study, they included three PES fibers and one plastic fragment, which 
was identified as a mixture of polymers. In the sediment study, aerial 
contamination included three PE fragments, three PES fibers and one 
PES fragment. On average, aerial contamination covered 0.3 MPs and 
0.1 MPs for each water and sediment sample, respectively. 

In the field blank samples related to water study, 11 ± 1.4 MPs were 
detected per sample, of which 8.8 ± 1.9 were microplastic fragments 
and 2.3 ± 0.8 were microplastic fibers. PP and PE covered 68 and 9% of 
detected MPs in blank samples, respectively. They may have originated 
from the use of a plastic wash bottle made of transparent PE and red and 
transparent PP. 

In blank sediment samples, 21.6 ± 1.9 MPs were detected per sam-
ple, of which 17.8 ± 1.9 were fragments and 3.8 ± 0.9 were fibers. Most 
of the MPs were fragments (82%), and 38% of all MPs were identified as 
Kevlar, which was not detected in any of the sediment samples. Even 
though the Limnos sampler was made of PC, it was not detected in any of 
the samples. Other possible sources of contamination during the treat-
ment of sediment samples included squirt bottles (PE and PP) and the 
package of sodium tungstate (PE and PP). 

Overall, MPs and more specifically fragments detected from blank 
samples were smaller (p < 0.001, Mann-Whitney test with Bonferroni 
correction) than in related water and sediment samples, and sizes of 
detected MPs in blanks were 235 ± 24 μm and 212 ± 11 μm, respec-
tively. This may be caused by the different examination procedures, as 
all visible fragments and fibers were analyzed from blank samples, but 
for water and sediment samples, the smallest fragments and fibers 
(<100 μm) were not included. In addition, blank samples were likely 
examined more effectively, because they had a smaller amount of ma-
terial remaining than environmental samples. Because of this, trans-
parent particles were also more likely excluded during the visual 
examination of environmental samples compared to the blank samples, 
which did not contain any interfering materials. 

Due to the varying polymers, shapes and sizes of the MPs detected in 
blank samples in both water and sediment studies, reported MPs con-
centrations were not adjusted to the values presented above. 
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3.2. Abundance of MPs in lake water and sediment 

Overall, detected microplastics concentrations in water for frag-
ments, fibers and total MPs were 0.4 ± 0.1 n/L, 0.3 ± 0.0 n/L and 0.7 ±
0.1 n/L, respectively. However, concentrations did not differ signifi-
cantly (p = 0.88–0.99, 1-way ANOVA) between sampling sites (Table 1). 
Therefore, neither the concentration of MPs in the bottom part of the 
water at site 2 differed from the samples collected from the surface layer. 

In previous studies that also focused on the smallest MPs in fresh-
waters, reported concentrations have varied from 119 n/L (>0.45 μm) in 
the Great Lakes (Whitaker et al., 2019), 0.17 n/L (>20 μm) in Lake 
Kallavesi (Uurasjärvi et al., 2019), 5–34 n/L (>50 μm) in Lake Poyang 
(Yuan et al., 2019) to 0.014 n/L (>100 μm) in Hungary (Bordós et al., 
2019). In contrast, only 0.0002–0.0044 n/L were detected using a Manta 
trawl (>300 μm) (Egessa et al., 2020; Fischer et al., 2016; Uurasjärvi 
et al., 2019). Meanwhile, the average MPs concentrations in our study 
were within the range of concentrations reported for other areas. As can 
be noted from the previous studies, MPs concentrations vary consider-
ably, but they seem to correlate negatively with the lower size limit used 
during the sampling or the sample pre-treatment. This once again 
highlights the difficulty of comparing MPs counts due to the different 
practices used in the examination. To assess the ecological risk of MPs, 
the small MPs are of particular environmental relevance and should be 
included in future studies (Covernton et al., 2019). 

For sediments dated from 1990 to 2018, average concentrations of 
plastic fragments, fibers and total MPs were 620 ± 110 n/kg dw, 1500 
± 340 n/kg dw and 2100 ± 410 n/kg dw, respectively. Similar to 
freshwater studies, the methods and the size limitations utilized vary 
widely in the MPs studies focusing on sediments. Nevertheless, the MPs 
concentrations observed in our sediment samples are on the higher end 
compared with recently published results with lower size limitations 
varying between 5 and 500 μm. In China, for instance, the surface sed-
iments of Lake Poyang and Lake Taihu contained 54–506 n/kg dw (>50 
μm) (Yuan et al., 2019) and 11–235 n/kg dw (>5 μm) (Su et al., 2016), 
respectively. In the UK, the highest MPs concentration in Edgbaston Pool 
was 300 n/kg dw (>500 μm) (Vaughan et al., 2017), whereas in Norway, 
MPs concentrations varied from 40 to 7310 n/kg dw (>36 μm) for the 
urbanized Lake Mjøsa to 0–690 n/kg dw (>36 μm) detected for the more 
remote Lake Femunden (Lusher et al., 2018). 

Compared to the studies reported for other Finnish lakes, the present 
MPs concentrations are higher in both water and sediment. In Kuopio, 
0.17 n/L were detected when water from the top 16 cm was examined 
from various locations in Lake Kallavesi (Uurasjärvi et al., 2019). There, 
the MPs concentrations (>20 μm) were the highest closer to the WWTP 
effluent discharge site (0.26 n/L) and the snow dumping site (0.30 n/L) 
(Uurasjärvi et al., 2019). Furthermore, the lake around Kuopio is wider 
and deeper than the recently studied, narrow lake area around Mikkeli. 
Thus, the larger water volumes in Kuopio likely dilute MPs concentra-
tions more efficiently. In case of sediments, 396 n/kg dw was reported 
for Lake Vesijärvi and the related Pikku-Vesijärvi pond in Lahti 

(Scopetani et al., 2019). The studied water basins in Lahti have not 
received effluents from WWTPs since the 1970s, which may explain the 
lower concentrations of detected MPs. 

Nevertheless, previous studies have reported large variations in MPs 
concentrations around the world. In addition, high temporal variation 
has been observed in freshwater MPs concentrations (Stanton et al., 
2020). Because the used size limits as well as the sampling, pretreatment 
and identification methods have not been harmonized yet, the differ-
ences between the results reported by different studies need to be 
interpreted carefully. This was also noted in a recent intercalibration 
study (Cadiou et al., 2020). For example, even considering the sampling 
alone, the reported MPs counts can increase exponentially when the 
lower size limit of the collected particles is decreased (Covernton et al., 
2019; Koelmans et al., 2019; Uurasjärvi et al., 2019). Still, abundances 
of microplastics are more likely underestimated due to the utilized 
methods, especially in the case of transparent MPs, than overestimated 
due to contamination (Cadiou et al., 2020). Accordingly, it needs to be 
noted that based on the recovery testing, 91 and 95% of model MPs were 
recovered with procedures used for lake water and sediment, respec-
tively (Supplementary material). Hence, only a minor fraction of the 
sampled MPs may have been lost in the sample pretreatment, which 
results in the minor underestimation of actual MP levels. 

3.3. Temporal variation of MPs 

Sediment samples representing the year 2010 had the highest con-
centrations for microplastic fragments, fibers, and total MPs (Fig. 2, 
Table S7), but the differences between represented years were not sig-
nificant (p = 0.58–0.86, 1-way ANOVA). Nevertheless, these findings 
suggest that MPs pollution has slightly increased during recent decades. 
This is in line with previous sediment studies, where concentrations of 
MPs have been observed to increase during recent decades, not only in 
lake sediments (Corcoran et al., 2015; Dong et al., 2020; Lusher et al., 
2018; Turner et al., 2019), but also in the marine sediments (Matsuguma 
et al., 2017) and beaches (Claessens et al., 2011). 

The topmost sediment layers, representing the sampling year 2018, 
had slightly lower MPs concentrations (1800 n/kg dw) than samples 
representing the year 2010 (2900 n/kg dw) or even all samples repre-
senting the last 30 years (2100 n/kg dw). This unexpected difference 
may have been caused by the Limnos sampler, which collects both 
sediment and the overlying water phase and, thus, likely allows part of 
the solids, including MPs, to whirl from the water-sediment interface to 
the water phase during sampling. This is further supported by the fact 
that the topmost sediment contained a high amount of water (>90%) 
and, hence, can be considered less packed than deeper layers. The effect 
of this issue could be minimized in further studies by letting the sample 
settle for a longer time before the water layer is released from the 
sampler. 

In contrast to the other sites, MPs concentrations at site 4 were rather 
stable within the years 1990–2010. Because site 4 was located the 
furthest away from the WWTP, the effect of likely increased MPs 
pollution via effluents was not visible that far from the discharge site. 
Thus, the MPs detected at site 4 may have originated from other sources 
than WWTP, which highlights the need for monitoring other MPs 
sources as well in limnic systems in the future studies. 

The plastic fragments detected from the oldest sediment layer at site 
3 (230 n/kg dw) were likely caused either by contamination or by 
mixing of sediment because, according to its age, no plastics should have 
been present. MPs can be transferred in sediment cores due to currents 
or bioturbation (Näkki et al., 2017), which in turn may affect the reli-
ability of relating MPs concentrations to the age of sediment layers. No 
MPs were detected in other samples dating back to times before mass 
production of plastics. 

Table 1 
The detected concentrations of plastic fragments, fibers, and total MPs in lake 
water (n/L).  

Site Sampling 
depth (m) 

n Year Fragments (n/ 
L ± SE) 

Fibers (n/ 
L ± SE) 

Total MPs 
(n/L ± SE) 

1 0.5 3 2019 0.35 ± 0.14 0.26 ±
0.16 

0.61 ±
0.22 

2 0.5 3 2019 0.51 ± 0.18 0.32 ±
0.03 

0.83 ±
0.17 

2 5.0 3 2019 0.29 ± 0.10 0.29 ±
0.06 

0.58 ±
0.06 

4 0.5 3 2019 0.58 ± 0.20 0.29 ±
0.10 

0.86 ±
0.24 

All  12 2019 0.43 ± 0.08 0.29 ±
0.04 

0.72 ±
0.09  
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3.4. Abundance of MPs related to WWTP discharges 

The effect of WWTP discharges on the abundance of MPs was 
observable only in sediment samples. Concentrations of MPs in the 
sediment at site 2 were significantly higher (p = 0.0002–0.007, 1-way 
ANOVA with Tukey test) than at other sites. The differences were 
largest in the concentrations of plastic fibers. The concentrations of 
plastic fragments were higher at sites 1 and 2 than at site 4 (p =
0.02–0.03, 1-way ANOVA with a Tukey test), but no significant differ-
ence was found between sites 1 and 2. 

Even though a similar trend was not observed for MPs concentrations 
in water, some similarities were noticed in the MPs detected close to the 
WWTP discharge site. The relative abundance of PES was highest in both 
sediment (70%) and water samples (41%) collected from site 2. In 
addition, PES was more abundant in water closer to the bottom than on 
the surface, which is in line with the effluents being discharged to the 
bottom of the lake. In sediment samples, 77% of all detected MPs at site 
2 were fibers, and 90% of those were identified as PES. These findings 
together with previously mentioned increase of overall MPs concentra-
tions during the last decades are in line with global PES fiber production, 
which increased from about 8 million tons to 55 million tons from 1990 
to 2018 (Opperskalski et al., 2019). 

In addition, these observations are consistent with our previous 
study conducted in Kenkäveronniemi WWTP, where PES covered 52% of 
the MPs in effluent (Lares et al., 2018). According to samples collected 
using a 250 μm mesh, roughly 11 000 000 MPs were estimated to be 
discharged daily with the effluents from Kenkäveronniemi WWTP in 
concentration of 1 n/L (Lares et al., 2018). However, the load of MPs 
larger than 100 μm is most likely much higher. 

In summary, according to our results, part of the MPs, especially PES 
fibers discharged with effluents, seem to settle into the sediment close to 
the discharge site. This can be explained by the higher density of PES 
compared to other commonly detected polymers, such as PE and PP 
(Hidalgo-Ruz et al., 2012). 

The proximity to WWTPs or other urban MPs sources have also been 
found to correlate with higher concentrations of MPs both in water and 
sediment in the previous studies (Claessens et al., 2011; Grbić et al., 
2020; Lusher et al., 2018; Matsuguma et al., 2017; Uurasjärvi et al., 
2019; Zobkov et al., 2019). In Lake Kallavesi, high MPs concentrations 
were detected for water close to harbors, a snow dumping site and 
WWTP discharge pipes (Uurasjärvi et al., 2019). In marine sediments 
close to WWTP discharge sites in Bergen, Norway, Haave et al. (2019) 
found much higher MPs concentrations (12 000–200 000 n/kg dw) than 
those in our study. It should be noted that the studied WWTPs in Bergen 
utilized only grease removal, grit separation and mechanical filtration 
(Haave et al., 2019). In addition, samples were filtered with 11 μm mesh, 
and a majority of detected MPs were smaller than the MPs included in 
our study. 

3.5. Properties of MPs 

3.5.1. Distribution by shape 
Microplastic fibers were generally more abundant in sediment (70%) 

than in water samples (40%) (Fig. 3A). By contrast, over 80% of MPs in 
blanks were fragments regardless of the sample matrix. Hence, the 
concentrations of microplastic fragments reported for both sample types 
were more likely affected by the contamination than the concentrations 
of microplastic fibers. 

The present findings differ from the previous studies, in which 
relatively more fibers were detected in lake water than in sediments. In 
the water of Lake Kallavesi, Finland, and the Great Lakes, USA, 64 and 
99% of detected MPs were fibers, respectively (Uurasjärvi et al., 2019; 
Whitaker et al., 2019). On the other hand, fibers covered roughly half of 
the MPs detected in the sediments of urban lakes in Norway and China 
(Lusher et al., 2018; Su et al., 2016; Yuan et al., 2019). The differences in 
the relative shares of the shapes of the detected MPs can be caused by 
different types of MPs sources around the study sites, such as WWTPs, 
littering, and fishing activities. However, the differences can also be 
caused by the limitations in the detection of certain MPs due to the 
utilized methods of sampling, pretreatment, and identification. 

3.5.2. Distribution by size 
Detected plastic fibers were larger than fragments in both water and 

sediment samples, as sizes of fibers varied from 1100 ± 230 μm to 1300 
± 120 μm, respectively. The sizes of detected plastic fragments were 430 
± 49 μm in water samples and 410 ± 38 μm in sediment samples. Plastic 
fragments in sediments at site 1 were smaller compared to sites 2 and 4 
(p < 0.05, Mann-Whitney test with Bonferroni correction), but no other 
differences were found for the sizes of detected MPs between sampling 
sites (Fig. 3B). 

MPs in the size range of 100–500 μm covered 59 and 45% of detected 
MPs in water and sediment samples, respectively. However, since a 
higher amount of non-plastic matrix was retained on filters from sedi-
ment samples, smaller MPs in sediments were more likely missed during 
examination than in water samples. Nevertheless, the observed MPs 
distribution was similar to previously reported MPs size classes for Lake 
Poyang, where 100–500 μm MP covered 73 and 57% of MPs detected 
from water and sediment, respectively (Yuan et al., 2019). In Norway, 
60% of detected MPs from urban lake sediment were within size range 
36–1000 μm, whereas sizes of all MPs in sediment from the remote lake 
were 36–350 μm (Lusher et al., 2018). 

3.5.3. Distribution by polymer 
Out of the 619 and 1194 particles analyzed in lake water and sedi-

ment samples, 89 and 210 were identified as plastics, respectively. The 
relative abundance of detected polymers distinctly varied between 
water and sediment samples (Fig. 3C). For water, PP and PES were the 

Fig. 2. The concentrations of microplastic fragments, fibers, and total MPs in the sediment samples from sites 1–4 according to the representative year of 
sedimentation. 
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most common polymers, covering 33 and 29% of detected MPs, whereas 
PES covered 58% of detected MPs in sediment samples. Polyethylene 
terephthalate (PET) was included in the counts for PES. The findings are 
consistent with the fact that PES with densities clearly greater than 1 g/ 
cm3 are more likely to sediment than less dense polymers (Hidalgo-Ruz 
et al., 2012). 

Overall, the results are in accordance with previous studies, as most 
of the detected MPs in lake waters have been less dense polymers, like 
PE, PP and PS, but polyesters have also been commonly detected (Bordós 
et al., 2019; Uurasjärvi et al., 2019). In freshwater sediments, a variety 

of polymers have been detected. In Norwegian sediments, both PES and 
acrylic covered 31% of detected MPs (Lusher et al., 2018). In contrast, 
PP (34%), PE (26%) and PVC (11%) were reported to be the most 
common polymers in the sediments of Lake Poyang (Yuan et al., 2019). 

It needs to be noted that polycarbonate (PC, three fragments) and 
polyoxymethylene (POM, 10 fragments and one fiber) detected in lake 
water may originate from the Limnos sampler. For sediment samples, no 
PC was detected. In blank samples of lake water, PP was the most 
abundant polymer (68%), which indicates that part of the detected MPs 
in lake water samples may be caused by contamination. 

Fig. 3. The relative abundancies of detected MPs according to A) shape, B) size classes, C) synthetic polymers, and D) colors, in lake water (S = surface, B = bottom), 
sediment, blank and air contamination samples. The Raman spectra of some MPs had high matches with multiple polymers, and, thus, were classified as “unspecified 
synthetic polymer”. (For interpretation of the references to color in this figure legend, the reader is referred to the Web version of this article.) 
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Polymer compositions were rather constant between sampling sites, 
but some polymers, like polyamide (PA) and PS, were only presented in 
few samples. Even though PA is commonly used in textiles (Opperskalski 
et al., 2019), only one PA fiber was detected during this study. The 
absence of PA in lake water studies have been suggested to be caused by 
the difficulties entailed in analyzing PA with FTIR (Uurasjärvi et al., 
2019). Correspondingly, we found fragments and fibers, for which the 
difference between PA and natural materials could not be distinguished 
by their Raman spectra, and, thus, they were excluded from results. 

Another problem was faced with the identification of possible MPs, 
for which the dye concealed the information about the actual material. 
These cases covered 17 and 13% of all analyzed fragments and fibers in 
water and sediment studies, respectively. Similar kinds of challenges 
have also been encountered by Horton et al. (2017) and Turner et al. 
(2019). In sediments of the River Thames, only dyes were identified for 
62% of identifiable particles (Horton et al., 2017). 

It is also notable that although traffic is considered to be one of the 
largest sources of MPs (Wagner et al., 2018), no obvious, traffic-related 
MPs, like tire wear particles or road-marking materials, were detected in 
this study. As Uurasjärvi et al. (2019) suggested, tire wear particles may 
be excluded from lake water studies due to their small size or their 
density, which allows them to settle on the bottom. A possible reason, 
why tire wear particles were not detected in sediment samples either 
may be the challenges faced in their identification due to the high 
content of interfering carbon black (Uurasjärvi et al., 2019). On the 
other hand, road-marking materials could have been excluded from the 
results due to their higher density compared to the density separation 
solution used in the present study (Horton et al., 2017). 

3.5.4. Distribution by color 
Transparent and white MPs were the most abundant at every sam-

pling site in both water (87%) and sediment samples (48%) (Fig. 3D). 
Other commonly detected colors were gray and blue. Because sediment 
samples had a higher amount of other materials being retained on the 
filters, transparent and white MPs may have been more likely to be 
missed than brighter colors. 

No clear color trends can be found from previous MPs studies, where 
common colors have varied from blue (Lusher et al., 2018; Pagter et al., 
2018) to white and transparent (Matsuguma et al., 2017; Yuan et al., 
2019). The classification of the colors has also been criticized, as 
chemical treatments may bleach colors (Matsuguma et al., 2017). 
Hence, comparison of color distributions of differently treated samples 
can be misleading. 

In our study, no discoloration was noticed with spiked MPs (Sup-
plementary material). Hence, the lower relative abundance of trans-
parent MPs in sediment samples was likely caused by the less efficient 
purification of samples, causing a higher likelihood of transparent MPs 
ultimately being underestimated. 

3.6. Complementing the Raman microspectroscopy data with Py-GC/MS 
measurements 

Target polymers, i.e., PE, PS and PP, were detected in concentrations 
higher than LOD in five samples with Py-GC/MS (Table 2). All three 
target polymers were detected in sample 4S1, and each polymer was also 
detected with Raman microspectroscopy. 

Some polymers were only detected with either one of the used 
identification methods. Differences may be caused by the investigated 
size ranges since the smallest MPs (<100 μm) could not be manually 
selected for Raman analysis, whereas all fragments and fibers were 
included for Py-GC/MS analysis. For example, the samples 2B1 and 4S2 
may have contained multiple small PS fragments or fibers, which were 
not recognized in the visual selection of potential MPs. Another possi-
bility is that PS fragments or fibers had a similar appearance to natural 
organic material remaining on the filter, and, hence, were excluded from 
the Raman analysis. With Raman, PP was detected for most of the water 

samples, but it was detected in only one sample with Py-GC/MS. The low 
detection rate of PP with Py-GC/MS may be explained by the higher LOD 
than those of other target polymers. 

In addition, the plastic dyes may have masked the Raman spectrum 
of the polymer, leaving some material to be unidentified via Raman 
microspectroscopy (Horton et al., 2017; Turner et al., 2019). Hence, 
some colourful PE, PP or PS MPs may have been excluded from the MPs 
counts due to problems in their identification, but later identified with 
Py-GC/MS. 

Organic material can also cause interferences to quantification of 
different polymers with Py-GC/MS. For PE, interferences may be caused 
by remaining natural long aliphatic chains, like fats or waxes, which 
may explain part of the differences in PE concentrations between Raman 
and Py-GC/MS results (Fischer and Scholz-Böttcher, 2017; Steinmetz 
et al., 2020). Interference is also known to occur with other polymers, 
like PS and PVC, for which pyrolysates of chitin, wool and wood may 
cause some form of interference (Fischer and Scholz-Böttcher, 2017). 
These features make the purification of analyzed samples crucial, and 
those requirements were not totally fulfilled with the pretreatment 
conducted in this study. 

4. Conclusions 

This study indicates that part of the MPs discharged with WWTP 
effluents can be retained in the sediments of the recipient lake area. In 
the studied lake, more MPs were present in the sediments closest to the 
WWTP discharge site throughout the years 1990–2018. The effect of 
WWTP effluents was also found in the case of polyester fibers, since next 
to the discharge site, 77% of detected MPs were fibers and 90% of them 
were identified as PES. A high abundance of PES was also visible in 
water samples collected near the bottom, which indicates that WWTP 
effluents are a significant route of PES fibers to a recipient lake. 

In addition, microplastic concentrations in sediments increased 
slightly during recent decades, which indicates possible growth in 
plastics production and consumption, an increase in improper process-
ing of plastic waste or increased microplastic discharges via WWTP ef-
fluents. Overall, because microplastics were found in sediment cores, it 
can be concluded that part of plastic pollution is trapped in the lake 
sediment, reducing the amount of microplastic load discharged further 
into the marine environments. 

Furthermore, the comparative analyses of the lake water samples 
with Raman microspectroscopy and Py-GC/MS revealed differences, 

Table 2 
The concentrations of PE, PS and PP as n/L detected with Raman micro-
spectroscopy and as μg/L detected with Py-GC/MS. - = below LOD (limit of 
detection).  

Sample Sampling depth (m) Polymers detected 
with Raman (n/L) 

Polymers detected with 
Py-GC/MS (μg/L) 

PE PS PP PE PS PP 

1S1 0.5 0.1 0.0 0.3 – – – 
1S2 0.5 0.0 0.0 0.8 – – – 
1S3 0.5 0.0 0.0 0.1 – – – 
2S1 0.5 0.1 0.0 0.3 – – – 
2S2 0.5 0.0 0.0 0.0 – – – 
2S3 0.5 0.2 0.0 0.1 – – – 
2B1 5.0 0.2 0.0 0.2 – 6.0 – 
2B2 5.0 0.0 0.0 0.1 39.8 – – 
2B3 5.0 0.1 0.0 0.1 – – – 
4S1 0.5 0.1 0.1 0.2 23.5 16.3 246.9 
4S2 0.5 0.1 0.0 0.6 – 2.5 – 
4S3 0.5 0.1 0.0 0.1 7.9 – –   

(n/sample) (μg/L) 

BLANK1  1 0 6 – – – 
BLANK2  0 0 12 – – – 
BLANK3  1 0 5 – – – 
BLANK4  2 0 7 – – –  
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which can be caused by the different sizes of the particles included in the 
analyses as well as any form of interference of the analytical methods. 
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tion, Mika Mänttäri: Writing – review & editing, Supervision, Markus 
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Fischer, M., Scholz-Böttcher, B.M., 2017. Simultaneous Trace identification and 
quantification of common types of microplastics in environmental samples by 
pyrolysis-gas chromatography–mass spectrometry. Environ. Sci. Technol. 51, 
5052–5060. https://doi.org/10.1021/acs.est.6b06362. 

Frias, J., Pagter, E., Nash, R., O’Connor, I., Carretero, O., Filgueiras, A., Viñas, L., 
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pollution – removal of microplastics from wastewater effluent with advanced 
wastewater treatment technologies. Water Res. 123, 401–407. https://doi.org/ 
10.1016/j.watres.2017.07.005. 
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