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Porvari P. 2003. Sources and fate of mercury in aquatic ecosystems,
Monographs of the Boreal Environment Research No. 23, 2003
Deposition, catchment runoff concentrations and fluxes, lake water concentrations of total mercury (TotHg) and methyl mercury (MeHg), and potential Hg methylation in different compartments of boreal ecosystem and TotHg concentrations of fish in boreal and tropical reservoirs
were studied. The results provide new knowledge of behaviour and cycling of Hg for Hg pollution protection policy. Anthropogenic and natural Hg emissions have led to increased Hg deposition and further accumulation of Hg in soil. A decline of 50% in atmospheric TotHg deposition
from the late 1980s to 2000 was observed in southern Finland. During the period of 1995–2000
TotHg and MeHg deposition remained unchanged in southern Finland. The vast storage of Hg
in forest soil had a determining role as a source of TotHg and MeHg for forest drainage lakes.
Only small variations in TotHg concentrations and output fluxes in runoff waters were detected
among the catchments, but clearly the highest MeHg concentrations and output fluxes came
from the pure peatland and the lowest from forested upland catchments. This indicates more
effective MeHg production in peatlands than in uplands. Silvicultural treatment of a small spruce
forest catchment increased significantly the runoff concentrations and export of TotHg and
MeHg. The results indicated that clear cutting and soil treatment may significantly increase the
mobility of TotHg and MeHg accumulated in forest soil and silvicultural treatment is thus an
important factor for the total input of Hg and MeHg to boreal lakes. Flooding of forest soils
(humus and peat) released TotHg and MeHg to water column and enhanced Hg methylation.
Moreover, Hg methylation process was favoured by anoxic conditions. Flooding of soils on a
large scale, i.e. when constructing man-made lakes (reservoirs) caused elevated fish Hg levels
through enhanced Hg methylation. Hg accumulation as elevated TotHg concentrations in fish
(especially predatory fish) was observed both in boreal (Ostrobothnia and Lapland, Finland) and
tropical reservoirs (Amazonia, Brazil). In Brazil, the highest mercury levels were recorded in
predatory fish, the intermediate levels in planktivorous and omnivorous fish and the lowest in
herbivorous fish. In Finland, even 20 years after flooding, the TotHg concentrations of the
predatory fish (northern pike, Esox lucius L.) in some of the reservoirs exceeded the upper limit
for fish consumption and in Brazil, 6 years after flooding 92% of all predatory fish sampled
exceeded the safety limit for Hg concentrations in fish. The observations from Finnish and
Brazilian reservoirs showed that the duration of the phenomenon of Hg contamination of fish in
reservoirs may last for 15–30 years. The Hg contamination succession in fish appears to be
similar in boreal and tropical reservoirs. The results of this work distinctly indicate the determining role of catchment as a MeHg source to forest lakes. The effects of forestry practices on Hg
export emphasise the need for more research on this issue. The long lasting Hg contamination in
reservoirs regardless of climatological zone requires restrictions of predatory fish consumption
especially where people utilise a large amounts of fish for food.
Keywords: mercury, methyl mercury, methylation, deposition, runoff, forest catchment,
lakes, forests, forestry (practices), peatlands, sediment, reservoirs, accumulation, fish, boreal
regions, tropical regions, Finland, Brazil
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1 Introduction
1.1 The mercury problem
Human exposure to monoMeHg (MMeHg) through
consumption of freshwater and marine fish is the principal public health concern with Hg in the environment. Elevated MeHg concentrations in fish are common in inland lakes and in the oceans even very far
from point sources. Natural and anthropogenic sources and processes affect the distribution and fate of
different Hg species (Fig. 1). Long-range atmospheric transport and deposition of anthropogenically-derived Hg has caused widespread contamination of soils
and lakes even in remote areas, including the boreal
forest zone. Building of reservoirs for hydroelectric
and flood control purposes has also caused elevated
MeHg concentrations in predatory fish in the northern hemisphere (e.g. Potter et al. 1975, Cox et al.
1979, Meister et al. 1979, Bodaly et al. 1984, Verta et
al. 1986, Schetagne & Verdon 1999).

Fig. 1. The global Hg cycle.

There is broad and geochemically consistent evidence indicating that human-related Hg emissions have
increased relative to natural sources since the onset of
the industrial period. Evidence in support of these prevailing scientific views can be found in global biogeochemical Hg models (Lindqvist et al. 1991, Mason et
al. 1994, Petersen et al. 1995, Munthe et al. 2001, Meili
et al. 2003), sedimentary archives of historical Hg fluxes (Johansson 1985, Verta et al. 1989, Verta et al. 1990,
Steward & Fergusson 1994, Johansson et al. 1995,
Lockhart et al. 1995, Landers et al. 1998, Pirrone et
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al. 1998, Bindler et al. 2001, Mannio 2001, Rognerud
& Fjeld 2001), and soil and peat cores (Jensen & Jensen
1990, Nater & Grigal 1992, Martinez-Cortizas et al.
1999, Bindler et al. 2001).
Humans are primarily exposed to MeHg in fish.
MeHg is a neurotoxin and has particularly adverse
effects on the developing nervous system. The greatest concern is when exposure is directed towards the
developing fetus and young children. MeHg is rapidly
and extensively absorbed through the gastrointestinal
tract. It is distributed throughout the body and it easily
penetrates the blood-brain and placental barriers in
humans and animals.
Consumption of fish is the dominant pathway of
exposure to MeHg for fish-consuming humans and
wildlife. There is a great deal of variability among individuals in these populations with respect to food
sources and fish consumption rates. As a result, there
is also wide variation in exposure to MeHg in these
populations. The anthropogenic contribution to the total amount of MeHg in fish is estimated to be partly
the result of anthropogenic mercury releases from industrial and combustion sources, increasing Hg body
burdens in fish. Existing background Hg concentrations are also estimated to contribute to MeHg concentrations in fish. As a consequence of human and
wildlife consumption of the contaminated fish, there is
an incremental increase in exposure to MeHg. Due to
differences in fish consumption rates per body weight
and differences in body weights among species, it is
probable that piscivorous birds and mammals have
much higher environmental exposures to MeHg than
humans through the consumption of contaminated fish.
This is true even in the case of fish consumption by
humans who consume above average amounts of fish.
The critical variables contributing to these outcomes
are the fish consumption rate, the body weight of the
individual in relation to the fish consumption rate and
the rate of biomagnification between trophic levels
within the aquatic food-chain.
The uptake of MeHg in lake fish is a serious problem in boreal ecosystems. Hg concentrations in fish in
large parts of Sweden are about fivefold higher than
calculated background levels, which endangers human
health and restricts human consumption, particularly in
the case of pregnant women (Johansson et al. 2001).
Although bioaccumulation of Hg in fish in Sweden has
decreased by ca. 20% during the past decade, concentrations still exceed the general limit recommended by
WHO/FAO (0.5 mg kg-1) in about 40 000 lakes
(Lindqvist et al. 1991, Andersson & Lundberg 1995).
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Elevated Hg concentrations in fish have been measured across the U.S. 35 states have at least one waterbody under Hg advisory, including 6 states with statewide Hg advisories. Fish Hg concentrations are the
single greatest concern with regard to the effects of
Hg pollution. Fish in lakes apparently far removed from
anthropogenic sources have been found to have Hg
levels of concern to human health. (US EPA 1997).
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Hg is emitted from combustion of fossil fuels in
power plants and heat-producing units, particularly
those burning coal (Fig. 2). This is because a major
part of Hg is emitted in a gaseous form, passing the
control equipment and entering the atmosphere. Almost 1500 t of Hg were emitted from fossil fuel combustion in stationery sources in 1995. The Asian countries emit almost 60% of the total emissions. (Fig. 3).

1.2 Mercury emissions and atmospheric
deposition
In the atmosphere, mercury exists in three different
forms: elemental mercury vapour (Hg(0)), gaseous
divalent compounds (Hg(II)) and associated with particulate matter (Hg(p)). The three species have different atmospheric behaviours and lifetimes. Hg(0) is
stable with a lifetime in the range 0.5 to 2 years and is
thus capable of distribution on a global scale. (Hg(II))
and Hg(p) are more readily deposited on local to regional scales via wet or dry processes (Schroeder &
Munthe 1998).
Atmospheric mercury cycling includes chemical
oxidation/reduction in both gaseous and aqueous phases, deposition and re-emission from natural surfaces in
addition to emissions from both natural and anthropogenic sources (2200 t a-1 and 2500 t a-1, respectively)
(Fig. 2). The total amount of Hg anthropogenic emissions in Europe has been estimated to be 342 t a-1 and
natural emission 250–300 t a-1 (Pacyna et al. 2001).

Fig. 2. Global Hg emissions from major anthropogenic and natural sources. Data: Pacyna & Pacyna
2001.

Fig. 3. Estimates of worldwide anthropogenic Hg
emissions to the atmosphere by region. Data: Pirrone et al. 1996, Pacyna & Pacyna 2001.

Atmospheric Hg deposition has increased 2 to >20
fold over the past few centuries due to anthropogenic
emissions and subsequent dispersal on local, regional
and global scales. Concern about the health of boreal
and other ecosystems has called for concepts on which
to base an international regulation of atmospheric Hg
emissions (Meili et al. 2003). In 1998 a protocol to
reduce anthropogenic emissions of some heavy metals (Hg, Cd, Pb) was signed within the framework of
the United Nations Economic Commission for Europe’s
Geneva Convention on Long-Range Transboundary
Air Pollution. This agreement also states that the parties to the convention are aware that further and more
effective action to control and reduce emissions of
certain heavy metals may be needed and that, for example, effects-based studies may provide a basis for
further actions.
The anthropogenic emissions of Hg in Europe have
been estimated to be 13% of the global emissions (Pacyna et al. 2001). The total atmospheric emission of
mercury in Finland has decreased from 1140 kg in
1990 to 620 kg in 1997. This means that the total reduction is approximately 45%, and the greatest re-
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duction has occurred in the manufacturing sector.
(Mukherjee et al. 2000).
Emissions of trace metals show a decreasing tendency over the past two decades in Europe and North
America. The highest anthropogenic emissions of atmospheric Hg are estimated in Asia. This can be explained by growing demands for energy in the region
and increasing industrial production. As a result, the
Asian emissions are not only greater than the emissions in other continents, but also show an increasing
trend. Another factor contributing to high emissions in
Asia is the efficiency of emissions control, which is
lower than in Europe and North America. (Pacyna &
Pacyna 2001).
A atmospheric Hg deposition has declined significantly in the years around 1990 in Scandinavia (Iverfeldt 1991, Jensen & Iverfeldt 1994, Iverfeldt et al.
1995). The decrease can also be seen in aerial concentrations (Munthe et al. 2001). There exists a southnorth gradient in Hg deposition over Fennoscandia.
The wet deposition of TotHg in southern Sweden is
ca. three times higher than in Finnish Lapland (Iverfeldt et al.1995, Wängberg & Munthe 2001). In addition, the direct discharge of mercury has decreased
almost to zero due to the ban on the use of Hg as a
slimicide in the pulp and paper industry, and the considerable reductions in Hg discharges from chlor-alkali plants in Europe.
1.3 Transformations of mercury
Microorganisms mediate four transformations of Hg;
they reduce Hg(II) to Hg(0), they break down
CH3Hg(I) (and other organoHg compounds), and they

methylate Hg(II), and oxidise Hg(0) to Hg(II). All four
transformations are also mediated by chemical reactions in the environment. A summary of known mechanisms of Hg transformations is presented in Table 1.
1.3.1 Mercury methylation
Biological or chemical processes can convert inorganic
forms of Hg released in nature into highly toxic MeHg
species. These processes are called Hg methylation.
The product of the methylation is monomethyl mercury (MMeHg), which is the most toxic form of Hg for
mammals. MMeHg crosses cell membranes by passive transport, and it can bio-concentrate more than
one million fold in the aquatic food chain.
There are both microbial and abiotic mechanisms
of Hg methylation. Many species of bacteria and fungi
can methylate Hg(II). This biotransformation requires
transfer of a methyl group to Hg(II). Three coenzyme
groups (N5-methyltetrahydrofolate, S-adenosylmethionine and methylcorrinoids, such as methylcobalamine)
are known to participate in methyl transfer reactions.
Of these, methylcobalamine enzymes are the only coenzymes that transfer a carbaion and are, therefore, the
only coenzymes that could be directly involved in biological methylation of positively charged Hg(II). In the
mid-1980s, experiments with anaerobic sediments suggested that sulphur reducing bacteria (SRB) methylate
Hg(II) (e.g. Compeau & Bartha 1985). Several pure
cultures of methylating SRB were isolated from saline
and freshwater sediments. Additional experiments suggested that methylation by Desulfovibrio desulfuricans involved the biosynthetic pathway of acetyl coenzyme A (acetyl-CoA) (e.g. Choi et al. 1994).

Table 1. Mechanisms of Hg transformations (Barkay 2000).

Biological

Abiological

Hg(II) reduction

CH3Hg(I) degradation

Methylation

Hg(0) oxidation

Enzymatic-mercuric
reductase

Enzymatic-organomercurial
lyase

Methyl-group transfer
by corrinoid coenzyme
(bacteria)

Hydroperoxidases
(e.g. catalase)

Indirect-reduced
metabolites

Oxidative demethylationanaerobic bacteria

“Incorrect” methionine
synthesis (fungi)

Free radicals associated
with humic substances

Photodegradation

Photochemical
Humic and fulvic acid
induced

Disproportionation of
Hg(I)

Transformation of
CH3Hg(I) to (CH3) Hg
in the presence of H2S

H2O2-mediated under
acidic conditions in
the atmosphere
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MeHg may be formed abiologically in soils, sediments, and natural waters. Two mechanisms for methylation of Hg(II) (photochemical and humic and fulvic
acid induced) and a mechanism for the formation of
(CH3)2Hg from CH3Hg(I) in the presence of H2S have
been described (see references in Weber 1998). Humic and fulvic compounds can methylate Hg(II). Methylation rate increases with temperature and Hg(II) concentration and is optimal at pH <5. The methylation
reaction is stimulated by the presence of other metals
that act as catalysts. Photochemical methylation of
Hg(II) occurs in the presence of methyl group donors,
such as methanol or ethanol, but most effectively with
acetic acid. It is stimulated by absence of O2, but methylation does also occur under aerobic conditions and in
the presence of coloured compounds that act as photosensitisers. This may be one mechanism that is responsible for the production of CH3Hg(I) in sunlight-irradiated sediments. (Barkay 2000).
1.3.2 Role of sulphate-reducing bacteria
(SRB) in mercury methylation
Hg methylation is carried out primarily by sulphatereducing bacteria but also by obligate anaerobic bacteria (Compeau & Bartha 1985, Gilmour & Henry
1991, Gilmour et al. 1998). SRB are the principal methylators of inorganic Hg in estuarine (Compeau & Bartha 1985) and freshwater (Gilmour et al. 1992) sediments. Sulphate stimulates MeHg production by enhancing the activity of SRB in many freshwater sediments (Gilmour et al. 1992, Gilmour et al. 1995, Branfireun et al. 1999), except at higher sulphate concentrations when sulphide produced through microbial
sulphate reduction severely limits MeHg production
(Compeau & Bartha 1985, Gilmour et al. 1992, Choi
& Bartha 1994, Gilmour et al. 1998). In northern temperate lakes, low dissolved oxygen, sulphidic waters
are generally associated with high MeHg production
(Gilmour et al. 1992). Sulphide (S2-) is the product of
SRB electron transfer to SO42-. In microcosm experiments carried out on intact soil cores, methylation rates
increased linearly with increasing pore water sulphite
concentration (Benoit et al. 1999a, 1999b). By contrast, an inverse relationship was observed between
pore water sulphite and the concentration of MeHg in
soil, as a surrogate for the net MeHg production rate
(Gilmour et al. 1998). To explain this complex relationship between sulphate, sulphite, and MeHg production, Benoit et al. (1999a, 1999b, 2001) and Jay et
al. (2000) hypothesised that MeHg is formed when
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SRB inadvertently absorb a neutral mercury-sulphite
complex of the form [HgxSy]0. MeHg production is
retarded by the presence of excess sulphite, which
shifts the equilibrium to favour a negatively charged
complex of the form [HgxSy]-n. This complex may either be dissolved or sorbed to a ferrous sulphitepolysulphite precipitate.
Laboratory microcosm studies have demonstrated
that the methylation of inorganic mercury in the absence of sulphite occurs only slowly, if at all, most
probably because the inorganic mercury is sorbed to
cell surfaces without being readily absorbed across
the cell membrane (Benoit et al. 1999a, 1999b, 2001).
Conversely, the measured methylation rate in a microcosm is at a maximal when the concentration of
the neutral inorganic mercury-sulphite complex is calculated to be at a maximum (Benoit et al. 1999a,
1999b, Jay et al. 2000, Benoit et al. 2001). With the
exception of some limited MeHg production, only live
cells methylate inorganic mercury (Wood et al. 1968).
However, it is not yet clear whether uptake occurs by
the mechanism of passive diffusion or active uptake,
or whether the species to be taken up must be dissolved or sorbed to a solid surface.
1.3.3 Methyl mercury degradation
The balance of MeHg production and degradation ultimately controls MeHg concentration. The degradation processes may proceed by a number of abiotic
and biotic pathways. Abiotic pathways include photodegradation (Sellers et al. 1996) and the reaction with
sulphite to form diMeHg (Me2Hg) and HgS (Deacon
1978).
The most thoroughly investigated form of biotic
degradation involves mercury resistance in bacteria
possessing genes of the mer-operon (e.g. Robinson
& Tuovinen 1984, Hobman & Brown 1997, Hobman
et al. 2000). This capacity appears to be widespread
in nature and has been found in both gram-negative
and gram-positive bacteria and under aerobic and
anaerobic conditions (Spangler et al. 1973, Radosevich & Klein 1993, Weber et al. 1998). Bacteria degrade MeHg by the activity of the organomercurial
lyase, which is specified by the merB gene. The enzyme cleaves the Hg-C bond in a broad range of organomercury compounds, resulting in the production
of Hg(II) and CH4 as end products. An alternative
anaerobic, non-mer-mediated degradation pathway
has been demonstrated for the SRB Desulfovibrio
desulfuricans. Baldi et al. (1993) found that MeHg
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reacts with microbially produced sulphite to form an
unstable diMeHg sulphite (MeHg)S intermediate,
which decomposes to Me2Hg and HgS. Me2Hg is then
degraded to MeHg and CH4. Thus the production of
CH4 from MeHg is common to both of the above reductive demethylation (RD) pathways.
The existence of an oxidative demethylation (OD)
pathway degrading MeHg to CO2 as a major bacterial end product in anaerobic sediments has also been
proposed (Oremland et al. 1991, Marvin-DiPasquale
& Oremland 1998, Marvin-DiPasquale et al. 2000).
Both methanogens and sulphate reducers have been
shown to be involved in OD. Whereas the production
of CO2 from MeHg is the defining characteristic of
OD, the production of both CO2 and CH4 via OD is
also possible and would be analogous to the production of both end products in the degradation of methanol or monomethylamine by methanogens (MarvinDiPasquale & Oremland 1998). Pak & Bartha (1998)
questioned the evidence for OD. They suggested that
the formation of 14CO2 from 14C-MeHg degradation
experiments may simply reflect mer-detoxification
followed by anaerobic 14CH4 oxidation to 14CO2.
Marvin-DiPasquale et al. (2000) performed experiments of MeHg degradation in freshwater environments that differed in the extent and type of Hg contamination and sediment biogeochemistry. They found
that severely contaminated sediments tend to have
microbial populations that actively degrade MeHg via
mer-detoxification, whereas although OD does occur
in heavily contaminated sediments, it dominates in
those less contaminated.
In the abiological MeHg degradation MeHg is decomposed to Hg(II) or Hg(0) by the action of sunlight
in water or soil (Sellers et al. 1996). The concentration and light absorbing character of dissolved organic
carbon (DOC) determine the rate at which this occurs. DOC-complexed Hg(II) can be reduced to Hg(0)
by the action of sunlight on DOC (Zhang & Lindberg
2001). The character of the DOC in water (Zhang &
Lindberg 2001) and the water depth determine the
relative proportions of Hg(0) produced by MeHg photooxidation or Hg(II) photoreduction. Fe(III) stimulates
Hg(0) production (Zhang & Lindberg 2001). Once produced, Hg(0) will escape directly to the atmosphere
(Lindberg & Zhang 2000).
1.4 Accumulation of mercury in soil and fish
Accumulation of heavy metals (Hg, Cd and Pb) in
forest soils is a large-scale and long-term environmental
problem. The survey of heavy metals in surface soil
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of Fennoscandia showed a decreasing trend in Hg concentrations northwards in the Swedish data whereas
the trend was less obvious in Finland (Steinnes & Rühling 2002). Although the atmospheric deposition has
decreased, a further reduction is needed to avoid a
net accumulation of Hg in soils (Johansson et al. 2001).
It has been estimated that wet deposition of Hg
should be reduced by 80% to reduce Hg concentrations in fish to <0.5 mg kg-1 in 95% of Swedish lakes
(Johansson et al. 1991, Meili et al. 2003). Of the
amounts deposited in Sweden 98% originates from
sources in other countries (Meili 2001). Consequently, a significant further reduction of heavy metal deposition can only be achieved as a result of international co-operation (Johansson et al. 2001).
Although the retention of Hg in soil protects the
aquatic ecosystem from receiving the full load of anthropogenic Hg deposition, it also increases the store
of Hg in soils and vegetation. This causes a risk for
the soil biota living within the influence of this store of
Hg (Bishop & Lee 1997). Recent field measurements
and studies with metal additions in laboratory experiments in Sweden have shown indications of toxic metal
effects on the soil microflora (Bringmark and Bringmark 2001a, 2001b, Palmborg et al. 2001). Inverse
correlations between concentrations of Hg in mor layers and soil respiration were calculated in sites with
moderate to high regional concentrations of Hg.
Concentrations of Hg in fish from Swedish lakes
have increased greatly during the 20th century. Concentrations in southern Sweden are currently about 5
times higher than one hundred years ago (Johansson
et al. 1991). Comparison of Hg in northern pike (Esox
lucius L.) of 1 kg sampled in 1981–87 and in 1988–95
showed that there has been a reduction of ca. 20% in
concentrations (Andersson & Lundberg 1995). The
decreasing concentrations of Hg in fish from Swedish
lakes are most probably caused by the decreasing
deposition rates (Johansson et al. 2001).
Verta et al. (1986) made a fish Hg survey in the
1980s. The mean TotHg concentrations of 1 kg pike
in the 93 study lakes was 0.53 mg kg-1. Of the whole
lake material 67 lakes could be classified as forest
lakes, with forest and peatland representing 80% or
more of the catchment area. A clear south/north gradient in pike Hg concentrations in Finland was found,
lower levels being recorded in the north and the highest in the south.
Preliminary data from the Finnish Environment
Institute show that remote small forest lakes do not
show any indication of recovery (SYKE, unpubl.).
Comparing the fish Hg levels in 1980 and 2000–2001
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indicated that Hg concentrations in pike have remained
at the same level. On the other hand, pike Hg concentrations in 59% of lakes with stationary Hg discharge
have decreased >20% in the decade between 1990–
91 and 2000–01.
1.5 Toxicity of mercury
The primary targets for toxicity of Hg and Hg compounds are the nervous system, the kidney and the
developing fetus. Other systems that may be affected
include the respiratory, cardiovascular, gastrointestinal, haematological, immune and reproductive systems.
(US EPA 1997).
A number of epidemiological studies have been
conducted examining cancer mortality and/or morbidity among workers occupationally exposed to elemental
Hg. Effects on the nervous system appear to be the
most sensitive toxicological consequence observed
following exposure to elemental Hg. Symptoms associated with Hg-induced neurotoxicity include tremors,
emotional lability, insomnia, neuromuscular changes,
headaches, polyneuropathy and memory loss. Focal
hyperplasia and squamous cell papillomas of the
forestomach as well as thyroid follicular adenomas
and carcinomas were observed in male rats gavaged
with mercuric chloride. There are some data indicating that mercuric chloride may be a germ cell mutagen. (US EPA 1997).
The critical target for MeHg toxicity is the nervous system. The developing fetus may be at particular risk from MeHg exposure. Offspring born of women
exposed to MeHg during pregnancy have exhibited a
variety of developmental neurological abnormalities,
including the following: delayed onset of walking and
talking, cerebral palsy, altered muscle tone and deep
tendon reflexes, and reduced neurological test scores.
Maternal toxicity may or may not have been present
during pregnancy for those offspring exhibiting adverse
effects. For the general population, the critical effects
observed following MeHg exposure are multiple central nervous system effects including ataxia and paresthesia (US EPA 1997).
In recent epidemiological studies (in the Faroe Islands, the Seychelles and New Zealand) the effects
of MeHg have become apparent in children whose
mothers had eaten foods contaminated with very high
levels of MeHg. It has become clear that low exposure to MeHg may also have effects, although they
are much more subtle. The Faroe Islands population
was exposed to MeHg mainly from pilot whale meat
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with a relatively high concentration of MeHg, around
2 mg kg-1. The study of about 900 Faroe children
showed that prenatal exposure to MeHg resulted in
neuropsychological deficits at 7 years of age (Grandjean et al. 1997). The brain functions most vulnerable
appear to be attention, memory and language, while
motorspeed, visiospatial function, and executive function showed less severe detrimental effects at increased Hg exposures (Grandjean et al. 1997).
Another prospective study was performed in the
Seychelles islands, in which the MeHg exposure was
rather similar. The fish consumption of pregnant women in the Seychelles is high, typically 10-15 meals per
week, although the Hg concentrations in the ocean
fish consumed are lower, with a mean of 0.2–0.3 mg
kg-1. No effects on developmental tests up to 5.5 years
of age were found to be associated with MeHg exposure as measured by hair-Hg in the pregnant mothers
(Davidson et al. 1998, Crump et al. 2000, Myers et
al. 2000, Axtell 2000, Palumbo et al. 2000). The main
longitudinal study was started in 1989–1990 and comprised about 700 mother-child pairs. Maternal hair
(mean about 7 mg kg-1) and child hair, but not cordblood levels were used as markers of MeHg exposure in this study. The benchmark calculations were
similar to those used in the Faroe Island study. A reanalysis using raw scores rather than age standardized
scores showed similar results. If anything, the results
rather suggested a beneficial effect of Hg from the
ocean fish consumption (Davidson et al. 2001).
In addition, there is a study from New Zealand
suggesting an effect on the mental development of
children at the age of 4 and 6–7 years. In a highexposure group the average maternal hair-Hg was
about 9 mg kg-1, and control groups were selected
with lower exposure levels. In total, about 200 children were examined at 6–7 years of age and a negative association was found between maternal hair-Hg
and neuropsychological development of the children.
(Kjellström et al. 1989).
Exposure of humans and wildlife to MeHg causes
adverse effects on the nervous system. The neurological effects of MeHg are mainly in the motor and
sensory systems. There have been two human epidemics of MeHg poisoning. During the 1950s and
1960s in Japan, major epidemics of fatal and nonfatal
neurological disease were caused by MeHg exposure
from consumption of seafood in Minamata and freshwater fish in Niigata (Tsubaki and Irukjama 1977).
Additional epidemics of MeHg poisoning from consumption of MeHg on grain occurred in Iraq in the
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1960s and 1970s (Bakir et al. 1973). These epidemics have provided strong evidence linking exposure to
MeHg with human fatalities and neurological disease.
Recent studies have shown that Hg can have cardiovascular effects. Salonen et al. (1995) compared dietary intake of fish and Hg concentrations in hair and
urine with the prevalence of acute myocardial infarction (AMI) and death from coronary heart disease or
cardiovascular disease in a cohort of 1833 Finnish men.
Dietary Hg intake ranged from 1.1 to 95.2 µg d-1 (mean
7.6 µg d-1). Over a 7-year observation period, men in
the highest tertile (at or more than 2 µg g-1) of hair Hg
content had a 2.0-fold higher risk of AMI than men in
the two lowest tertiles. A later follow-up showed a protective effect of omega-3 fatty acids with respect to
acute coronary disease, which was, however less evident in those with high hair Hg (Rissanen et al. 2000).
The authors concluded that a high Hg content in fish
could reduce the protective effect of these fatty acids.
1.6 Bioaccumulation and biomagnification
of mercury
Although all forms of Hg can accumulate in biota to
some degree, MeHg accumulates to a greater extent
than other forms of Hg. Inorganic Hg can also be
absorbed, but is generally taken up at a lower rate and
with lower efficiency than is MeHg (US EPA 1997).
The biomagnification of Hg has a most significant influence on its impact on animals and humans - particularly when in the form of MeHg. Fish appear to bind
MeHg strongly, indeed almost 100% of Hg bioaccumulating in fish tissues is methylated. Most of the
MeHg in tissue is covalently bound to protein sulphuhydryl groups. This binding results in a long half-life for
elimination (of the order of two years, Wiener & Spry
1996). As a consequence, there is a selective enrichment of MeHg (relative to inorganic Hg) with passage from one trophic level to the next higher level.
In contrast to other Hg compounds, the elimination
of MeHg from fish is so slow that long-term reductions of Hg concentrations in fish are in fact often due
mainly to growth of the fish (US EPA 1997). In the
case of near-constant environmental concentrations,
Hg concentrations in individuals of a given fish species tend to increase with age as a result of the slow
elimination of MeHg and increased intake due to
changes in trophic position that often occur as fish
grow to larger sizes. Therefore, older individuals typically have higher MeHg concentrations in the tissues
than younger individuals of the same species.
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The bioaccumulation factor (BAF) of MeHg in
animals of natural ecosystems can reach values of
the order of 108 kg-1 (organic d.w.). The term bioaccumulation refers to the result of biological uptake
(rather than the uptake process itself); i.e. to an increase in the amount or burden in an organism over
time. Bioaccumulation can be consistent with a decrease in concentration if a biological compartment
grows more rapidly than its accumulated content of
contaminants, a phenomenon known as growth dilution (Scott & Armstrong 1972).
The biomagnification factor (BMF) corresponds
to the concentration increase for each trophic transfer. This factor is typically two- to fivefold for Hg in
different aquatic environments. This applies to aquatic ecosystems from boreal lakes to tropical rivers and
to all typical trophic levels, including microorganisms,
invertebrates, invertebrate feeders, and piscivores
(Meili 1997). Feeding studies in aquatic food chains
combined with a normalization of MeHg concentrations to the nitrogen (or protein) content suggest that
the BMF for MeHg is rather constant along at least
some food chains, with a value around 3.3 in young
adults, which commonly contribute most to population
biomass (Meili 1991).
1.7 Terrestrial catchments as sources of
mercury
Boreal forest catchments, especially those containing
wetlands have been identified as important sources of
MeHg for downstream aquatic systems (St. Louis et
al. 1994, 1996, Bishop et al. 1995, Rudd 1995, Munthe
et al. 1998). The proportion of MeHg in surface waters coming from soils via runoff varies substantially
(Kelly et al. 1995). It is still unclear how Hg/MeHg in
runoff enters the food chain, but a significant correlation has been observed in Sweden between the catchment/lake ratio and the levels of Hg in fish (Lindqvist
et al. 1991, Lee & Iverfeldt 1991). This suggests that
the catchment contribution to Hg/MeHg in lakes is of
importance for bioaccumulation of Hg in fish.
Lakes in Finland typically have small lake area
compared to catchment area. Verta et al. (1990) studied 259 lakes representing the whole lake population
of Finland, but concentrated on areas with high deposition of acidic compounds. The catchments consisted mainly of coniferous forests or peatlands. The lake
area normally was generally 10–20% of the catchment area (mean 15%). Verta (1990) used a model
between water colour and pike Hg concentration to
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estimate the distribution of Hg concentration in lakes
in southern and central Finland. According to the model
about 19 000 lakes (72% of the lake population) had
pike Hg concentration between 0.5 and 1.0 mg kg-1.
It is probable that terrestrial processes largely determine the input of MeHg both to lakes and to fish
(Bishop & Lee 1997). In Sweden, attention has been
focused on alarmingly high Hg levels in fish, exceeding health advisory guidelines in tens of thousands of
lakes (e.g. Håkanson et al. 1988, 1990, Lindqvist et
al., 1991, Andersson and Lundberg 1995).
Forestry practices such as timber harvesting and
soil preparation affect catchment hydrology and nutrient balance. Many studies have shown that the effects of forestry practices alter the nutrient export from
forest catchments (e.g. Blackburn et al. 1990, Rosén
et al. 1996, Ahtiainen & Huttunen 1999). It is known
that clear cutting increases the annual runoff by 20–
30% (Seuna 1988). Furthermore the spring and summer maximum runoffs increase, occur sooner after
rainfall and are of shorter duration. Summer minimum
runoffs also increase, resulting in an increase in the
level of groundwater, but clear cutting does not affect
winter flows (Seuna 1988). Consequently, if nutrient
concentrations remain at least at the level before the
treatment the nutrient load will increase.
Soil preparation (e.g. scarification and mounding)
is a common measure to improve survival and growth
of planted or self-regenerated conifers. Soil preparation disturbs a large part of the soil surface. After
scarification or mounding treatment the soil usually
consists of undisturbed soil, furrows and mounds.
Harvesting results in more precipitation reaching the
ground but at the same time dry deposition is reduced.
The logging residues left after harvesting are subject
to mineralisation. The organic matter already incorporated into the soil may be subject to increased mineralisation as a result of changes in soil moisture conditions and the severance of nutrient cycling after harvesting and scarification (Finér et al. 1997). Soil preparation increases day temperatures and decreases
night temperatures, leading to higher heat summation.
The possible effects of clear cutting and site preparation on Hg concentrations in outflow water and
output load have not been studied. However, there
are some indications that silvicultural treatments such
as burning and clear cutting may increase the output
load from boreal forest. One Canadian study showed
that MeHg levels were significantly higher in zooplankton in lakes with partially clear cut catchments than in
lakes with burned or undisturbed catchments (Garcia
& Carignan 1999). Later the same authors found that
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the average TotHg level in northern pike was significantly higher in lakes with logged catchments than in
reference lakes (Garcia & Carignan 2000).
1.8 The mercury problem in reservoirs
Large dams are built to form artificial lakes (reservoirs) for water supply, irrigation, flood and flow control and for hydroelectric purposes. Most of the reservoirs in Finland are built for flood control and to produce hydropower.
The Hg load introduced to reservoirs originates
from inundated soil and vegetation. Moreover, increase
in the amount of organic material in water is known to
increase methylation of Hg, which may lead to increased bioaccumulation of MeHg in fish (Bodaly et
al. 1984, Hecky et al. 1987). Further studies in the
1990s have shown that flooding of both podsolic and
peat soil increases Hg methylation (Rudd 1994, Morrison & Thérien 1994, Heyes et al. 1998, Lucotte et
al. 1999).
A few laboratory experiments have shown that the
quantities of dissolved materials released to the water
column, including Hg, depend on the nature of the
vegetation substrates and soil types being flooded
(Verta et al. 1986, Morrison & Thérien 1994, Thérien
& Morrison 1999). The resulting changes observed in
Hg concentrations are also a function of time since
flooding, of the flushing rate, of the regulation intensity and dilution process, and of changes in water quality (Verta et al. 1986).
During long-term flooding, organic matter of the
flooded soils is degraded and part of the inorganic Hg
stored in forest soils and in peatlands is transformed
into MeHg. Although the organic Hg (MeHg) is much
more bioavailable to living organisms than inorganic
Hg, little Hg of the flooded soils is transferred to the
biota living at the bottom or in the water column of the
reservoir (Lucotte et al. 1999). A certain proportion
of the MeHg produced in the flooded soils and vegetation is rapidly transferred via the reservoir food chain
up to the fish (Tremblay 1999). Several processes such
as diffusion to the water column and rapid adsorption
to suspended particles may affect this transfer (Thérien and Morrison 1999). Wave action affects erosion
and resuspension of shoreline flooded organic matter
(Mucci et al. 1995). Furthermore, periphyton and
aquatic insects may also play an important role in the
biological transfer from shallow flooded soils to fish
(Tremblay et al 1996).
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Although direct absorption of dissolved MeHg by
gills is a possible pathway of accumulation, food is
recognized as the major entry of MeHg for fish (Cope
et al. 1990, Meili 1991). It has also been demonstrated that food chain length affects Hg accumulation in
fish (Cabana et al. 1994). Thus a change either in the
food web or in the MeHg level of the ingested food
could affect Hg accumulation in fish in reservoirs after flooding (Verdon & Tremblay 1999).
MeHg is biomagnified from invertebrates to nonpiscivorous fish. An increase of the MeHg concentration with trophic level occurs both in natural lakes
and in reservoirs, but the results from Canadian reservoirs indicate that Hg levels are 2 to 5 times higher
in reservoirs (Verdon & Tremblay 1999).
1.9 Mercury in the Amazon
Artisanal goldmining is the use of simple processes to
extract gold from secondary or primary ore bodies.
Usually, secondary deposits or very fine gold particles
require Hg for good gold recovery. The amalgamation process was already known by the Phoenicians
and the Carthagians (2700 BC). Caius Plinius, in his
Natural History (50 AD), described the mining technique for gold and silver with an amalgamation process that is similar to the one used today in many gold
mining areas around the world. This is the case of
tropical countries in South America as well as in Asia
and Africa, where a new gold rush is occuring (Lacerda & Salomons 1991, 1998; Porcella et al. 1997).
The current gold rush in South America is the consequence of an increase in gold prices during the 1970s,
but also has a strong association with social and economic problems, including unemployment, poverty etc.
(Pfeiffer and Lacerda 1988).
Hg was extensively used in South America by Spanish colonisers for silver and gold recovery. It is estimated that, from the middle sixteenth century to the
middle nineteenth century, nearly 200 000 t of Hg was
released to the environment (Nriagu 1993). A release
of 400 t has been estimated for colonial Brazil during
the same period (Lacerda 1997).
Since the 1980s, Brazil has been the most important South American gold producing country, with annual production from 100 to 200 t a-1 (90% coming
from informal mining) during the past 20 years. This
production would correspond to about 2000 to 3000 t
of Hg released into the Brazilian Amazon during the
present gold rush. These estimates are approximate,
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since formal gold production and Hg imports are not
well registered (Malm 1998).
The total number of miners is probably between
200 000 and 400 000 within the Brazilian Amazon.
Half as many are thought to live in Colombia and Ecuador. For all the Latin American countries combined,
the estimate is between 543 000 and 1 039 000 miners
(Veiga 1997). During the peak of the gold rush the
estimated number of miners in Brazil was above 1
600 000 (Pfeiffer & Lacerda 1988). Concern over
the contamination of the Amazon river and of local
populations is escalating, with hundreds of thousands
of people living in the region thought to be at risk.
The gold rush in the Amazon region is creating many
environmental problems. Hg pollution due to the use
of Hg for gold extraction is a particularly serious problem. Hg is discharged at different steps of the extraction process to the atmosphere, rivers and soil. Hg
pollution from gold mining amounts to approximately
1 kg Hg kg-1 gold. This loss is composed of inadequate Hg distillation in the field (70%), melting procedures in towns (10%), and dumping of tailings into
water courses (Veiga and Meech 1995). People working in gold mining or living near gold mining areas are
at risk of Hg poisoning by both elemental and MeHg.
Much of the pollution is caused by the informal mining
sector. Studies on Hg transport to water bodies, its
transformation to MeHg, and the contamination of food
chains including human beings, have only recently been
made in the South American countries. In the mid1980s, environmental research began in the Amazon
river basins. (e.g. Martinelli et al. 1988, Lacerda et
al. 1989, Malm et al. 1990, Akagi et al. 1995, Bidone
et al. 1997, Malm et al. 1997, Brabo et al. 2000, Castilhos et al. 2001).
1.10 The mercury cycle in aquatic
ecosystems
Mercury cycling pathways in aquatic environments
are very complex (Fig. 4). The various forms of mercury can be converted from one to the next. The most
important is the conversion to the most toxic form of
Hg, MeHg (CH3Hg). Ultimately, Hg ends up in the
sediments, fish and wildlife, or evades back to the atmosphere by volatilisation.
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Fig. 4. The mercury cycle in the aquatic ecosystem. Redrawn after Hudson et al. (1994) with kind permissions
from Lewis Publishers and CRC Press.

1.11 Objectives of the study
This PhD thesis is concerned with the pathways and
behaviour of Hg in lakes, forest catchments and manmade lakes (reservoirs). Attention is drawn to the role
of the forest catchment area and atmospheric deposition in the Hg balance and in MeHg formation. Characteristics of the catchment area affecting the fate of
Hg, such as soil properties and forestry practices, are
also considered. Regarding reservoir conditions, the
thesis deals with flooding of different soil material, Hg
methylating sites and long term trends in the Hg concentrations of fish in reservoirs. Special attention is paid
to the possible similarities of fish Hg accumulation and
biomagnification between boreal and tropical reservoirs.
The structure of the study is shown in Fig. 5.
The aims of this study can be divided into four
themes related to Hg cycling:

1. To elucidate the atmospheric deposition of Hg in
Finland and the role of deposition as a MeHg
source in forest lakes
– to measure TotHg and MeHg concentrations and
deposition in southern Finland (V, this paper)
2. To assess the role of catchments in MeHg
production in boreal lake ecosystems
– to compare the potential methylation rates in
different soils (I, II)
– to compare the TotHg and MeHg output fluxes
and concentrations in outcoming water from
catchments (I, V, VI)
– to clarify how runoff water chemistry affects the
levels of TotHg and MeHg in outcoming water
(I, V, VI)
– to evaluate how soil properties (mineral soil/peat)
affect the share of outcoming Hg load from
forest catchments (this paper)
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– to determine how silvicultural treatments affect
TotHg and MeHg concentrations and output
fluxes from forest catchments (VI)
3. To assess the effects of soil flooding and
reservoir building on MeHg production and fish
Hg levels
– to assess the capacities of different soils to
release and methylate Hg (I, II)
– to reveal the short term and long term trends in
fish mercury levels in reservoirs (III, IV, this
paper)
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– to demonstrate how water chemistry, regulation
intensity and reservoir age affect the
concentrations of Hg in fish (III)
4. To estimate the internal and external MeHg
sources in forest lake ecosystems
– to measure and compare the potential Hg
methylation rates and MeHg concentrations in
different compartments (water, sediment, seston
and soil) of the boreal lake ecosystem (I, II)
– to assess the effects of oxic conditions and other
environmental factors on Hg methylation (I, II)

Fig. 5. The structure of the this study. The Roman numerals refer to original papers.
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2 Material and methods
2.1 Study designs
A collection of methods was used to achieve the goals
of this study. These sub-studies included fieldwork
(field measurements, sampling and experiments), laboratory analyses and experiments, and utilisation of
monitoring data (Table 2).
For the catchment studies several forest soil catchments (mineral soil and peat) were chosen to assess
the behaviour of Hg in the catchments. In addition,
concentrations of runoff water and precipitation, output load of Hg (export from catchment), input load as
precipitation and water discharge were measured.
For the reservoir and lake studies both in situ and
laboratory measurements and experiments were conducted. The material for these studies included lake
water, sediment, seston and soil (Table 2). Furthermore, in order to evaluate the contamination, accumulation and biomagnification of Hg in reservoir fish,
a variety of fish species were caught and analysed
for TotHg concentrations.
2.2 Catchment areas
A total number of eight catchments situated in southern and central Finland were studied for TotHg and
MeHg concentrations and output fluxes of runoff
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waters (Paper I, V,VI, Fig. 6). In addition, soil samples were taken to measure potential Hg methylation
and Hg release from inundated soil in a laboratory
experiment (Paper II). The study catchments represented three types of boreal forest catchments: (1) a
mineral soil forest catchment, (2) a combination of
mineral soil and peatland, and (3) catchments dominated by peatland (Table 3).
The mineral soil in the Uraani catchment is dominated by coarse sand till with a thin humus layer (ca.
5 cm) on top. Only some 5% of the area is peatland.
The forest cover (ca. 200 m3 ha-1) consists mainly of
mature Norway spruce (Picea abies Karst.) (98%
of growing stock volume). The mean age of the trees
was 76 years in 1995. The upper part of the catchment (7.6%) had a seedling stand of Norway spruce
planted in 1990.
The most common soil texture types at the mixed
Jylis catchment are silty-sand moraine and sand till
with a thin humus layer. Some 30% of the area is
covered with peat (mean depth 40 cm). The forest
cover (70 m3 ha-1) consists of Scots pine (Pinus sylvestris L.) 62%, Norway spruce 26% and deciduous
tree species 12%. The mean age of the trees was 42
years in 1995. The peatland part of the catchment
was drained in the 1960s. The eastern part of the
catchment was logged and planted in the1960s and in
the western part timber harvesting was carried out as
thinning in 1978.

Table 2. The data sets used in papers I-VI and in this summary (s).
Objectives

Sites
Type

n

Study period

Material

Paper

Methylation and TotHg and MeHg levels in different
compartments of lake ecosystems

Lakes

3

1990–1992

L,R,S,O

I

Deposition of TotHg and MeHg

Opening

1

1994–2000

B

s

TotHg and MeHg export from catchments

Catchments

8

1990–1995

R, B

V

Impact of forestry practices on TotHg and MeHg
output fluxes

Catchments

2

1994–2000

R

VI

Effect of soil flooding on methylation and TotHg and
MeHg release

Soil

2

1990

O

II

Development of Hg contamination

Reservoirs
Rivers
Lakes
Reservoir

36
4
4
1

1979–1994
1994
1994
1990–1991

F
F
F
F

III
III
III
IV

L = lake water, R = runoff water, S = sediment, O = soil, F = fish, B = bulk deposition
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Fig. 6. The location of study reservoirs, lakes,
catchments and bulk deposition station.

The mixed mineral soil/peat Keha catchment is
forested with Scots pine and Norway spruce. Most of
the soils are till but about 30% of the catchment is
covered by shallow peatland, most of which was
drained for forestry during the 1960s (Verta et al.
1996). Extensive forestry management, such as clear
cutting and forest fertilization, has been carried out
since then.
The four peatland-dominated catchments are located in the Lakkasuo mire complex, situated in central Finland adjacent to a glaciofluvial esker. A detailed description of the Lakkasuo mire was presented by Laine et al. (1986) and Iivanainen et al. (1999),
and only a short description of the study catchments
based on these references is given here. The southern part of the mire is an ombrotrophic site, i.e. nutrient-poor, receiving water and mineral nutrients from
deposition only, and the northern part is a minerotrophic
site, receiving water and mineral nutrients from groundwater and upland runoff. Parts of both sites were
drained for forestry in 1961 and are situated topographically below the pristine sites. The natural ombrotrophic
peatland catchment is an eccentric bog with Sphagnum fuscum (Schimp.), cottongrass (Eriophorum
vaginatum L.) and dwarf-shrub pine bogs. The sparse

tree stand consists mainly of stunted Scots pine and
covers about three-quarters of the area. The drainage effect at the drained ombrotrophic area of the
Lakkasuo has been moderate and the increase in stand
volume has been small, about 10 to 30 m3 ha-1. The
peatland site types of the minerotrophic catchments
are highly variable, from peatlands forested with Scots
pine on the peatland margin to open or sparsely forested fens in the centre. In the minerotrophic area,
the drainage effect has been more substantial. The
volume of the tree stand, consisting mainly of Scots
pine with some birch (Betula pubescens Ehrh.), is on
average >100 m3 ha-1. The evapotranspiration of the
forest aids in keeping the water table at a relatively
low level, falling typically down to about 50 cm during
the growing season.
The Lyly catchment in central Finland consists of
a minerotrophic tall-sedge fen (the northern part) and
a dwarf-shrub pine bog with a sparse Scots pine stand.
The catchment was drained in 1977 and fertilized with
phosphorus-potassium fertilizer (500 kg ha-1) in 1978
(Kenttämies 1981).

Sources and fate of mercury in aquatic ecosystems
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Table 3. The soil type, the size of the catchment areas and mean water quality values of runoff waters.
Soil type

Site (catchment code)

Area
km2

pH

n

TOC
mg l-1

Mineral soil

Uraani (U)

1

0.071

5.6

19.7

Mineral soil/peatland

Hako (U/P 1), Jylis (U/P 2)

2

0.123 / 1.300

4.4 / 5.5

22.5 / 28.1

Peatland

Lakkasuo complex (M1, M2, O1, O2), Lyly (P)

5

0.020–0.310

4.2–5.5

16.4–45.3

2.3 Lakes

2.4 Reservoirs

Three lakes were studied for TotHg and MeHg concentrations in water and for potential Hg methylation
in water, sediment and seston (Paper I). The study
lakes, Hakojärvi (HAKO), Keskinen Hakojärvi
(KEHA) and Iso Valkjärvi (IVA) are situated in a
sparsely populated area in southern Finland, some 30
km from the nearest municipality (Table 4). The area
received a high load of acidic deposition in the 1980s
and the atmospheric load of Hg in the area tripled
from the early 1900s to the mid 1980s (Rekolainen et
al. 1986, Verta et al. 1989). The tree stand at both
catchments consists of Scots pine and Norway spruce.
Lake KEHA is the main inlet of Lake HAKO and
comprises 65% of the HAKO catchment. Lake KEHA
was dammed by beavers in 1989 and consequently
the water level rose by 0.5 to 0.7 m. This increase
resulted in flooding of the soils around the lake and
enlarged the lake surface by some 30%. The fish stock
of these lakes consists of roach (Rutilus rutilus L.),
perch (Perca fluviatilis L.), northern pike, burbot
(Lota lota L.) and eel (Anguilla anguilla L.). The
catchment of lake IVA consists of sand and gravel of
glacial fluvial origin and the forest cover consists of
Scots pine. Lake IVA has no visible inlet and derives
most of its water from rain or groundwater. The lake
was divided into two sub-basins by a plastic curtain in
1991 and one of the halves was limed whereas the
other was left as an untreated control. Perch, northern pike and stocked whitefish (Coregonus lavaretus L.) are the only fish species found in lake IVA.

2.5 Sampling and chemical analyses
2.5.1 Bulk deposition sampling

Table 4. The study lakes and their mean water
chemistry. Data: paper I.
Lake

Lake area
km2

Catchment area pH
km2

TOC
mg l-1

HAKO
KEHA
IVA

0.17
0.013
0.042

2.0
1.3
0.17

12
22
6.0

6.3
5.5
5.5

A total of 19 reservoirs situated in southern and central Ostrobothnia and Lapland in Finland and one reservoir (Tucuruí) in Amazonia, Brazil were studied for
TotHg concentrations in fish (Table 5).
The Tucuruí reservoir was built for hydroelectric
power production in 1994. It is situated in tropical rainforest area, in the state of Pará, Brazil (Fig. 6). The
surface area of the reservoir at maximum normal
water level is 2 430 km2, of which about 25% (600
km2) was the former channel of the River Tocantins
or its tributaries. About 1 180 km2 of ground was inundated in 1984, resulting in the formation of 600 islands with a total area of 250 km2.
Most of the study reservoirs in Finland were built
for hydroelectric or flood control purposes in 1964–
1980. They are generally very shallow and the water
level is heavily regulated. Most of them are run off
until almost empty during the winter and refilled by
the spring floods. During the summer the water level
is maintained high (Verta et al. 1986). Water quality
in reservoirs differs from that in natural lakes, mainly
due to the high content of humic substances and plant
nutrients and the low oxygen content in hypolimnion,
as well as to low water pH (Kenttämies 1980). The
most important fish species are northern pike, burbot,
perch, roach and whitefish (Coregonus peled Gmelin and C. lavaretus L.).

Bulk deposition of TotHg and MeHg at the Uraani
catchment was determined monthly using two duplicate open collectors according to Iverfeldt (1991) installed in an opening (Fig. 7). The bulk sampler consists of a borosilicate glass funnel of 8.2 cm diameter
and a 500 ml borosilicate glass bottle, which are housed
in a polypropylene tube. The precipitation is transferred
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Table 5. General characteristics of the reservoirs (Verta et al. 19861, Puranen et al. 19962).
Location

S-Ostrobothnia
C-Ostrobothnia1
Lapland1
Lapland (planned)2
Amazonia
1

Area

Volume

Mean depth

n

Age in
the study year
a

km2

106m3

7
9
2
1
1

14–27
19–29
24/27
–
6

1.0–15.5
1.8–17.5
214/417
237
2430

7.0–40
3.8–53.5
1350/2063
1157
45800

to the bottle via a capillary tube of 0.4 cm inner diameter. The capillary prevents the sample from evaporating. To preserve the sample, the bottles contain 2.5
ml of concentrated HCl. In order to estimate the TotHg
and MeHg concentrations in precipitation for the winter period (December-March), snow samples from an
opening were taken at the end of March. The precipitation amounts were measured at the nearby meteorological station.
A detailed description of the TotHg and MeHg
sampling procedure used in this study was presented
by Iverfeldt (1991) and only a brief description is given here. During all sampling, ultra-clean handling techniques were employed. This included the use of polyethylene gloves, double bagging of samples, and the
use of pre-analysed reagents. After rigorous acid
cleaning of the Teflon sample bottles, a 1 % HCl solution was kept in them until used for sampling.

Fig. 7. The bulk sampler (Jensen & Iverfeldt 1994).
Reprinted with kind permissions from Lewis Publishers and CRC Press.

m

Theoretical
residence time
d

Peat soils of
bottom area
%

1.5–7.0
1.6–6.7
6.3/3.7
5.1
46

4–296
50–450
570/710
–
18

0–75
0–59
48/90
50
0

2.5.2 Flow measurement and runoff
sampling
At the Uraani, Jylis and Lyly catchments continuous
flow measurements were made using a V-notch weir
with a stage recorder. For the remainder of the catchments it was assumed that the specific runoff rate
was similar to that recorded in the nearby catchment
with continuous flow measurements.
2.5.3 Sampling of sediment, soil, water,
seston and inundated soil, and
measurements of potential mercury
methylation and demethylation
Potential Hg methylation was determined in different
compartments (surface soil, submerged soil, sediment,
lake water and seston) of the forest lake ecosystem
(Paper I, II). The methylation activity was measured
by incubating samples with 203HgCl2 and demethylation with 14CH3HgI, using methods developed by Furutani & Rudd (1980) and Ramlal et al. (1986). A
more detailed description of the methods is presented
by Matilainen et al. (1991) and only a brief description is given here.
Sediment samples were collected with a core (Züllig, diameter 60 mm). The intact surface layer (0 to 2
cm) was siphoned into a 100 ml acid-washed plastic
syringe under water. The samples were kept dark and
cool during transport and processed within 24 h of collection. The well-mixed samples were transferred in
20 ml portion into 125 ml borosilicate bottles for determination of methylation and demethylation rates. The
methylation activity was determined by incubating 20
ml samples with 203HgCl2 and demethylation with
14
CH3HgI in the dark at in situ temperature for 24 h
and then terminated with 4 N HCl. The incubation doses ranged from 32.8 to 73.3 kBq per 2.5 mg Hg in
methylation assays and from 0.78 to 0.99 kBq per 0.33
mg Hg in demethylation assays. The formed MeHg
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(CH3203Hg+) was determined using a modification of
the method developed by Furutani and Rudd (1980) and
the products of demethylation (14CO2 and 14CH4) by a
method developed by Ramlal et al. (1986). Radioactivity was measured with a liquid scintillation counter.
The soil samples from boreal forest were taken with
a stainless steel tube (diameter 5 cm) from the humus
layer and from the peat (Sphagnum spp.) at a remote
area with no direct Hg discharge in southern Finland.
The samples were transported to the laboratory and
stored overnight at +10° C in the dark. The samples
were sieved and visible plant material was removed.
Subsamples of 2 g soil as dry weight were adjusted to a
water-holding capacity of 60% (humus) or 90%
(Sphagnum). For stabilisation the samples were stored
for 5 days in + 10° C and aerated before incubation
The rates of potential methylation and demethylation
were determined by incubating the samples for 24 h at
+14° C after labelling with 203HgCl2 and 14CH3HgI.
Each test consisted of duplicate samples and an HCltreated blank. The incubation dose ranged from 22.6 to
131 kBq per 5 mg Hg in methylation assays and from
0.82 to 0.99 kBq per 0.33 mg Hg in demethylation assays. The formed CH3203Hg+, 14CO2 and 14CH4 were
determined as for sediment samples.
Water samples were taken with a Ruttner-type
sampler and measured for methylation and demethylation rates. Activities were determined from two replicates and one acid-killed blank after incubation with
203
HgCl2 and 14CH3HgI. A 100 ml sample was used
for methylation and a 50 ml sample for demethylation.
The incubation doses ranged from 21.7 to 73.3 kBq
per 2.5 mg Hg in methylation assays and from 0.40 to
0.48 kBq per 0.165 mg Hg in demethylation assays.
For processing potential methylation/demethylation in
seston the sedimenting material was siphoned from
the bottom of the traps with a 100 ml acid-washed
plastic syringe and transferred to glass bottles.
The inundated soil samples in the laboratory experiment were siphoned into 100 ml acid-washed syringes under water (Paper II). Then the samples were
treated in the same way as sediment samples when
determining the potential methylation and demethylation rates. The incubation doses were the same as
those used for soil sample assays.
2.5.4 Total and methyl mercury analysis in
water
The water samples were analysed in the laboratories
of Brooks Rand Ltd., USA (1990–1992) and Frontier
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Geosciences Ltd., USA (1992–1993). Some of the
1992–1993 samples and all of the 1994–1995 samples
were analysed in the IVL Swedish Environmental
Research Institute. TotHg was analysed after BrCl
oxidation using SnCl2 reduction, trapping on gold and
CVAFS detection (Bloom and Crecelius 1983, Iverfeldt 1991). MeHg was analysed using aqueous phase
ethylation and GC separation followed by pyrolysis
and CVAFS detection (Bloom 1989). Samples were
pre-treated by extraction in dichloromethane. The IVL
laboratory participated in an intercomparison exercise
for TotHg and MeHg in pristine lake water in 1993,
the laboratory of Frontier Geosciences acting as the
primary reference laboratory (PRL). The results
showed good convergence between the participating
laboratories for both TotHg and MeHg (Bloom et al.
1995). For TotHg 18 of 23 laboratories reported means
within 20% of the consensus value and PRL results
(1.27±0.18 ng l-1 and 1.27±0.14 ng l-1 respectively).
For MeHg, 13 of the 16 laboratories reported results
within 20% of either the consensus value (0.420±0.055
ng l-1) or the PRL value (0.446±0.041 ng l-1).
2.5.5 Fish sampling and analysis of total
mercury in fish
In the Tucuruí reservoir study the fish were caught with
a line and hook, with a gill net or bought from local
fishermen (Paper IV, Table 6). The chosen fish species
were the most important commercially used species
and locally consumed species. For the Finnish reservoir study the fish samples were caught by local fishermen (Paper III, Table 7). The most important fish species in the Finnish reservoir data was northern pike,
which is known to accumulate Hg depending highly on
the fish size (weight and length) and age. Therefore,
so-called weight-standardised (1 kg) pike was used to
correct the TotHg concentrations and to compare levels between years and areas. Linear regression analysis was used to calculate the Hg concentration for a
standardised 1 kg pike. The same method was used for
the Tucuruí data. The standard weight of tucunaré
(Cichla temensis) and pescada (Plagioscion squamosissimus) were determined to be 700 g which was
close to the median of the total data of each species.
This size class was very common among the catch.
Most of the Finnish fish data from 1979–1993 (n =
3390) were monitoring data obtained by local environmental authorities and hydropower company. In
1994 there was a sampling campaign in the catchment area of the river Kemijoki and a total number of
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449 fish samples were gathered and analysed for
TotHg.
The fish samples of the Tucuruí study were analysed for TotHg in fish in the laboratory of Eletronorte
Ltd in Tucuruí and the samples of the Finnish reservoir study in 1994 in the laboratory of the Department
of Limnology and Environmental Conservation
(DLEC) at University of Helsinki, Finland. The same
method was used for both studies. From each fish
sample two pieces of white muscle (A and B samples, each weighing ca. 2 g) were removed from below the dorsal fin for the determination of TotHg. The
samples were kept frozen until analysis. The method
used was modified from those described by Hatch
and Ott (1968) and Armstrong and Uthe (1971). Two
subsamples of ca. 0.5 g from the A sample were put
in acid-washed and at +105° C preheated and cooled
test tubes. 5 ml of a mixture of HNO3 : H2SO4 (1 : 4)
was added to test tubes in an ice-bath and heated in
an aluminium block at +85° C for 4 h. Contents of the
tubes were poured into borosilicate bottles of 250 ml
and 10 ml of 5% KMnO4 solution was added and diluted with MQ-water to 100 ml. The bottles were oxidised for at least 6 h at 20° C. Before TotHg analysis
a standard dilution of 1 mg of Hg was prepared and
analysed to check the Hg analyser. Before measurement, 1 g of H4ClNO was added to the bottles to reduce the surplus of KMnO4. Just before analysis 5 ml
of SnCl solution was added to the bottle and aerated
for measurement of TotHg by cold vapour atomic
absorption spectrophotometry (CVAAS) (Bacharac
MAS 50B). The result was calculated on a wet weight
basis by subtracting the mean concentration of 0-samples from the mean concentration of duplicate samples. The criterion for rejection was a 10% error in
the mean of the duplicates. In the case of rejection,
the B samples were analysed. All the reagents in the
analysis were of Pro Analyse quality. The confidence
of the analysis made in the laboratory of DLEC was

tested by analysing a freeze-dried fish reference sample (Community Bureau of Reference, reference
material nr 422, sample 81) which has a guaranteed
TotHg concentration 0.559±0.016 mg g-1 at the 95%
confidence level. The measured concentration in the
reference material was 0.577±0.023 mg g-1. The confidence of the analysis in the laboratory of Tucuruí
was tested using replicate determinations and standard samples of freeze-dried fish powder of two TotHg
levels, prepared by the Water and Environment Research Institute (WERI), Finland. Standard samples
were analysed in the Institute of Biophysics, Federal
University of Rio de Janeiro and in the laboratory of
DLEC and some representative fish samples were
analysed in the laboratory of WERI. According to the
intercalibration and the standard addition method, the
results of the TotHg analyses were judged to be reliable. The recovery varied from 84.2 to 114%.

Table 6. The sampled fish species at the Brazilian
sampling stations. Data: paper IV.
Species

Piranha
(Serrasalmus sp.)
Tucunaré
(Cichla temensis)
Pescada
(Plagioscion squamosissimus)
Mapará
(Hypophthalmus marginatus)
Piau
(Anostomidae spp.)
Piaba
(Brycon sp.)
Curimatã
(Prochilodus nigricans)

Sampling
stations
n

n

3

15

6

53

5

33

4

27

4

36

2

24

2

7

Table 7. The number of reservoirs and fish samples at each location in Finland. Data: paper III.
Species

Pike
Burbot
Roach
Perch
Whitefish

S-Ostrobothnia
Reservoirs Samples
n
n
7
4
4
6
–

382
97
118
189
–

C-Ostrobothnia
Reservoirs
Samples
n
n
9
4
3
7
2

269
67
38
57
7

Lapland
Reservoirs
Samples
n
n
2
2
2
2
2

511
271
79
142
225

Samples
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2.5.6 Sampling and chemical analysis of
water quality variables
Lake water samples were collected from the deepest
part of each lake using a Ruttner sampler. The runoff
samples were collected in outlet streams. The samples were transported immediately to the laboratory
and kept cool (+4°C). The water quality variables (pH,
Gran alkalinity, conductivity, colour, TOC, Ca, Mg, K,
Na, SO4, Cl, NH4, NO2+NO3, TotN, PO4, TotP, Fe,
Al) were measured in the laboratory of Uusimaa Regional Environment Centre, Helsinki with the standard methods used by the Environment Administration
(Forsius et al. 1990, Table 8).
Table 8. Variables and analysis methods used in
each study.
Material

Element/
variable

Methods

Paper

Lake and
runoff water

Fe, Al
pH
conductivity
alkalinity
NH4-N, NO3-N
Ca, Mg, K, Na
SO4, Cl
Al
TOC

GFAAS
I, V, VI
comb. electrode
conductometry
Gran plot
colorimetry
FAAS
IC
Autoanal. (PCV)
IR

2.5.7 Sediment and inundated soil samples
Sediment samples were collected with a corer (Züllig,
inner diameter 60 mm). The intact surface layer was
siphoned carefully into a 100 ml plastic syringe under
the overlying water. The inundated soil samples were
siphoned into syringes under water. The samples were
kept dark and cool during transportation.
2.6 Microbasin experiment
Humus soil and peat were taken from two boreal forest sites located in southern Finland. The soil was
sieved (mesh sizes: 2.8 mm for humus and 4.7 mm for
peat) and frozen at -18° C. The samples were thawed,
temperated and transferred to 45 l polyethylene vessels; and a nylon net (mesh size 1 mm) was placed
over the soil. Finally, 40 l of lake water was poured
into each vessel. The experiment consisted of five test
units: two vessels with humus and water (aerated and
nonaerated), two with peat and water (aerated and
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nonaerated), and a control vessel containing only water. The experiment was carried out in the laboratory
at 14±1 °C in the dark over a period of 117 days.
Water samples were transferred to sample bottles with
siphons. Oxygen and temperature were measured in
situ with a Marvet AJ 90 probe (Top Solutions Inc.).
Conductivity and pH were measured, and methylation and demethylation samples were incubated immediately after sampling. Water quality (alkalinity,
colour, Tot-N, NO2-N, NO3-N, NH4-N, Tot-P, Fe and
Mn) was determined one day after each sampling.
The Tot-Hg, MeHg and TOC samples were frozen in
until analysed. Samples from the flooded soil were
taken by sucking soil into a 100 ml syringe.
2.7 Calculation of output flux and bulk
deposition of total mercury and methyl
mercury
TotHg and MeHg data from the catchments are presented both as concentrations and as fluxes per unit
area. The output fluxes of TotHg and MeHg from the
U and U/P 1 catchments were calculated using the
interpolation method (Paper V, VI). Daily concentrations for non-sampling periods were interpolated. Concentration data was divided between sampling intervals i.e. from the midpoint of the preceding sampling
occasion to the midpoint of the next sampling occasion, including the first midpoint day and excluding the
second midpoint day. The non-sampling intervals were
filled with the measured concentration data. Measured and interpolated daily concentrations c(ti) were
multiplied by the daily recorded discharge q(ti) to calculate daily loads (Eq. 1). Daily loads were summed
to give annual load (L).

The annual output fluxes for the U/P 2, O1, O2, M1,
M2 and P catchments were calculated by multiplying
the mean annual Hg concentration by annual discharge
(Paper I, V, VI).
2.8 Statistical data analysis
In the case of non-normal data sets, nonparametric
statistical tests were used. The Kruskal-Wallis test
was used when testing differences among several
groups and the Mann-Whitney test in the case of two
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groups. When the samples were related the Wilcoxon
test was used to test the difference between two
groups. Spearman rank correlations were calculated
for correlation analysis.
In the case of normally distributed data, analysis
of variance or covariance was used. The significant
differences among several groups were tested with
the Tukey test and paired comparisons with the Student’s t-test. The Pearson rank correlations were calculated for correlation analysis.

3 Results and discussion
3.1 Total and methyl mercury deposition in
Finland
The first long-term measurements of Hg in bulk deposition in Finland started in June, 1994 in Janakkala,
southern Finland (Paper V). In 1995–2000 the mean
annual volume-weighted concentrations of TotHg and
MeHg were 7.1–13.2 and 0.14–0.25 ng l-1, respectively (Fig. 8). The annual bulk deposition fluxes were
for 4.7–6.2 g km-2 a-1 TotHg and for 0.08–0.15 g km-2
a-1 MeHg (Fig. 9).
The mean concentrations in snow were higher than
in water both for TotHg (12.6 vs. 7.6 ng l-1) and MeHg
(0.24 vs. 0.18 ng l-1). The higher deposition TotHg
concentrations in snow may be due to higher coal combustion in winter. Fitzgerald et al. (1991) also measured higher concentrations in snow than in rain but St.
Louis et al. (1995) and Poissant & Pilote (1998) ob-

Fig. 8. TotHg deposition (g km-2 a-1) in Tikkakoski, S.
Finland 1987–89 (Iverfeldt 19911), Janakkala, S. Finland 1995–2000 (paper V, this paper) and Pallas, N.
Finland 1996–2000 (Wängberg & Munthe 20012), and
precipitation (mm) in Hausjärvi, S. Finland 1995–
2000.
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tained opposite results. For MeHg the concentration
difference between winter and summer/fall values was
less distinct.
There are only a few estimates of TotHg deposition over Finland from the 1980s to the beginning of
the 1990s. The most reliable estimate of TotHg deposition was presented by Iverfeldt (1991) for Tikkakoski, southern Finland in 1987–89. The other estimates were either based on measurements of TotHg
concentrations in snow (Rekolainen et al. 1986) or on
only a few rainfall events (Verta et al. 1994). It appears that TotHg deposition in Janakkala has remained
at the same level or there may be a slight decrease
towards to the end of the 1990s. However, it must be
noted that Tikkakoski is located ca. 160 km north of
Janakkala and therefore the sites are not fully comparable. TotHg deposition in Janakkala in 1996–2000 was
approximately half of the corresponding figures for
the late 1980s in Tikkakoski, southern Finland (Iverfeldt 1991) and on average 3.2 times higher than the
deposition in northern Finland (Pallas) in 1996–2000
(Fig. 8). The south to north gradient with wet deposition fluxes of TotHg can also be seen when moving
from central Europe up to Finnish Lapland (Table 9).
The same gradient also exists for total particulate
mercury (TPHg). The highest TPHg concentrations
are measured near source areas in central Europe
(Wängberg & Munthe 2001). A comparison of the
concentrations and fluxes in the northern hemisphere
in the early 1990s shows that the highest values were
measured in southern Sweden and the lowest in ELA,
North-West Ontario, Canada (Table 9).
Emissions of Hg have decreased in Europe since
the early 1990s. This has led to drastically decreased
wet deposition fluxes of TotHg in southern Finland
but also in southern Scandinavia (this paper, Munthe
et al. 2001). The decreasing trend of Hg levels in the
atmospheric deposition is most probably related to
decline of Hg emissions in Central and Eastern Europe but also in Fennoscandia. Only limited information in available on atmospheric Hg emissions in Europe in the early 1990s (Pacyna et al. 2001). Emission inventories indicate that combustion of fuels, particularly of coal emits more than half of the anthropogenic atmospheric Hg in Europe (Pacyna et al. 2001).
In some countries where combustion of coal is the
predominant way of producing heat and electricity, the
contribution of Hg emissions from fuel combustion is
even higher. Despite the reduction of Hg emissions in
Europe, anthropogenic emissions still represent the
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major source of atmospheric Hg in Fennoscandia and
further measures to control emissions are needed to
reach pre-industrial levels.
Practically no MeHg deposition estimates for Finland exist before the year 1995. As in the case of
TotHg, no clear trend in MeHg deposition was found
in Janakkala in the second half of the 1990s (Fig. 9).
The MeHg deposition in Janakkala was 1.3–2.7 times
higher than in Pallas in 1996–2000.

Fig. 9. MeHg deposition (g km-2 a-1) in Janakkala, S.
Finland 1995–2000 (paper V, this paper) and Pallas,
N. Finland 1996–2000 (Wängberg & Munthe 20011).

3.2 Atmospheric deposition as a source of
methyl mercury
To evaluate the relative importance of external vs.
internal sources of MeHg in boreal lakes, recent research has been focused on quantification of the sources. Deposition of MeHg has been measured at several sites in the northern hemisphere and has been found
to vary considerably from one region to another. The
highest MeHg deposition was in SW Sweden in the
early 1990s and was twice as high as in Janakkala
and almost ten times higher than in ELA, Canada (Table 9). The background MeHg deposition measured
in the equatorial Pacific is most probably even lower
than that in ELA. MeHg concentrations in the equatorial Pacific were less than 0.01 ng l-1 (Mason et al.
1992) compared to the average of 0.052 ng l-1 in ELA
(St. Louis et al. 1995).
The origin of high MeHg in deposition is not known
but may be related to industrial activity (Rudd 1995).
The remote sites listed in Table 9 (ELA, N. Finland and
N. Sweden) have the lowest deposition rates whereas
the highest rates are in south-western and eastern Sweden which are situated relatively close to industrialised
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areas of Europe. The intermediate sites (northern Wisconsin, southern Finland), while not remote, are somewhat removed from heavily industrialized areas. The
undetectable concentrations of MeHg in equatorial
Pacific rain suggest that the source of MeHg in rainfall
is terrestrial (Rudd 1995).
Inputs via litterfall (needles, leaves and twigs) may
also be important sources of MeHg for boreal forest
lakes and ecosystems. In the Uraani catchment in
southern Finland the litterfall input gave three times
higher input fluxes than bulk deposition in 1995–1997
(unpubl.). In the Gårdsjön area (S.W. Sweden) Hultberg et al. (1994) reported that MeHg deposition via
litterfall was equal to wet/bulk deposition but Lee et
al. (1998) found later that it was 2.5 fold. The source
of MeHg in litterfall is not known. It may be atmospheric in origin or it may be produced on the surface
of leaves and needles. It is also possible that the MeHg
in litterfall is not all newly produced or deposited but is
recycled from soil emissions or by root translocation
(Lindberg & Zhang 2000). If the latter is true, it would
not been correct to include litterfall in estimates of
deposition. On the other hand, if MeHg in litterfall is
of atmospheric origin, then present wet/bulk loading
estimates are underestimates of total MeHg deposition and this could lead to overestimates of rates of
MeHg production in lakes and wetlands when making
mass-balance calculations (Rudd 1995).
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Table 9. TotHg and MeHg in wet/bulk deposition in different regions of the northern hemisphere.
Region

Concentration
TotHg
MeHg
ng l-1
ng l-1

Wet/Bulk deposition
TotHg
MeHg
g km-2 a-1
g km-2 a-1

Reference

ELA, N.W. Ontario,
Canada

4.04

0.052

3.0

0.039

St. Louis et al. (1995)

N. Sweden

4.17–15.78

0.069–0.260

3.1
1.77–6.97

0.07
0.045–0.159

Lee et al. (1998)
Wängberg & Munthe (2001)

Wisconsin, USA

10.5 (snow)
6.0 (rain)

0.156 (snow)
0.058 (rain)

4.5 (snow)
4.7 (snow)

0.088 (rain
and snow)

Fitzgerald et al. (1991)

E. Sweden

7.80–17.88

0.043–0.315

3.39–8.04

0.022–0.133

Wängberg & Munthe (2001)

S. Sweden

8.29–19.81

0.046–0.202

6.49–11.77

0.036–0.191

Wängberg & Munthe (2001)

6.80–17.51

0.046–0.254

9.7
4.25–8.97

0.34
0.029–0.196

Munthe et al. (1995)
Wängberg & Munthe (2001)

S.W. Sweden

Denmark

40

S. Germany

7–167

0.01–0.32

54–62

0.26–0.35

Schwesig & Matzner 2000

Pallas, N. Finland

4.31–14.12

0.130–0.342

1.91–2.52

0.050–0.063

Wängberg & Munthe 2001

0.14–0.25

4.6–6.2

0.08–0.15

Paper V, this paper

Janakkala, S. Finland 7.1–13.2
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3.3 Forest catchments as a source of total
and methyl mercury
3.3.1 Concentrations and fluxes of total
and methyl mercury in catchments
TotHg and MeHg concentrationswere studied in runoff from eight small boreal forest catchments (mineral soil and peatland) during the period 1990–1995 (paper V). TotHg concentrations varied between 0.84
and 24 ng l-1 and MeHg between 0.03 and 3.8 ng l-1.
TotHg fluxes from catchments ranged from 0.92 to
1.8 g km-2 a-1, and MeHg fluxes from 0.03 to 0.33 g
km-2 a-1. Runoff waters were extremely humic (TOC
7–70 mg l-1).
No statistically significant differences in TotHg levels among study catchments were observed. The lowest MeHg concentrations were found in runoff waters of an upland catchment and the highest MeHg
concentrations and percentages in a minerotrophic
peatland catchment. Generally, no clear systematic
seasonal differences for either TotHg or MeHg concentrations in different types of catchments were detected.

Iverfeldt 1991

TotHg concentrations were similar to those reported
in Swedish, Canadian and American studies (Table
10). In contrast, MeHg concentrations were generally higher in the present study catchments dominated
by peatlands (Table 10). Only in the case of the Canadian wetland study by St. Louis et al. (1994) were
the MeHg values similar to ours. The proportion of
TotHg as MeHg in mineral soil and peatland catchments (3.9±3.1 % and 19±13 %, respectively) were
comparable with those found in an upland/wetland
catchment in Sweden and in a catchment dominated
by a headwater wetland in ELA (6% and 13±2.42 %,
respectively).
The variation in TotHg fluxes was very low but in
the case of MeHg fluxes the difference between the
lowest and highest values was one order of magnitude. The highest TotHg flux was from the pristine
minerotrophic peatland catchment and the lowest from
the mixed mineral soil/peatland catchment.
Catchments with peatlands appear to be more effective MeHg sources than pure upland catchments
or uplands with a minor area of peatland. Swedish,
Canadian and American estimates of MeHg output
fluxes are comparable at sites with forests and wet-
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Table 10. Comparison of TotHg and MeHg concentrations (ng l-1) and percent MeHg of TotHg in runoff waters
and output fluxes (g km-2 a-1) with those measured in other studies.
Location

TotHg
ng l-1

Finland
S. Finland, upland
5.8±2.9
S. Finland, upland/
5.6±2.7
peatland
C. Finland, peatland
4.8±2.3
Minnesota, USA
Upland
20.6±1.8
Peatland
12.9±2.2
Wisconsin, USA
Upland
Wetland/forest
3.88±2.61
Wetland
0.9–5.9
Agriculture/forest
3.92±2.92
Agriculture
2.73±1.84
Adirondack, New York, USA
Riparian wetland
2.3 ±0.26
ELA, Ontario, Canada
Upland
8.8–13
Upland/
12±0.73
riparian wetland
Upland/
6.3–11
riparian wetland
Upland/
3.5–4.8
headwater wetland
Gårdsjön, S. W. Sweden
Upland/ wetland
~2–6
Svartberget, N. Sweden
Upland/ wetland
3.5

MeHg
ng l-1

MeHg/TotHg
%

TotHg
g km-2 a-1

MeHg
g km-2 a-1

Reference

0.18±0.15
0.30±0.30

3.9±3.1
6.5±5.5

0.92–1.1
1.6

0.032
0.053–0.22

paper V
paper V

0.77±0.61

19±13

1.0–1.8

0.11–0.33

paper V

2.2±0.37
4.4±0.42

0.08–0.21

0.10–0.40

Grigal et al. 2000
Grigal et al. 2000

0.043
5.5
3.1
1.6

0.12
0.035
0.024

Hurley et al. 1995
Hurley et al. 1995
Krabbenhoft et al. 1995
Hurley et al. 1995
Hurley et al. 1995

2.2

0.17

Driscoll et al. 1998

0.031–0.055
0.18±0.012

0.23±0.06
1.58±0.16

2.0
2.3

0.007
0.032

St Louis et al. 1994, 1996
St Louis et al. 1994

0.25–0.36

2.0±0.29

1.9

0.035

St Louis et al. 1994, 1996

0.46–0.73

13±2.42

1.2

0.096

St Louis et al. 1994, 1996

~<0.1–0.6

6

1.8

0.030

Hultberg et al. 1994, 1995

1.0–3.4

0.050–0.14

Lee et al. 1998, 2000

<0.2–0.8

lands, but clearly lower at pure upland sites (Table
10). As in the case of concentrations, the output fluxes of TotHg were at the same level as reported for
Sweden, Canada and USA (Table 10).
3.3.2 Importance of catchment as a methyl
mercury source to lakes
There are several sources of MeHg to lakes. These
include the atmosphere, runoff from terrestrial catchments and in-lake production. The relative importance
of these sources varies in different situations. In this
work the role of terrestrial catchment is emphasised in
adding or removing MeHg from water as it passes
through catchments and into lakes. The MeHg input
into lakes results in elevated MeHg concentrations in
fish.

The relative importance of catchment as a MeHg
source to a typical Finnish forest lake was simulated
with the help of a simple mathematical model adapted
from Rudd (1995) (paper V). Originally the parameters to the model included lake area, catchment area,
and percent wetland in the catchment. Input fluxes
were direct precipitation to the lake surface, runoff
from surrounding forest soils and wetlands, and inlake production. As only a few measurements of inlake MeHg production in boreal lakes exist (Rudd 1995,
Watras et al. 1994), only external inputs (runoff and
direct precipitation) were estimated. Two parameters
in the model were manipulated, the percentage of peatland in the catchment and the catchment to lake area
ratio. The direct precipitation flux to the lake surface
and the MeHg runoff fluxes from surrounding mineral soil catchments and peatlands to the lake were fixed.
For MeHg runoff from mineral forest soil the value of
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the Uraani catchment (0.03 g km-2 a-1) was used. For
MeHg runoff from peat soil the mean of all peatland
catchment values (0.20 g km-2 a-1) was used.
The importance of catchment as a direct source
of MeHg to lakes was evaluated by manipulating the
catchment/lake area ratio. For this exercise, fixed inputs to the model were the peatland cover in the catchment (30%) and the flux of MeHg from peatland areas (0.20 g km-2 a-1). For a typical drainage lake in
Finland with a catchment /lake area ratio of 20:1, the
MeHg input from the catchment was 94% of the total
input (Fig. 10a). For a drainage lake with a catchment
/lake area ratio of 10:1, the model showed that about
89% of the MeHg input to the lake originated from
the catchment. The share of the total MeHg input
coming directly as precipitation decreased from 55%
to 5.8% when increasing the catchment /lake area
ratio from 1 to 20 (Fig. 10b).
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Sellers et al. (1996) showed that photodegradation is an important sink for MeHg in lakes. This has
important implications with respect to Hg cycling in
aquatic ecosystems. In one Swedish study it was found
that external annual inputs to a lake were similar to
the annual accumulation in fish, and consequently inlake production of MeHg was unimportant (Hultberg
et al. 1994). A study by Sellers et al. (1996), however, showed that in-lake methylation was more important than previously believed. The mass-balance budget for a Canadian lake (ELA, Ontario) showed that
the flux from sediments to the lake was similar to the
external inputs. Unfortunately, in-lake methylation
measurements were not made in this study. In sections 3.4.1, 3.4.2 and 3.4.3 the results of experiments
on potential Hg methylation are presented (papers I,
II). The use of radiolabelled isotope additions to measure Hg methylation cannot directly applied when measuring in-lake production of MeHg. However, the use
of these radioisotopic methods can provide information on the proportional levels as potential Hg methylation rates in different compartments of the environment. The water chemistry of ELA lakes (Sellers et
al. 1996) differs slightly from that of typical Finnish
lakes (Mannio 2001). DOC concentrations are similar but pH and alkalinity of ELA lakes are higher than
in Finnish lakes. It is therefore difficult to evaluate the
role of photodegradation in Hg cycling in Finnish lakes.
3.3.3 Effect of forestry practices on total
and methyl mercury output from a boreal
forest catchment

Fig. 10. (a) The relative importance of the catchment
as a source of MeHg as a function of the lake/catchment area ratio and the percentage of peatland in the
catchment. (b) The relative importance of precipitation as a source of MeHg as a function of the catchment/lake area ratio and the MeHg precipitation rate.

Mercury accumulates efficiently in boreal forest soils.
Increased concentrations in the mor layer is a result
of atmospheric deposition, as seen in soil and peat gradient studies in Sweden and elsewhere (Nater & Grigal 1992, Martinez-Cortizas et al. 1999, Alriksson
2001). Although many investigations have identified
the accumulation in forest soils as a potential risk for
increased loading in surface waters, very little is known
about the factors controlling the mobility of TotHg and
MeHg in forest soils.
A total number of 167 runoff samples (102 and 65
from the treatment and reference sites, respectively)
were collected and analysed for TotHg, MeHg and
TOC. The runoff concentrations of TotHg varied between 2.14–27.9 and 2.58–24.1 ng l-1 in the treatment
and the reference catchments, respectively. The
MeHg concentrations varied between 0.03–3.6 ng l-1
and 0.03–0.79 ng l-1 in the treatment and the refer-
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Fig. 11. Medians (middle lines in boxes), 25th and
75th quartiles (boxes) and ranges (whiskers) of
monthly flow-weighted TotHg and MeHg concentrations in the treatment and reference catchments.
Data: paper VI.

ence catchments, respectively. A graphical presentation of the monthly flow-weighted TotHg and MeHg
concentrations is presented in Fig. 11.
The increases in TotHg and MeHg concentrations
were statistically significant after the clear cutting
(Kruskal-Wallis, p=0.0001 and p=0.0029, respectively). When testing the annual TotHg concentrations,
only the values of the first monitoring year were significantly lower than those of the two following years
after clear cutting (Kruskal-Wallis, p=0.0005). The
seasonal TotHg concentrations did not differ between
different years. The MeHg concentrations in the third
year after clear cutting were significantly higher than
in the treatment year (Kruskal-Wallis, p=0.0015). Significantly higher autumn MeHg concentrations were
also found in the second and third year after clear
cutting compared to the year before the treatment
(Kruskal-Wallis, p=0.0012).
The monthly TotHg and MeHg output loads were
significantly higher after clear cutting (Wilcoxon,
p=0.0016 and p=0.0027, respectively). During the three
years after clear cutting, the annual TotHg load (2.0–
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Fig. 12. The annual TotHg and MeHg loads (mg km-2)
from the treatment and reference catchments. Open
bars represent the calculated Hg load without silvicultural treatment and closed bars indicate the increase
in the Hg load. The line with triangles is the Hg load
from the reference catchment. Data: paper VI.

5.3 g km-2 a-1) and MeHg load (0.11–0.16 g km-2 a-1)
were also significantly higher than during the preceding
two-year calibration period (0.80–0.97 and 0.011–0.036
g km-2 a-1, respectively) (Fig. 12). The TotHg and MeHg
concentrations and the output fluxes before silvicultural treatment were at the same level as in studies carried out in forest catchments with upland and wetland
sites in the USA, Canada and Sweden (Munthe et al.
1995, St. Louis et al. 1996, Lee et al. 2000).
The silvicultural treatment had a substantial effect
on the discharge. The monthly water discharges were
significantly higher after clear cutting (Wilcoxon,
p=0.0103).The mean annual discharges for the pretreatment (including the treatment year) and post-treatment periods were 106 mm a-1 and 234 mm a-1, respectively. It appears that the increased water discharge
had a major impact on the TotHg output, as there was
no significant increment in concentrations of TotHg.
The TotHg concentrations were only 1.3–1.7 times higher after the treatment. The same effect was seen as
significant increase in MeHg output during the first year
after clear cutting when the mean MeHg concentrations were 1.3 times higher than before.
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TOC concentrations of runoff water correlated
positively with TotHg (r=0.66, p= 0.0001) but did not
correlate with MeHg (r=0.12, p=0.241). Consequently,
TOC may explain much of the increase in concentrations and outflow of TotHg, but cannot explain the
increase in MeHg. The elevated MeHg concentrations simultaneously with declining TOC and TotHg
concentrations during the second and third year after
clear cutting may indicate enhanced Hg methylation
activity in the catchment.
It is probable that changed hydrological pathways
due to soil treatment cause increased leaching of TOC
and DOC. Elevated amounts of particulate and dissolved humic matter may have led to increased TotHg
associated with humic substances. This change appears to be temporary and lasting only for 1–2 years.
It is not possible to distinguish between permanent
changes in hydrological pathways (causing long-term
increases in MeHg leaching) and methylation of soilbound Hg. In any case, since the MeHg effect is more
long lasting, the MeHg apparently either has a higher
mobility in the soil water or the enhanced environmental conditions (humidity, temperature increase, etc.)
favour Hg methylation.
Regeneration felling in boreal spruce stands normally
takes the form of clear cutting. The surplus of TotHg
and MeHg output loads from logged boreal forests might
result in elevated MeHg concentrations in fish in downstream lakes. At least a significant increase in the TotHg
and MeHg load from catchments to lakes for a number
of years is to be expected. Therefore the increased Hg
leaching may cause a large-scale problem as elevated
fish Hg levels in lakes of the boreal region where the
same forestry practices are in use.
In Finland the fish Hg levels in forest lakes have
remained at the same level since the 1980s (see section 1.4) and the TotHg deposition has at least halved
during the same period (see section 3.1). Levels in lakes
may not respond very quickly to declines in emissions
because previous deposition in the catchment area can
make the surrounding soils a continuing source. On the
other hand, there has been more felling of timber than
ever in Finland during the past few years. The volume
of timber fellings was 42 million m3 in 1980 and 56 million m3 in 2000 (Metsätilastollinen vuosikirja 2000). This
could be an explanation for the continuing problem of
elevated fish Hg levels in forest lakes.
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3.3.4 Comparison of total and methyl
mercury fluxes to boreal forest lakes with
different types of forest catchments
In order to compare the Hg fluxes to boreal forest lakes
with different soil properties and landuse, the available
data on catchment and deposition fluxes of TotHg and
MeHg were utilised (papers I, V, VI). Fluxes of TotHg
and MeHg were calculated for a hypothetical 1 km2
forest drainage lake with a 10 km2 catchment (Fig. 13).
Catchments in this exercise were 1) a mineral soil upland catchment with mature spruce stand, 2) a clear
cut upland catchment, 3) a mixed upland/peatland catchment (70% upland and 30% peatland of the total area)
and 4) a pure peatland catchment. Some observations
on input fluxes to lakes from catchments could be used,
but only few measurements on the output fluxes from
forest lakes were made in this study (paper I, IV, V,
VI). They included only drainage lakes with upland/
peatland catchments (KEHA and HAKO). No direct
measurements of TotHg cycling and in-lake Hg methylation were made. Therefore, the estimation of the
outflow from the lake and the in-lake methylation are
not included in this examination. Instead, a series of in
situ and laboratory experiments were conducted to compare potential rates of Hg methylation and demethylation in water, sediments, soils, flooded soils and seston
(see section 3.4). The bulk deposition of TotHg and
MeHg falling directly on the lake surface was assumed
to be the same for all sites. Mean annual bulk, throughfall and litterfall deposition figures from Janakkala (1995–
99) were used (unpubl.). The dry deposition (litterfall)
most probably differs between the catchments depending
on the vegetation but is the highest in forested catchments. In this simplified comparison exercise it was
assumed that the dry deposition on peatland was negligible. The same values of the Hg fluxes in the runoff
waters from upland and peatland catchments (0.03 and
0.20 g km-2 a-1, respectively) were used as in the modelling exercise in section 3.3.2.
For a 1 km2 lake the MeHg inputs from catchment
to the lakes were highest in peatlands. They exported
more MeHg than uplands or uplands with a minor area
of peatland (Fig. 13). Silvicultural treatment on upland
sites increased the MeHg flux by an order of magnitude to the same level as from peatland and mixed
upland/peatland sites. The soil type of the catchment
did not affect the TotHg export from catchments but
again the forestry practices (clear cut with soil preparation) multifolded the flux from upland and consequently the TotHg output flux from the treated site
exceeded those measured from all the other sites.
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The order of calculated inputs (g a-1) from different
10 km2 catchments to a 1 km2 forest lake were for
TotHg: treated upland (34) > peatland (13) ~ upland/
peatland (12) ~ upland (11) > bulk deposition (5.5) and
for MeHg: peatland (2.0) > treated upland (1.3) >
upland/peatland (0.8) > upland (0.2) > bulk deposition
(0.12).
In order to make real mass balance of TotHg and
MeHg for a forest lake, measurements of in-lake
methylation, emissions from soil, vegetation and lakes,
and Hg output as outflowing water from lakes should
be made. However, when considering the calculations
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based on available observations of Hg input sources,
it can be concluded that TotHg inputs to lakes as deposition and as runoff water from catchments with various soil properties are of the same magnitude but that
MeHg inputs vary more. The MeHg input from pure
upland catchment is close to the input as bulk deposition but in other type of catchments the share of runoff input of the total inputs is much larger.
In all of the presented hypothetical cases the catchments were sinks of TotHg but also sinks of MeHg
except the treated upland and peatland catchments (Fig.
13). In these mass balance estimates the emissions from

Fig. 13. TotHg/MeHg bulk (BD), throughfall (TF) and litterfall (LF) deposition and runoff fluxes (g a-1) for a hypothetical forest lake with an area of 1 km2 and a catchment area of 10 km2.
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soil were not included. Mason & Sheu (2002) estimated the evasion of Hg(0)from forest soil using an average flux of 24 g km-2 a-1. This value was based on the
data by Zhang & Lindberg (1999), which accounted
for soils being covered with snow in high latitude areas
in winter and for the area and distribution of forests
around the globe. Forests, via foliar exchange and other processes, can be both source or sinks for Hg(0)
(Mason & Sheu 2002). Various studies (e.g. Lindberg
1996, St Louis et al. 2001) have suggested that net
uptake of Hg(0) by vegetation in forests (dry deposition of Hg(0)) is comparable to that of wet deposition.
3.4 Lakes, soils and reservoirs as sources
of total and methyl mercury
3.4.1 Total and methyl mercury
concentrations, potential methylation and
demethylation in lakes
In the present study lakes KEHA, HAKO and IVA the
concentrations of TotHg in lake water varied between
5.5 and 9.6 ng l-1, 2.7 and 4.9 ng l-1 and 2.72 and 3.6 ng
l-1, respectively and MeHg between 0.38 and 6.0 ng l-1,
0.13 and 0.70 ng l-1 and 0.05 and 3.0 ng l-1, respectively
(paper I). Lake KEHA had the highest TotHg and
MeHg concentrations. There was only little variation in
TotHg concentrations between different sampling occasions and depth. The same phenomenon was true
for MeHg in lake HAKO but not for KEHA and IVA
(Fig. 14). Lake KEHA had extremely high MeHg concentrations (up to 6 ng l-1) during summer stratification
in the anoxic hypolimnion. At the same time very low
potential methylation was measured in the hypolimnion
of lake KEHA. Unfortunately, the methylation incubations were not performed in total anoxic conditions in
the study concerned (paper I). Therefore it cannot be
concluded whether the high MeHg concentrations in
the hypolimnion were due to net production of MeHg in
the anoxic layer of the water column or to other causes. Later, Verta & Matilainen (1995) performed more
experiments in the same lakes and concluded that both
MeHg transport through sedimentation from the epilimnion and MeHg formation in hypolimnetic water were
the primary sources of MeHg in the hypolimnion of the
lakes. Pigmented particles appeared to control most of
the MeHg in the oligohumic lake. The increase in hypolimnetic MeHg could not be explained by MeHg production in anoxic sediments. Moreover, measurements
by Matilainen (1995) showed that the methylation rates
in surface sediments of the same lakes were lower than,
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or at the same level as the hypolimnetic waters. Low
methylation rate in the oxic layers and at the oxic/anoxic boundary was a common feature for all lake profiles.
In lake KEHA, despite low temperatures, the potential demethylation in the water was as high in April
as during summer stratification in August, probably
due to intensive heterotrophic bacterial activity and/or
high concentrations of substrate (MeHg). This is in
contrast to the other two lakes, where an order of
magnitude lower demethylation potential was recorded during winter. The reason for the high MeHg concentrations in the water of lake KEHA is presumably
the flooding of the soils around the lake (due to a beaver dam) and subsequent high net MeHg production
in submerged soil. These results are in accordance
with findings reported by e.g. Bodaly et al. (1984),
Jackson (1991), Mucci et al. (1995), Bodaly et al.
(1997) from reservoirs in Canada.
The MeHg behaviour of the seepage lake IVA differed from that of the drainage lakes KEHA and
HAKO. With the exception of the winter stagnation,
MeHg levels in the epilimnion were clearly lower than
in the other two lakes. Potential methylation rates were
higher and demethylation lower in lake IVA profundal
sediments than in lake HAKO. Comparison of aerobic methylation/demethylation (M/D) ratios in lake
HAKO with anaerobic M/D in lake IVA showed a
20-fold higher net methylation potential in the latter.
This is consistent with the results of other studies (e.g.
Regnell and Tunlid 1991). Thus, the net methylation
of Hg in the anaerobic sediments of lake IVA may be
at least one reason for the differences in MeHg concentrations in the hypolimnion of these two lakes.
However, it must be noted that the anoxic potential
methylation incubations in that study were not performed in conditions of total anoxia (paper I).
Sedimenting material was collected using sediment
traps in lakes HAKO and IVA. In lake HAKO the
water from sediment traps contained about twice as
much TotHg and two to five times more MeHg (up to
2.5 ng l-1) as the water outside the trap. The dissolved
MeHg concentration in the trap was 1.12 ng l-1, representing 45% of the total MeHg, and exceeded the
level of dissolved MeHg in the epilimnion (0.36 ng l-1)
by 200%. At the time of sampling the traps had reached
anoxia, and had sulphide odour on the bottom, although
they were situated in an oxic epilimnion.
In lake IVA the total MeHg concentration in a sediment trap after seven weeks collection was 6.60 ng l-1.
Six weeks later an order of magnitude lower concentration, 0.66 ng l-1, was recorded. The dissolved and
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particulate MeHg were analysed in September, at a
time when autumn mixis had started. Particulate MeHg
represented about 60% of the total MeHg in the water
phase (0.09 and 0.15 ng l-1, respectively). In the sedimenting material particulate MeHg was more abundant, both in concentration and in the fraction of total
MeHg, representing 80% of the MeHg (0.54 vs. 0.66
ng l-1).
In lake IVA the sedimenting seston in the bottom
of the traps, as well as on the sediment surface was
bright green during the ice-free season. In contrast to
the other lakes, the whole water mass was penetrated by light. Nearly all the material in the traps was
presumably algae and/or photoautotrophic green bac-
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teria. The organic matter content varied from 71 to
85% in the trap material, and resuspension of old sediments was most probably of minor importance.
The results of lake IVA and HAKO indicate that
sedimenting particles (mainly algae) and anaerobic
sediments are important MeHg sources in the hypolimnion. Net methylation of Hg was also evident in the
water phase. The sampling/analysing methods used
did not support any conclusion on the MeHg production by photoautotrophic bacteria present in the anaerobic hypolimnion at layers of maximum concentrations.
A comparison of MeHg concentrations, potential
methylation and demethylation rates among the three
lakes suggests that the reasons for differences in the
hypolimnion MeHg concentrations may be differences
in methylation, but especially differences in MeHg
demethylation. The anoxic conditions in the hypolimnion appear to reduce both methylation and demethylation in the water phase, but to stimulate methylation in
sediments. As already mentioned above, the sedimenting material in MeHg transport from the epilimnion and
MeHg formation in hypolimnetic water were shown to
be the primary sources of MeHg in lakes IVA and
HAKO in later studies (Verta & Matilainen 1995). Sediment traps were not placed in lake KEHA and therefore no conclusions concerning the contribution of sedimenting seston to MeHg levels in hypolimnion could
be drawn.
In contrast to methylation, demethylation activity
in the water phase and at the sediment surface was
high during spring and autumn. Thus, in-lake demethylation may be efficient for longer periods during icefree seasons than methylation. The only lake with an
aerobic hypolimnion during both winter and summer
stagnations was lake HAKO, with a net loss of MeHg.
These findings further emphasise the importance of
demethylation.
3.4.2 Comparison of potential methylation
and demethylation rates in water, sediment
and soils

Fig. 14. Mean concentrations of MeHg, potential Hg
methylation and demethylation in epilimnion and hypolimnion water of lakes KEHA, HAKO and IVA.
Data: paper I.

The highest methylation rates were found in inundated soils, and the profundal and littoral sediments had
almost equally high methylation rates (Fig. 15). Peat
had one order of magnitude lower rates, and sedimenting seston and lake/runoff waters half or even lower
rates. Anoxic conditions both in sediment and in inundated soil favoured the methylation. The laboratory
experiment conducted with inundated soil material
(peat and humus) supported these results. Methyla-
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tion was highest in non-aerated vessels and MeHg
release from soil to water in anoxic conditions also
exceeded that in aerated vessels (Paper II). These
results are also in accordance with earlier studies on
flooded soils in the 1980s. Experiments with soils from
reservoirs showed increased Hg methylation rates
which resulted principally from utilisation of organic
substrates as nutrient substrates by methylating microbes, and creation of anaerobic or oxygen-poor conditions (Hecky et al. 1987, Jackson 1987). Methylation is widely accepted as an anaerobic process that
occurs in anoxic environments. However, methylation
also proceeds in aerated sediments and waters, although with lower yields (Choi et al. 1994, Barkay
2000).
The potential methylation rates in lake water were
much lower than in sediments and in soils. As the volume of lake water is considerably greater than that of
lake surface sediments and surface soils this may
emphasise the importance of the water column as a
methylating site. In the case of lake HAKO the volume of the hypolimnion is ca. 1000 times greater than
the volume of the surface sediment. This means that
a 1000-fold lower mercury methylation rate in the
hypolimnion than in surface sediment could produce
the same amount of MeHg directly to the water column.
As mentioned in the section 1.3.2 of this paper the
SRB has a very important role in Hg methylation. It
has been shown that Hg methylation is linked with
sulphate reduction and occurs in the anoxic sediments
and water column (Compeau & Bartha 1987, Ramlal
et al. 1993). Furthermore, waterborne MeHg maxi-

Fig. 15. Medians of potential Hg methylation rates in
soil, sediment, sedimenting material, epilimnion water and runoff water. Data: paper I.
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ma occur near the sulphate/sulphide transition zone,
providing a basis for hypothesising that a common
mechanism governs in situ MeHg production in both
the sediments and the water column (Watras & Bloom
1994). If this is the case the Hg methylating microbes
could migrate from sediments and spread out into anoxic water, and important methylation sites might move
with them (Watras & Bloom1994).
3.4.3 Methyl mercury production in
inundated soils (microbasin experiment)
The microbasin experiment showed that the flooding
of soils clearly increased the release of TotHg and
MeHg to water (paper II). TotHg levelled off at the
end of the experiment after 117 d of inundation. For
MeHg the levelling was less distinct. The water in the
humus soil vessel reached total anoxia 46 days after
flooding and remained oxygen-free to the end of the
experiment. There was a significant drop in oxygen in
the non-aerated peat vessel, but total anoxia in the
water was not reached. The methylation rates in flooded humus and peat without aeration exceeded those
in aerated vessels.
For humus, TotHg release clearly differed from the
release of MeHg. At first, the release of TotHg was
rapid but it remained at the same level. The increase in
MeHg concentrations was much slower. For peat, TotHg
behaved similarly to humus, but the release of MeHg
started much earlier along with methylation.
The high MeHg concentrations in the water of the
non-aerated humus vessel at the end of the experiment agree well with the high methylation activity in
humus. The maximum MeHg concentration (5.42 ng
l-1) was also recorded in the non-aerated peat vessel
at the time of maximum methylation in peat. The increasing concentrations of MeHg during the experiment and the positive correlations of MeHg with humic substances (colour) indicate significant net methylation in flooded soils. Aeration clearly decreased
methylation in humus, but also in peat. This negative
effect was not seen in methylation in the water phase,
which was as expected because anoxia was generally not reached during the first 46 d.
Extremely high MeHg concentrations measured in
lake KEHA, which was dammed by beavers (paper
I), support the results of the microbasin experiment.
After 1 year of the flooding of lake KEHA the mean
MeHg concentration in the epilimnion was 2.3 ng l-1
and reached up to 6.0 ng l-1 during summer stratification in the hypolimnion.
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Table 11. Output fluxes of MeHg to water from the flooded soils, from different catchments and from lake
KEHA.
Vessel/catchment
soil type

Location

Output flux of
MeHg
ng m-2 d-1

Reference

Humus
Aerated humus
Peat
Aerated peat
Mineral soil
Mineral soil/peat
Peat
Mineral soil/peat (Lake KEHA)
Upland/wetland
Inundated wetland (Reservoir 979)
Upland
Upland/riparian wetland
Upland/riparian wetland
Upland /headwater wetland

laboratory experiment
laboratory experiment
laboratory experiment
laboratory experiment
S. Finland
S. Finland
S. & C. Finland
Padasjoki, S. Finland
Gårdsjön, S.W. Sweden
ELA, S.W. Ontario, Canada
ELA, S.W. Ontario, Canada
ELA, S.W. Ontario, Canada
ELA, S.W. Ontario, Canada
ELA, S.W. Ontario, Canada

5.8 (45 d) 25 (117 d)
3.6 (45 d) 8.2 (117 d)
44 (45 d) 11 (117 d)
4 (45 d) 1 (117 d)
0.088
0.15–0.60
0.30–0.90
100
0.082
3.2
0.019
0.088
0.096
0.26

Paper II
Paper II
Paper II
Paper II
Paper V
Paper V
Paper V
Paper I
Hultberg et al. 1994, 1995
Kelly et al. 1997
St Louis et al. 1994, 1996
St Louis et al. 1994
St Louis et al. 1994, 1996
St Louis et al. 1994, 1996

The output fluxes from inundated soil material in the
microbasin experiment were 1 to 3 orders of magnitude higher than those measured in catchments containing mineral soil, mineral soil/peat and peat in southern and central Finland and south-western Sweden
(Table 11). When comparing the experimental results
with in situ measurements in flooded soils the differences were small. The microbasin experiment fluxes
were only 1.1 to 14 times higher than those measured
in experimentally flooded wetland in ELA and were
2.3 to 28 times lower than in the small pond lake KEHA
Thérien & Morrison (1999) obtained similar results
in their laboratory study made with different vegetation and soil types. The soil material used in both of
these experiments were humus and peat. In the one
year study by Thérien & Morrison (1999) some levelling of Hg release, was found particularly in the case
of MeHg. Thérien & Morrison (1999) concluded that
the release of Hg would be of short duration (< 1 year)
under constant conditions. However, the release of
Hg under field conditions is more likely to be cyclic in
nature and of longer duration. Even if significant quantities of Hg were released to the water column from
flooded vegetation and soils, this would not necessarily be seen as increased concentrations in the water in
large reservoirs. The contribution of Hg to the water
column could last for several years but would occur
only during a few months of the year when favourable environmental factors (e.g. temperature) exist and
the drawdown exposes new surfaces and subjects new
material to flooding (Thérien and Morrison 1999).
Cyclic release of Hg in the water column has also

been observed in experimental annual flooding of
wetland in ELA (Lake 979), Canada (Kelly et al.
1997). In contrast to large reservoirs a distinct increase
in TotHg and MeHg concentrations was detected during the few weeks after flooding in lake 979.
3.4.4 Methyl mercury concentrations of
water in reservoirs and flooded lakes
Flooding of a small pond and inundation of soils (microbasin experiment) increased potential Hg methylation and MeHg concentrations (papers I, II). These
results could imply that the MeHg concentrations in
water of man-made reservoirs are elevated at least
during the first years after flooding.
The flooded lake Keha exported 100 ng MeHg m-2
-1
a after 1 year of flooding, whereas a nearby unflooded lake (HAKO) retained about 12 ng MeHg m-2 (paper I). Input-output mass-balance budgets of MeHg
showed that Lake 979 in ELA exported approximately
200 ng MeHg m-2 a-1 prior to impoundment but 7000
and 5500 ng MeHg m-2 a-1 in the first and second years
after flooding (Kelly et al. 1997). However, increases
in concentrations and outputs should not be directly interpreted as measures of the net MeHg production in
reservoirs (Bodaly et al. 1997). Such increases represent only a small portion of the total inventory of MeHg
either in flooded vegetation, soils, peat or biota.
The elevated late summer MeHg concentration data
of Finnish reservoirs in Lapland (Lokka and Porttipahta,
27 and 24 years old, respectively) could still indicate
increased Hg methylation (Porvari & Verta 1998). On
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the other hand the high water level concentrations of
MeHg were at the same level as measured in pristine
lakes in Lapland. Reservoirs in Québec and Manitoba,
Canada between 12 and 24 years old had concentrations similar to those found in relatively pristine lakes,
as did 40-, 57-, and 90-year-old Wisconsin reservoirs
(USA) built on wetlands (Bodaly et al. 1997). These
data indicate that concentrations of MeHg in the water
of reservoirs begin to decline between 5 to 12 years
after impoundment. Many more studies have been conducted on Hg contamination of fish and the duration of
that phenomenon in reservoirs.
3.5 Total mercury concentrations of fish in
reservoirs
This section summarises the fish Hg concentrations
in Finnish reservoirs in the boreal zone and in a Brazilian reservoir (Tucuruí) in a tropical rainforest. The
Finnish reservoirs were flooded in 1964–1977 and have
been monitored for TotHg concentrations in fish since
1979. Tucuruí was flooded in 1984, and TotHg in fish
from the reservoir was analysed in 1990–91.
The fish in all newly flooded reservoirs - regardless
of the climatological zone - contained elevated concentrations of TotHg compared to fish of natural lakes (Table 12). The highest concentrations were recorded in
predatory fish. The maximum TotHg values in fish from
the Tucuruí reservoir were 4.4 mg kg-1 in piranha, 5.9
mg kg-1 in tucunaré and 2.6 mg kg-1 in pescada and from
Finnish reservoirs 4.1 mg kg-1 in northern pike, 2.6 in
perch and 2.1 mg kg-1 in burbot. The mean TotHg concentrations of all these fish species exceeded the levels
recommended by health authorities as upper limits for
fish for human consumption (0.5–1.0 mg kg-1). In Finland, even 20 years after flooding, the pike TotHg concentrations exceeded the upper limit for predatory fish
(1.0 mg kg-1) in some of the reservoirs and in Tucuruí
(6 years after flooding) 92 % of all predatory fish sampled had more than 0.5 mg kg-1, which was the safety
limit for fish consumption in Brazil at that time.
In Tucuruí, the highest Hg levels were recorded in
predatory fish (1.3±0.907 mg kg-1, n=113), intermediate levels in planktivorous (0.41±0.171, n=27) and
omnivorous fish (0.29±0.021 mg kg-1, n=60) and the
lowest in herbivorous fish (0.09±0.020 mg kg-1, n=7).
This pattern has also been evident in northern reservoirs, although food selection behaviour is not as clear
in northern fish species (Verta 1990). The results indicate that biomagnification of Hg is the main accumulation pathway and led to the highest TotHg concen-
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trations in species highest in the aquatic food chain.
Tucunaré proved to be a good indicator of Hg pollution in fish of the Tucuruí reservoir and northern pike
in Finnish reservoirs, because of the wide abundance
of these species in reservoirs and in downstream river systems.
Generally, fish TotHg concentrations in Finnish reservoirs exceeded those in natural lakes. The mean
TotHg concentrations in standardised 1 kg pike from
1989 to 1993 were 0.58 mg kg-1 in reservoirs and 0.45
mg kg-1 in reference lakes. Pike TotHg concentrations in reservoirs decreased with increasing reservoir age, decreasing organic matter content, and decreasing regulation intensity. The observations of fish
TotHg concentrations and mathematical models based
on water quality and regulation intensity in Finnish reservoirs showed that the TotHg concentrations in new
reservoirs have been up to 4 times higher than in natural lakes. When calculating regression between pike
TotHg concentration and reservoir age, the age of the
reservoir explained 49% of the variation in the TotHg
concentrations (Fig. 16). The highest concentrations
were measured in the newly flooded reservoirs. In
reservoirs 15 years old or more, Hg levels were in
most cases very similar to the background levels.
However, in two reservoirs over 20 years of age, the
1 mg kg-1 level in 1 kg pike was still exceeded. The
surface areas of these two reservoirs are small, both
are founded on peat soil, and both are very heavily
regulated. No pike individuals weighing more than 1
kg were caught in these reservoirs, which may indicate slow growth rate and thus high concentrations in
smaller individuals. However, the general trend in
TotHg concentrations of fish was decreasing when
comparing the early 1980s and 1990s (Table 12).
Hg concentration in northern pike was shown to
decrease with reservoir age (Fig. 16) in reservoirs in
boreal regions in Finland, and monitoring of fish Hg
concentrations has revealed a steady decrease since
the first results from the early 1980s (Table 12). Data
from the Tucuruí reservoir exist only from 1990–91,
and do not allow any conclusions concerning Hg levels in fish during the first years after impoundment.
After the study in 1990–1991 (paper IV), two fish
sampling campaigns were organised by the Federal
University of Rio de Janeiro, Brazil (Olaf Malm, pers.
communication). The data from these campaigns
showed a distinct decrease in concentrations of TotHg
in predatory fish in the reservoir area but not downstream from the reservoir. The fish TotHg levels in
the Tucuruí reservoir in 2000–2001 were ca. half of
those measured in 1990–1991. Only 26% of tucunaré
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Table 12.The mean TotHg concentrations (mg kg-1) of standardised 1 kg pike in Finnish reservoirs1) 3), and in
700 g tucunaré and pescada in the Tucuruí reservoir2) 4). Data: papers III, IV, unpubl.
Reservoir

Flooded

Species

year
Hirvijärvi
Kalajärvi
Kivi- ja levalampi
Hautaperä
Venetjärvi
Lokka
Porttipahta
Tucuruí

1973
1977
1977
1975
1965
1967
1970
1984

n
Northern pike
Northern pike
Northern pike
Northern pike
Northern pike
Northern pike
Northern pike
Tucunaré
Pescada

1980-831/1990-912
TotHg
>0.5 mg kg-1
mg kg-1
%

36
94
13
19
29
159
184
65
33

samples and 36% of pescada were above the old Brazilian safety limit of 0.50 mg kg-1 TotHg. Today the
Brazilian maximum allowable Hg level for fish is 1.0
mg kg-1. Very little information is available on background concentrations of the species studied, but the
concentration of TotHg in tucunaré in Tucuruí is probably close to that measured in the same fish species
background areas in Amazonia (Castilhos et al. 2001).
Consequently, the decline of TotHg concentrations
in the Tucuruí reservoir appears to be similar that occurring in northern reservoirs. The TotHg concentrations have returned to near natural levels in 16 to 17
years. On the other hand, it could be expected that the
Hg load due to gold mining activities might have affected the fish Hg concentrations in Tucuruí. The studies
by Aula et al. (1995) showed no increase in the Hg
concentrations of surface soils around the reservoir.
They also calculated that 235 kg a-1 of Hg was accumulating in the reservoir as suspended solids. However, it appears that the Hg load has diminished in recent
years. The reduced contamination was seen not only in
lower Hg concentrations in fish from the main reservoir, but also in fish upstream of the reservoir. At least
the Hg levels in pescada have halved ten years in upstream of the reservoir at Marabá, ca. 150 km downstream from the huge goldmining site of Serra Pelada.
The TotHg concentrations in piscivorous fish downstream of the reservoir were higher in a recent study
(Olaf Malm, unpubl.) than ten years earlier (paper IV).
The question why the Hg levels have even increased
downstream of the Tucuruí reservoir during the past 10
years and are higher in the main reservoir remains open
without further studies on the feeding habits of fish and
on MeHg concentrations in water.

1.6
1.6
1.9
0.78
1.3
0.47
0.73
1.0
1.1

100
100
100
68
100
86
93
100
100

n
10
27
30
5
12
39
34
103
137

1990-933/2000-014
TotHg >0.5 mg kg-1
mg kg-1
%
0.54
0.73
0.89
0.37
0.64
0.29
0.41
0.51
0.47

70
89
93
0
92
5
3
26
36

The duration of the elevated Hg levels in fish in
Ostrobothnian reservoirs seems to be identical in Canadian reservoirs in Manitoba, for 1 kg pike 15 to 30
years (Fig. 17a, 17c). In Québec (Canada), concentrations of Hg in non-piscivorous and piscivorous fish
increased rapidly after impoundment, peaking after 5
to 9 years in non-piscivorous and after 10 to 13 years
in piscivorous species (Schetagne & Verdon 1999).
Observations in reservoirs of northern Québec and
Labrador, Canada show that Hg levels in lake whitefish return to natural levels 10 to 25 years after impoundment. Concentrations in pike have returned to

Fig. 16. Relationship between reservoir age and
TotHg concentration in standardised 1 kg fish. Each
plot represent weight standardised fish Hg concentration of a given year from one reservoir. Dark plots are
observations from Finnish reservoirs and open plots
from Tucuruí. Data: papers III, IV and Olaf Malm, unpubl.
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within the range of concentrations measured in natural lakes in all reservoirs older than 20 to 30 years
(Schetagne & Verdon 1999). The pike Hg data of
northern Québec and Labrador is calculated for a pike
of 700 mm length, which weighs ca. 2 kg (Fig. 17b).
Therefore, direct comparison with 1 kg pike data from

Monographs of the Boreal Environment Research No. 23

Finland and Manitoba is not possible. However, it can
be estimated that the duration of the pike Hg contamination is approximately the same for all of these reservoirs. Moreover, it can be concluded that the Hg
contamination in fish succession appears to be similar
in Finnish, Canadian and Tucuruí reservoirs.

Fig. 17. TotHg concentrations of size standardised pike in Finnish (a) and Canadian (b, c) reservoirs. Grey bars
indicate the TotHg levels (mean ± S.D.) found in reference lakes. Data: paper III (a), Roger Schetagne, unpubl.
(b) and Drew Bodaly, unpubl. (c).
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Table 13. The TotHg concentrations (mg kg-1) of human hair in persons consuming fish from reservoirs. Data:
Verta et al. (1996)
Reservoir

Lokka
Porttipahta
Kivi- ja levalampi
Venetjärvi
Kalajärvi
Hirvijärvi
Hautaperä

n

1980
mean
mg kg-1

> 6 mg kg-1
%

8
11
14
–
10
6
11

7.3
9.0
14
7.1
11
14
10

100
100
66
–
100
66
82

n

1981
mean
mg kg-1

> 6 mg kg-1
%

8
11
14
–
10
6
11

5.5
5.1
2.7
–
5.1
6.6
4.3

44
100
11
–
29
66
25

3.5.1 Fisheries in reservoirs with mercury
contaminated fish
There are some 2 500 registered fishermen at the Tucuruí reservoir (2 430 km2). According to official statistics, the total catch was 1 400 t in 1986. However,
the actual number of fishermen and also the catch
size are probably much higher. Approximately 50 000
people in this area depend on fishing as a principal
natural resource. Half of the catch consists of tucunaré and it is the most important dietary species in the
reservoir. Most of the catch is transported for sale to
Belém, the capital of the Pará state in the delta of the
Amazon.
About 4 800 subsistence fishermen are located at
the two largest northern reservoirs in Finland (Lokka
417 km2 and Porttipahta 214 km2) and some 70 families get their main income from fishing. The total catch
in 1990 was 423 t, of which the commercial catch
was 354 t. Whitefish (Coregonus peled Gmelin) had
the main share (253 t) of the commercial catch. Predatory fish consisted of one quarter of the catch (83 t).
Subsistence fishing is also popular in the smaller reservoirs, but the number of residents exposed to Hg
from fish is lower, in the order of a few thousand. No
regular statistics of the annual catch from these reservoirs are available.
3.5.2 Human exposure to mercury from
reservoir fish
After recognising the fish Hg problem in newly flooded reservoirs in Finland in the early 1980s, a survey of
human hair Hg concentrations was performed in 1980–
1981 (Alfthan et al. 1983). Sampling was focused on
individuals consuming high quantities of reservoir fish

n

1994
mean
mg kg-1

> 6 mg kg-1
%

8
13
16
15
13
–
–

2.3
3.9
2.5
3.3
5.0
–
–

13
31
6
20
38
–
–

for food. Human hair Hg concentration exceeded on
average the level of 6 mg kg-1 in all seven reservoirs
studied in 1980 (Table 13). On the basis of these results, people were recommended to avoid excessive
use of fish from the reservoirs. Moreover, the sale of
fish with MeHg concentration in excess of 1 mg kg-1
was forbidden in late 1980. The effect of these restrictions was a decrease in human Hg exposure,
which is revealed in clearly lower human hair Hg concentrations in 1981 compared to 1980 (Table 13). The
restrictions have since remained in force. However in
1994, after 14 years of restricted use of fish, from 6 to
38% of the people consuming reservoir fish still exceeded the level of 6 mg kg-1 (Table 13). In 1990–91
about 50% of individuals studied had more than one
fish meal per week, but only a small fraction of them
(9%) had daily fish meals.
The highest human hair Hg concentrations (maximum 240 mg kg-1) were recorded in the Tucuruí reservoir, apparently due to a higher fish consumption
(up to 14 meals per week) than in northern areas (Table 14). A total number of 72 human hair samples were
collected from individuals using reservoir fish for food.
45 of them were fishermen living at the shores of the

Table 14. The TotHg concentrations (mg kg-1) of human hair in persons consuming fish from the Tucuruí
reservoir. Data: Aula et al. 1994.
Area
n
Main reservoir
Tucuruí city
Caraipé side basin
All data

45
16
11
72

Mean
mg
kg-1
65
37
31
54

SD
mg
kg-1
58
21
19
50

Range >50 mg
mg
kg-1
-1
kg
%
6-240
11-64
14-74
6-240

51
38
18
43
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main reservoir. All of the individuals sampled had resided at least 1 year at the area and the average number
of weekly fish meals was 14. Mean Hg concentration
in the hair was 54 mg kg-1 (Table 14). The subgroup
of fishermen had even higher Hg concentrations in
hair, the mean value being 65 mg kg-1. The main fish
species used for food were predatory fish, mostly tucunaré and pescada.
Estimates show that for a 60-kg man to reach a
hair Hg concentration of 50 mg kg-1, 0.3 mg Hg must
be ingested daily (Swedish Expert Group 1971). In
the Tucuruí reservoir, daily use of 330 g of local fish
(e.g. tucunaré) is sufficient to produce this exposure,
and consequently explain the high concentrations of
Hg in human hair.
In 1990 the World Health Organization stated that
adults with a Hg load corresponding to 50 mg kg-1 of
Hg in hair will have a low but significant risk (5%) of
neurological damage (WHO 1990). Since that time
there has been debate regarding the relative sensitivity of the fetus to Hg compared to adults. The fetus is
more sensitive, and psychomotor retardation has become detectable with maternal hair concentrations as
low as 20 mg kg-1 during pregnancy (Clarkson 1990,
WHO 1990). The WHO expert committee noted that
a 5% risk may be associated with a peak Hg level of
10 to 20 mg kg-1 in maternal hair. In the late 1990s and
early 2000s there have been global and North-American scale assessments of Hg. These assessments
have shown that there are indications of toxic effects,
especially to fetus and young children, even at very
low levels of human contamination.
Although the fish Hg levels in Tucuruí have dramatically decreased in ten years there still exists a potential
health hazard among people using predatory fish as
food. To reduce the amount of Hg obtained from food,
the use of fish (especially predatory fish) as alimentation in the Tucuruí area should be restricted. This will
be a difficult task, however, since fish is the main source
of protein, especially for the fishermen’s families. For
economic reasons a change of diet to meat is not possible. Advice could be given to people to use non-predatory fish. It is uncertain, however, whether the amount
of non-predatory fish in the reservoir could sustain the
present human population in the area.
Special concern is related to obtaining a balanced
assessment of the risk to aboriginal people (Wheatley
and Paradis 1995). Fish and wildlife are vital components of the diet of many native people and also an
integral part of the culture, lifestyle and socio-eco-
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nomic well being. The decision to advise them not to
eat fish because of high levels of MeHg cannot be
made lightly. The impact of similar policies has been
catastrophic in some cases in Canada, due to incomplete information and sensational media stories.

4 Conclusions
Since the onset of the industrial period, anthropogenic
Hg emissions have led to increased Hg deposition and
further accumulation of Hg in soil. The first reliable
Finnish data showed that the atmospheric deposition
of TotHg has more than halved since the 1980s in
southern Finland but has remained at the same level
until the year 2000. The reduction was most probably
due to major Hg emission reduction in Central and
Eastern European countries. As a part of this work
MeHg deposition monitoring started in the mid 1990s
at one monitoring station in southern Finland. During
1995–1999 TotHg and MeHg deposition remained unchanged at that station.
Because of the vast storage of Hg in soils, the forest soil has a determining role as a Hg and MeHg source
and Hg methylation site for forest drainage lakes (lakes
with a large catchment area compared to the lake area)
and reservoirs in boreal forest ecosystems. Hg is accumulated due to atmospheric deposition in the organic
rich topsoil layers of the forest soils. Results of soil inundation studies showed that flooding of soils led to TotHg
and MeHg release to the water column. Inorganic Hg
from soils may be further methylated and accumulated
in aquatic organisms. Degradation of organic matter in
the flooded soil is the driving force in the process, which
transfers inorganic Hg to organic form, MeHg. Both in
vivo and in vitro studies strongly indicated that flooding
of organic forest soil, containing humus and peat, releases TotHg and MeHg and enhances Hg methylation. MeHg concentration measurements and soil incubation experiments indicated that anoxic conditions favour Hg methylation.
Catchments largely determine the Hg input flux to
forested drainage lakes in boreal ecosystems. Hg and
MeHg are transported from the soils of the catchment
via runoff waters. The catchment studies showed that
hydrological characteristics, soil quality and land use in
the catchment area affect the export of Hg from the
catchment. The Hg input from the catchment area to
drainage lakes is the most considerable. The studies on
Hg fluxes from boreal forest catchments showed only
little variation in TotHg concentrations and output flux-
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es in runoff waters from upland (mineral soil), mixed
upland/peatland and peatland catchments. MeHg concentrations and fluxes varied more among the catchments. Clearly the highest MeHg concentrations and
output fluxes came from the pure peatland and the lowest
in upland or upland with only a minor area of peatland.
This indicates more effective MeHg production in peatlands than in uplands.
In addition to the external input of MeHg (runoff
waters and atmospheric deposition), MeHg is also
produced in lakes through Hg methylation in sediments
and in water columns. By using radiolabelled incubation methods it was demonstrated that the potential
rates of methylation in the water column are much
lower than in sediments and soils. However, due to
the large volume of the water column of lakes compared to surface sediments, significant amounts of
MeHg can be produced in water and released directly to the lake water.
Runoff waters from an upland mineral soil catchment with a mature spruce stand were monitored for
several years before and after silvicultural treatment.
The treatment had drastic effects on hydrology and
Hg cycling. The water discharge and TotHg and
MeHg release from the soil were clearly increased.
This experiment showed that clear cutting with soil
preparation can increase the output fluxes of TotHg
and MeHg by increasing runoff and enhancing the
TotHg and MeHg release from the soils of the catchment. There was strong evidence that the effects of
silvicultural treatments on TotHg and MeHg output
fluxes from boreal forest catchments may last several years. In recent years there has been extensive
felling of timber in Finland. This may cause elevated
fish Hg levels in wide areas with forest lakes. The
extensive fellings may also explain why the TotHg levels of fish in Finnish forest lakes have remained unchanged since the 1980s. These consequences may
also be seen in other boreal regions where the same
silvicultural practices are in use. The present information is not sufficient to enable overall estimates of
the role of forestry activities in MeHg loading to freshwater ecosystems. However, the results are alarming
enough to necessitate further studies of this phenomenon.
The Hg store in soil also causes problems when
flooding the soil in a large scale, i.e. when constructing
man-made lakes (reservoirs). In boreal and tropical
areas constructing of small to large reservoirs (up to
several thousand km2) mostly for hydropower and flood
control purposes has led to flooding of former forest
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sites. Forest soils contain a vast store of natural and
anthropogenically deposited Hg. Therefore methylation
of only a minor part of the Hg stored in soil may lead to
major increases of MeHg concentrations in water and
biota. Although only little of the potential Hg storage in
soil is methylated when flooding the soil, Hg is progressively methylated and further bioaccumulated in aquatic organisms. In the present work this accumulation was
observed as elevated Hg concentrations in fish (especially predatory fish) both in northern and tropical reservoirs. In the beginning of the 1990s the mean TotHg
concentrations in 1 kg pike from Finnish reservoirs were
0.58 mg kg-1 and 0.45 mg kg-1 in reference lakes. The
fish Hg concentrations peaked during the first years
after flooding both in northern (Finland) and in a tropical (Amazonia, Brazil) reservoirs, generally exceeding
the safety limits for human consumption of fish. The
use of predatory fish species, tucunaré and pescada, as
indicators of Hg contamination was introduced in the
Brazilian reservoir. These species were abundant
throughout the reservoir and accounted for most of the
commercial catch. The weight of both species correlated positively and significantly with TotHg concentration and therefore the weight standardised TotHg concentrations could be used for Hg contamination monitoring. In the early 1990s in the Brazilian reservoir there
was a very high risk of toxic effects of Hg as the fish
was the only protein source for tens of thousand of
people. The risk still exist when utilising mainly predatory fish for food from this reservoir The health risk
from Hg contamination has also been true for the large
reservoirs in Finnish Lapland and some Ostrobothnian
reservoirs in the 1970s and 1980s. Restrictions of predatory fish consumption were also needed for those Finnish reservoirs. The observations from Finnish and Brazilian reservoirs showed that the duration of the phenomenon of Hg contaminated fish in reservoirs can last
15–30 years. Pike Hg concentrations in Finnish reservoirs decreased with increasing reservoir age, decreased
organic matter in water, and reduced regulation intensity. The Hg contamination in fish succession appears to
be similar in boreal and tropical reservoirs.
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Yhteenveto
Metyylielohopea on suurin elohopean aiheuttama
terveysongelma. Kalojen kohonneita metyylielohopeapitoisuuksia voi esiintyä kaukanakin päästölähteistä.
Elohopean leviämiseen vaikuttavat monet luonnon ja
ihmistoiminnan lähteet ja prosessit. Elohopea leviää
tehokkaasti ilman kautta koko maapallolla, mikä on
johtanut lisääntyneeseen laskeumaan ja maaperän
saastumiseen myös boreaalisella vyöhykkeellä. Paitsi
fossiilisten polttoaineiden käyttö, myös tekoaltaiden rakentaminen aiheuttaa elohopeasaastumista. Altaiden
rakentamisen seurauksena epäorgaaninen elohopea ja
orgaaninen aines lähtevät liikkeelle maaperästä ja kasvillisuudesta johtaen elohopean lisääntyneeseen metylaatioon ja edelleen kertymiseen metyylielohopeana
kaloihin.
Ihmiset altistuvat metyylielohopealle pääosin kalaravinnon kautta. Metyylielohopea on hermomyrkky
ja erityisen vaarallinen sikiöille ja pienille lapsille. Metyylielohopean saanti kalaravinnosta on merkittävä
ongelma erityisesti boreaalisella ja arktisella alueella.
Laajoilla kansainvälisillä päästövähennyssopimuksilla
sekä kansallisilla ohjelmilla mm. Yhdysvalloissa, Kanadassa ja Ruotsissa on pyritty vähentämään elohopean
ihmiselle aiheutuvia haittoja.
Tässä työssä käytettiin aineistona vuosina 1990–
2003 tehtyjen tutkimuksien tuloksia elohopealaskeumasta Etelä-Suomessa, erilaisilta metsävaluma-alueilta (8 valuma-aluetta) tulevien vesien elohopeapitoisuuksista ja -kuormista, järvistä (3 järveä) mitatuista
elohopeapitoisuuksista ja potentiaalisista elohopean
metyloitumisnopeuksista sekä trooppisen ja boreaalisten tekoaltaiden (1 ja 36 tekoallasta) kalojen elohopeapitoisuuksista. Suomen tekoaltaiden kalojen elohopeatutkimuksessa hyödynnettiin myös seuranta-aineistoja vuosilta 1979–1994.
Kokonaiselohopealaskeuma on vähentynyt EteläSuomessa 1980 -luvun lopun tasosta noin 50%.
Kokonais- ja metyylielohopealaskeuma on pysynyt samalla tasolla 1990 -luvun puolivälistä 2000 -luvun alkuun. Boreaalisessa ekosysteemissä maaperän suuresta elohopeavarastosta johtuen metsämaalla on keskeinen merkitys metsäjärville ja tekoaltaille epäorgaanisen ja orgaanisen elohopean lähteenä ja elohopean
metyloitumispaikkana. Ilmalaskeumasta peräisin oleva
elohopea on kertynyt pääasiassa metsämaan orgaaniseen pintakerrokseen.
Boreaaliseen metsäjärveen tuleva elohopeakuorma
riippuu valuma-alueelta peräisin olevasta elohopeasta,
jos valuma-alueen pinta-ala on suuri järven pinta-alaan
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verrattuna. Erilaisilta metsävaluma-alueilta tulevat
kokonaiselohopeakuormat vaihtelevat muutoin hyvin
vähän, mutta soiden osuuden kasvaessa valuma-alueen
pinta-alasta metyylielohopean osuus kuormasta kasvaa.
Ilmiö osoittaa, että metyylielohopean tuotanto eli metylaatio soilla on mineraalimaihin verrattuna korkeampi.
Usean vuoden seurantatutkimuksessa todettiin päätehakkuun ja maanmuokkauksen lisäävän pieneltä kuusivaltaiselta valuma-alueelta lähtevää kokonaiselohopeaja metyylielohopeakuormaa merkittävästi. Tulokset
osoittavat, että metsänhoitotoimenpiteet voivat lisätä elohopean liikkeelle lähtöä maaperästä ja siten kasvavaa
lisäkuormaa alapuolisiin järviin.
Järviin tulevan ulkoisen kuormituksen (valumavedet
ja ilmalaskeuma) lisäksi metyylielohopeaa syntyy järvien sedimentissä ja vedessä. Radioaktiivisia isotooppimenetelmiä käyttämällä, voitiin osoittaa sedimentin
metylaationopeuksien olevan moninkertaisia järviveteen
verrattuna. Vedessä tapahtuva metylaatio voi kuitenkin
olla merkittävää vesimassan suuren tilavuuden vuoksi.
Sekä laboratoriokokeet että kenttähavainnot osoittivat veden alle joutuneen metsämaan vapauttavan humuksesta ja turpeesta epäorgaanista elohopeaa ja orgaanista metyylielohopeaa veteen ja lisäävän elohopean metyloitumista. Hapettomat olot nostivat metyloitumisnopeutta. Tekoaltaiden rakentaminen lisäsi elohopean
metylaatiota ja johti kohonneisiin elohopeapitoisuuksiin
kaloissa. Kohonneita elohopeapitoisuuksia, etenkin
petokaloissa, mitattiin niin trooppisessa (Amazonia, Brasilia) kuin boreaalisissakin (Pohjanmaa, Lappi) tekoaltaissa. Brasiliassa 92 % petokalojen elohopeapitoisuuksista ylitti turvarajan 6 vuotta altaan täyttämisen
jälkeen. Joissakin Suomen tekoaltaissa haukien pitoisuudet ylittivät syötävälle kalalle asetetun rajan vielä 20
vuotta rakentamisen jälkeen. Vertailu Suomesta, Kanadasta (Manitoba, Québec ja Labrador) ja Brasiliasta
saatujen tulosten välillä osoittaa, että tekoaltaiden elohopeasaastuminen etenee samalla tavalla sekä boreaalisella että trooppisella vyöhykkeellä.
Tämän väitöskirjan tulokset tuottivat uutta tietoa elohopean käyttäytymisestä ja kierrosta elohopeaa koskevan ympäristöpoliittisen päätöksenteon tueksi. Valuma-alueen osoitettiin selvästi olevan tärkeä metsäjärvien metyylielohopean lähde. Metsänhoitotoimenpiteiden vaikutus valuma-alueelta liikkeelle lähtevään elohopeaan vaatii lisätutkimuksia. Tekoaltaiden ilmastovyöhykkeestä riippumaton, pitkäkestoinen elohopeasaastuminen on johtanut petokalojen syönnin rajoituksiin alueilla, joilla kalaa käytetään runsaasti ravintona.
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